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Comprendre la distribution spatiale de la diversité biologique et identifier les facteurs et 
processus qui la déterminent est primordial pour répondre à des questions fondamentales et 
appliquées. Dans les réseaux hydrographiques de type dendritique, de nombreuses études ont 
montré les effets de facteurs comme la connectivité ou la topologie dans la mise en place de patrons 
de diversité particuliers, mais seulement quelques rares études se sont intéressées aux patrons de 
diversité génétique dans ces milieux. 
L’objectif global de ma thèse était de caractériser la distribution spatiale de la diversité 
génétique neutre des organismes qui vivent dans des réseaux dendritiques. L’accent a été mis sur (i) 
l’identification et la description de patrons spatiaux de diversité génétique, (ii) la caractérisation de 
processus historiques et/ou contemporains qui génèrent et maintiennent ces patrons de diversité, et 
(iii) l’exploration des conséquences analytiques induites par ces patrons et processus du point de 
vue de la conservation de la biodiversité. 
Dans un premier temps, nous avons démontré l’existence d’un patron spatial de diversité 
génétique dans les réseaux hydrographiques selon lequel la diversité génétique augmente le long du 
gradient amont/aval. Nous avons ensuite identifié à l’aide de données génétiques simulées le rôle de 
trois processus dans la mise en place de ces patrons : (a) l’asymétrie de flux de gènes biaisée vers 
l’aval, (b) les différences de taille efficace entre populations aval/amont, et (c) les processus de 
colonisations historiques. 
Dans un second temps, nous avons caractérisé les patrons de diversité génétique de quatre 
espèces sympatriques de poissons d’eau douce (i.e. Gobio occitaniae, Squalius cephalus, Barbatula 
barbatula et Phoxinus phoxinus) dans l’ensemble du bassin versant de la Garonne, afin d’identifier 
les principaux avantages et inconvénients à utiliser des données génétiques multi-spécifiques pour 
définir et évaluer des zones de conservation prioritaires. 
Dans un troisième temps, nous avons exploré les conséquences analytiques de l’asymétrie 
de flux de gènes sur l’inférence des histoires démographiques des populations. Ainsi, nous avons 
démontré que l’asymétrie de flux de gènes peut induire la détection de faux signaux d’expansion 
démographique, notamment lorsque deux méthodes d’inférence de changements démographiques 
(i.e. Msvar et Bottleneck) sont utilisées. 
Finalement, nous avons appliqué ces méthodes sur des données génétiques d’une espèce 
menacée de poisson (i.e. le toxostome Parachondrostoma toxostoma) pour montrer l’intérêt en 
biologie de la conservation de combiner ce type de méthodes à des analyses basées sur des suivis 





Describing and understanding the spatial distribution of biological diversity and identifying 
the factors and processes that determine it is primordial for addressing both fundamental and 
applied issues. In dendritic river networks, it is well known that many factors such as connectivity 
or topology can affect spatial patterns of diversity at the species and community levels, but only 
very few studies have focused on spatial patterns of genetic diversity and the underlying factors that 
may generate them. 
In this context, the global objective of my thesis was to describe and understand the spatial 
distribution of neutral genetic diversity of organisms that live in dendritic river networks. I put the 
emphasis on (i) identifying and describing spatial patterns of genetic diversity, (ii) characterizing 
historical and/or contemporary processes that generate and maintain genetic diversity in dendritic 
river networks, and (iii) exploring some analytical consequences that can be induced by these 
patterns and processes when addressing conservation issues. 
We first show that a spatial pattern of increase in genetic diversity downstream (IGDD) 
actually holds in dendritic river networks. We then used simulated genetic data to explore the 
effects of three potentially interacting processes on the generation of IGDD: (a) downstream-biased 
asymmetric gene flow, (b) differential of effective population sizes along the upstream-downstream 
gradient and (c) upstream-directed colonization.  
Second, we described the spatial patterns of genetic diversity of four sympatric freshwater 
fish species (i.e. Gobio occitaniae, Squalius cephalus, Barbatula barbatula and Phoxinus phoxinus) 
that have been sampled at a whole river basin scale (Garonne river basin). We then analyzed this 
data to highlight the strengths and caveats of using range-wide multi-specific genetic data to 
evaluate the efficiency of existing protection areas for preserving the evolutionary potential of these 
species, and for proposing new complementary protection areas. 
Third, we explored the analytical consequences induced by asymmetric gene flow to 
demographic history inference methods. Through the analysis of empirical and simulated genetic 
data, we demonstrated that asymmetric gene flow may generate spurious signals of demographic 
expansion, notably when two specific past demographic change inference methods are used (i.e. 
Msvar and Bottleneck). 
Finally, we applied these inference methods to data from a threatened freshwater fish 
population (i.e. Parachondrostoma toxostoma) to illustrate how combining genetic analyses with 
statistical analyses based on data from long-term demographic monitoring programs can improve 
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Ce document de thèse débute par une introduction générale rédigée en français ; elle 
est suivie par quatre chapitres présentés sous forme d’article scientifique en anglais, puis 
d’une conclusion générale en français. En fin de document, sont proposés à la lecture trois 
chapitres annexes sous forme d’article scientifique en anglais. Le matériel supplémentaire 
relatif à chaque chapitre est mis à disposition à la fin de chaque chapitre. 
 
L’introduction générale a pour objectif de situer la thèse dans le contexte des 
sciences biologiques actuelles, notamment des disciplines de l’écologie, de la génétique des 
populations et de la biologie de la conservation. 
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proposé à un journal durant le mois à venir. Cette version n’a pas encore été présentée à la 
relecture des co-auteurs. 
Le chapitre III a été publié en 2013 dans le journal Molecular Ecology. 
Le chapitre IV a été publié en 2013 dans le journal Ecology and Evolution. 
Simon Blanchet et Géraldine Loot sont les directeurs de cette thèse, et co-auteurs de 
tous les articles présentés, à l’exception de l’annexe 3. Ils ont contribué aux 
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chapitres II et IV. 
 
Les annexes sont proposées à la lecture en complément des chapitres principaux de 
cette thèse. 
L’annexe 1 est un commentaire d’un article publié par Francesco Carrara et ses 
collaborateurs en 2012, dans le journal Proceedings of the National Academy of Sciences of 
the USA (http://www.pnas.org/content/109/15/5761.full.pdf). Ce commentaire, ainsi qu’une 
réponse de la part des auteurs de l’article original, ont été considérés pour être publiés mais 
n’ont finalement pas été retenus par l’éditeur. Néanmoins, j’ai jugé que l’intégration de ce 
commentaire dans ma thèse était pertinente, car elle apporte des éléments supplémentaires 





L’annexe 2 est actuellement soumise pour publication dans le journal Molecular Ecology. 
Olivier Rey, Lisa Fourtune et moi-même sommes les auteurs principaux. Géraldine Loot, 
Charlotte Veyssière et Benjamin Roche sont respectivement 4ème, 5ème et 6ème auteurs. 
Simon Blanchet est le dernier auteur. C’est un article qui présente des résultats obtenus 
grâce à des méthodes inférentielles, permettant de retracer la dynamique spatio-temporelle 
d’un ectoparasite de poisson d’eau douce qui a récemment envahi les rivières françaises. La 
méthodologie utilisée pour générer les données simulées de cet article est basée sur celle 
développée dans le chapitre I. 
L’annexe 3 est un article en révision avant publication dans le journal Freshwater Biology. 
Il est le fruit d’une collaboration avec onze chercheurs européens que j’ai rencontré lors de 





 « Symposium for European Freshwater Sciences », célébrés en 2011 à 
Gironne (Espagne) et en 2013 à Münster (Allemagne). Steffen Pauls et Michael Monaghan 
sont respectivement premier et dernier auteurs. Tous les autres co-auteurs, moi y compris, 
sommes classés par ordre alphabétique. Dans cet article, nous faisons une synthèse non 
exhaustive des derniers développements en écologie moléculaire, en identifiant notamment 
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Comment la biodiversité qui nous entoure se distribue-t-elle dans l’espace ? Quels sont les 
processus qui déterminent les patrons de diversité biologique observés ? Comment des 
patrons et des processus particuliers peuvent affecter l’efficacité des outils d’analyse 
statistique ? Comment, l’homme, à quelque échelle qu’il soit, peut agir pour la 
conservation de cette diversité ? 
Autant de questions qui préoccupent les chercheurs actuellement… 
 
La thèse que j’ai menée ces dernières années et que je vous présente ici s’intéresse à 
la distribution de la diversité génétique dans les réseaux dendritiques, ainsi qu’aux 
processus qui la déterminent et à leurs conséquences théoriques et pratiques dans le 
domaine de la génétique des populations et de la conservation. Je me suis intéressé plus 
précisément à la diversité génétique des organismes aquatiques d’eau douce, à la fois de 
façon théorique et empirique. 
Afin de bien replacer mes travaux de thèse dans le contexte des sciences biologiques 
modernes, je propose en premier lieu au lecteur un retour dans l’Histoire des Sciences du 
Vivant, autrement dit, dans l’Histoire de la Biologie. L’accent de cet historique a été mis 
sur l’évolution de notre façon d’appréhender la diversité du Vivant, ainsi que sur la 
construction progressive du concept de biodiversité. S’en suivra une description générale 
des divers concepts et notions qui seront abordés tout le long de cette thèse, puis viendra la 
présentation des recherches que j’ai conduites ces dernières années. Pour conclure, je 
finirais cette introduction par un aperçu des perspectives qui découlent de mes travaux. 
 
À travers cette thèse, j’ai eu l’occasion d’apporter mon humble contribution à 
certaines grandes problématiques en Écologie, Génétique des populations et Biologie de la 
conservation. 
J’espère qu’à la lecture de ce manuscrit vous pourrez ressentir le plaisir que j’ai eu 
à mener à bien mes recherches. 
 
Je vous souhaite une bonne lecture, 








La naissance d’un concept n’intervient pas toujours au moment où celui-ci est 
nommé pour la première fois. Le terme « biodiversité », très populaire de nos jours, a été 
inventé en 1986, remplaçant ainsi l’appellation « diversité biologique ». Il a été rapidement 
adopté par la communauté scientifique, puis est apparu sur la scène publique au début des 
années 1990, suite notamment à des sommets internationaux comme la Conférence des 
Nations Unies sur l’Environnement et le Développement qui s’est tenue à Rio de Janeiro en 
juin 1992. Bien que le néologisme « biodiversité » soit relativement récent, le concept 
derrière ce terme s’est construit petit à petit au cours des siècles (et même des millénaires). 
Il est le fruit de l’observation de la Nature par l’homme, et de sa volonté de décrire, 
classifier et comprendre l’origine de la diversité du Vivant. 
Avant de définir le concept de biodiversité en lui-même, je propose au lecteur un 
voyage dans l’Histoire, depuis le temps où l’homme a esquissé des dessins témoignant de 
son intérêt pour la Nature qui l’entoure, jusqu’à nos jours ; en revenant sur des évènements, 
des découvertes et des personnalités clés qui ont contribué à l’émergence et à la 
construction de ce concept si populaire aujourd’hui qu’est la biodiversité. 
 
L’observation et la description de la diversité du Vivant 
 
L’homme est une espèce animale, et en tant qu’espèce il fait partie intégrante de 
l’ensemble du Vivant sur Terre. La physiologie du cerveau de l’homme et l’activité 
cérébrale qui en découle lui procurent une capacité cognitive particulière, la conscience, qui 
a longtemps été considérée comme le propre de l’homme1. Cette conscience est, pour notre 
espèce, un des piliers fondamentaux de notre connaissance du monde extérieur. Il est donc 
évident que l’homme a toujours été sensible à ce qui l’entoure. De cette conscience innée 
de l’être humain, mêlée de curiosité, est probablement née une volonté ancestrale de 
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 Un nombre grandissant de neuroscientifiques est d’accord sur le fait que certains animaux possèdent les 
capacités neurophysiologiques nécessaires pour expérimenter certains niveaux de conscience, comme le 
prouve la signature de la Déclaration de Cambridge sur la conscience chez les animaux non-humains du 7 






comprendre la diversité du Vivant. Pour cela, l’homme n’a eu de cesse de décrire cette 
diversité omniprésente de façon précise et pérenne. 
 
Ainsi, de nombreuses peintures rupestres datant de la Préhistoire témoignent 
aujourd’hui de l’ancienneté de cette volonté humaine de décrire la Nature qui l’entoure. 
Aujourd’hui par exemple, il est possible d’observer dans les peintures de la grotte Chauvet 
en Ardèche (-31 000 ans BP
2
), de la grotte de Lascaux en Dordogne (-18 000/-17 000 ans 
BP) ou bien des grottes d’Altamira en Espagne (-14 800/-14 400 ans BP), des 
représentations animalières très diverses. Une grande diversité d’espèces animales y est 
généralement dessinée (aurochs, bisons, cerfs, ou chevaux, mais aussi des ours, des fauves 
ou des mammouths). La précision de ces représentations est étonnante compte tenu de 
l’époque où elles ont été réalisées, notamment en ce qui concerne les détails apportés à 
l’anatomie des espèces et le réalisme des scènes qui sont dépeintes. Un tel niveau de détail 
dans ces reproductions nécessite non seulement des qualités techniques et graphiques 
certaines, mais aussi un sens de l’observation très fin, qualité particulièrement aiguisée chez 
les naturalistes de tout temps. 
 
Plus tard, l’apparition de l’écriture alphabétique dans l’Antiquité a permis à des 
auteurs comme Aristote (-384/-322 av. J.C.) ou son disciple Théophraste de consacrer des 
traités et des ouvrages entiers à la description des organismes vivants. Ainsi, Théophraste (-
371/-288 av. J.-C.) publie en -314 av. J.-C. l’ouvrage Historia Plantarum, (« Histoire des 
Plantes »), véritable encyclopédie composée de dix tomes dans laquelle il propose une 
classification des plantes, en se basant sur des critères comme leur mode de reproduction ou 
leur milieu de vie. Quelques siècles après, Pline l’Ancien (23-79 ap. J.-C.) tentera de 
décrire l’ensemble de la diversité du Vivant dans son encyclopédie Naturalis Historia 
(« Histoire Naturelle » ; 77-79 ap. J.-C.), œuvre qui est tout de même demeurée une 
référence jusqu’au Moyen Âge. 
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 BP : Before Present (« avant le présent »). Expression utilisée en archéologie pour désigner les Âges 





Durant le Moyen Âge, et jusqu’au début du XVIIIème siècle, la diversité du Vivant 
est principalement appréhendée en Occident au travers du prisme de la théologie naturelle. 
La zoologie et la botanique ne sont alors que des branches de la théologie qui considère que 
les espèces animales et végétales sont le fruit du génie divin et que, selon les dogmes du 
fixisme, elles n’ont pas subi de transformations depuis leur création (David & Samadi 
2011). Ce principe d’immuabilité implique en outre que les espèces ne peuvent pas 
disparaître, car « le créateur ne détruirait pas son œuvre ». De cette époque, on retiendra les 
travaux de savants qui, comme le français Vincent de Beauvais (1184/1194-1264) ou 
l’anglais Roger Bacon (1214-1294), ont montré un vif intérêt à l’étude du monde animal et 
végétal, stimulé par la redécouverte d’œuvres antiques comme celles d’Aristote ou de 
Théophraste. Ainsi, des ouvrages comme De animalibus et De vegetabilis et plantis 
d’Albert le Grand (1193/1206-1280) témoignent d’un effort considérable de classement de 
la faune et de la flore européenne, en fournissant des descriptions détaillées de phénomènes 
biologiques comme la reproduction des insectes ou la croissance des plantes. 
 
Vers le début du XVII
ème
 siècle, apparaissent les premiers microscopes, qui 
permettent la découverte de toute une diversité d’organismes dont l’existence restait 
totalement inconnue jusqu’alors. Ainsi, certains savants comme Antoni van Leeuwenhoek 
(1632-1723) vont observer et décrire pour la première fois des cellules, des protozoaires
3
 
mais aussi des bactéries. Ces nouvelles découvertes vont élargir la perception qu’ont les 
savants de la diversité du Vivant, tout en suscitant de nombreuses interrogations sur 
l’origine de cette diversité. Certaines théories, comme la théorie aristotélicienne de la 
génération spontanée




 siècle est un siècle très riche d’un point de vue scientifique, 
particulièrement dans les domaines des sciences de la Vie et de la Terre. C’est à cette 
époque que Carl von Linné (1707-1778) publie la dixième édition de son ouvrage Systema 
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 Protozoaires : règne regroupant les micro-organismes eucaryotes, unicellulaires et hétérotrophes. 
4
 Génération spontanée : théorie de l’abiogenèse (terme qui désigne l’étude de l’origine de la vie) qui énonce 
la capacité des organismes à se générer de façon spontanée et sans ascendance à partir de matière inanimée. 





Naturae (« Système de la Nature », 1758), point de départ de la nomenclature binomiale
5
 
toujours en vigueur aujourd’hui. C’est aussi à cette époque que Georges Louis Leclerc, 
comte de Buffon (1707-1780) se lance dans un projet très ambitieux visant à rassembler 
tout le savoir de l’époque dans le domaine des sciences naturelles. Pendant près d’un demi-
siècle, il va s’atteler à la rédaction puis à la publication des tomes de son ouvrage intitulé 
« Histoire Naturelle, générale et particulière, avec la description du Cabinet du Roy » 
(1749–1789)6. Cet ouvrage est considéré comme le plus grand succès en librairie du 
XVIII
ème
 siècle (Joseph 2011). Outre la valeur scientifique de son œuvre, on peut souligner 
que Buffon a eu un grand mérite : celui d’avoir largement diffusé la connaissance de 
l’Histoire naturelle auprès de ses contemporains. 
 
Au XIX
ème, s’opèrent de véritables bouleversements dans les Sciences de la Vie, 
avec notamment la formulation de théories expliquant l’évolution des êtres vivants. Au 
début du siècle, Jean-Baptiste de Monet de Lamarck (1744-1829) formule dans son ouvrage 
« Philosophie zoologique » (1809) la première théorie de l’évolution organique. Cette 
théorie, appelée transformisme, a pour objectif d’expliquer le changement graduel des 
espèces au cours du temps : des formes de vie simples, engendrées par génération 
spontanée, ont accumulé progressivement des transformations, qui auraient donné lieu à des 
formes plus complexes (David & Samadi 2011). Ce n’est qu’à partir de 1859, date de la 
parution de « L’Origine des Espèces » de Charles Darwin (1809-1882), qu’une nouvelle 
théorie scientifique sur l’évolution des espèces et de la diversité du Vivant voit le jour, 
révolutionnant alors la biologie. La théorie de Darwin se fonde sur l’idée que le moteur de 
l’évolution et de l’adaptation des espèces est la sélection naturelle7. Cette théorie stipule 
que ce sont les individus les mieux adaptés à l’environnement qui les entoure qui survivent 
le mieux, se reproduisent et engendrent des descendants possédant les mêmes « qualités » 
(à condition que ces caractères soient héréditaires). En formulant ce principe, qui a été 
découvert simultanément par Alfred Russel Wallace (1823-1913), Darwin fournit un cadre 
théorique essentiel à la biologie. Ce siècle va accueillir d’autres nombreuses découvertes 
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 Nomenclature binomiale : système de nomenclature universel pour lequel le nom d’un taxon provient de la 
combinaison de deux noms : le nom du Genre, suivi du nom de l’espèce. 
6
 Certains tomes ont été publiés à titre posthume. 
7
 Sélection naturelle : changement de fréquence de caractères génétiques dans une population via la survie et 





dans les domaines des sciences du Vivant. En 1866 notamment, Gregor Mendel étudie la 
variabilité phénotypique intra-spécifique des pois (Pisum sativum) et la transmission 
héréditaire des phénotypes
8
 observés. Bien qu’ils soient passés inaperçus jusqu’au début du 
XX
ème
 siècle, les travaux de Mendel représentent les prémices de la génétique moderne, et 
par conséquent, de l’étude de la diversité génétique du Vivant (Henry & Gouyon 2008). 
C’est toujours au XIXème siècle (en 1807), qu’Alexander von Humboldt, suite à ses voyages 
dans les tropiques du Nouveau Monde, constate qu’à l’échelle de la Terre entière, la 
richesse spécifique
9
 est la plus importante à l’équateur, et décroit à mesure qu’on s’en 
éloigne en direction des pôles. C’est ainsi que le gradient latitudinal de richesse spécifique, 
le patron de diversité le plus vieux et le plus reconnu en écologie, est décrit pour la 
première fois (Hawkins 2001). Von Humboldt est aussi un des premiers scientifiques à 
prendre conscience de la nécessité de protéger la Nature. Ce siècle est enfin aussi celui de 
la création des premières aires protégées de l’époque moderne, avec la protection de la 
vallée du Yosemite en 1864 aux États-Unis d’Amérique, puis la création du parc national10 
de Yellowstone en 1872. 
 
Au cours du XX
ème
 siècle, tous les domaines des Sciences de la Vie et de la Terre 
ont connu un développement remarquable. De par leurs avancées, un grand nombre de 
scientifiques a permis le développement de disciplines comme l’écologie (avec, parmi les 
plus influents : Robert MacArthur, George Evelyn Hutchinson, ou Arthur George Tansley), 
la biologie moléculaire (James D. Watson, Francis Crick, Jacques Monod ou encore Kary 
Mullis, l’inventeur de la réaction en chaîne par polymérase (PCR)11) ou la génétique des 
populations (citons, Ronald Fisher, Sewall Wright, ou Theodorius Dobzhansky). 
À partir des années soixante, les scientifiques commencent à se pencher 
sérieusement sur la nécessité de préserver la Nature. Cette préoccupation grandissante se 
matérialise, quelques années plus tard en Californie (1978), par la première conférence 
internationale de la biologie de la conservation. Cette conférence a abouti à la fondation 
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 Phénotype : état d’un caractère observable chez un organisme vivant. 
9
  Richesse spécifique : nombre d’espèces dans un milieu défini. 
10
 Parc national : portion de territoire d’un pays dans laquelle la faune, la flore et le milieu naturel sont 
généralement protégés des activités humaines. 
11
 PCR : réaction en chaîne par polymérase. Méthode d’amplification génique in vitro qui permet de dupliquer 





d’une approche pluridisciplinaire ayant pour but de préserver les espèces des extinctions 
causées par l’homme : la biologie de la conservation était née. 
En 1985, Edward Owen Wilson publie un article intitulé « The biological diversity 
crisis : A challenge to Science » (Wilson 1985), dans lequel il souligne le déclin sévère de 
la diversité organique, et la nécessité de redoubler d’efforts pour l’analyser et la 
comprendre. Il qualifie la diversité organique de « diversité biologique », terme qui est 
apparu dans la littérature scientifique dès 1980. Suite à l’article de Wilson, le National 
Research Council (NRC)
12
 des États-Unis d’Amérique organise en 1986 le premier forum 
américain sur la diversité biologique à Washington. C’est la publication du compte-rendu 
du colloque, édité par Wilson
13
 sous le titre « Biodiversity » (National Forum on 
BioDiversity et al. 1988) qui va rendre populaire le terme « biodiversité » auprès des 
biologistes. Cependant, l’appropriation de ce terme par les économistes, politiciens, 
sociologues et médias se fera suite à la Conférence des Nations Unies sur l’Environnement 
et le Développement (ou « Sommet de la Terre ») qui s’est tenue à Rio de Janeiro en juin 
1992. À partir de ce moment là, le mot biodiversité est devenu célèbre et d’emploi courant 
hors des sphères scientifiques. Aujourd’hui parler de biodiversité amène à rappeler les 
menaces qu’elle subit et la nécessité de la protéger. 
 
La biodiversité : un concept 
 
La biodiversité est définie comme un concept regroupant la diversité de toutes les 
formes du Vivant sur Terre (Ricklefs & Miller 2005). Généralement, la notion qui vient le 
plus couramment à l’esprit des gens lorsque le concept de biodiversité est évoqué est la 
notion de richesse spécifique, c'est-à-dire le nombre d’espèces qui vit dans un écosystème 
donné (Geist 2011). Or, la biodiversité est un concept multi-facettes qui ne se limite pas 
qu’au simple niveau de la richesse spécifique (Purvis & Hector 2000; Villéger & Brosse 
2012). Dans sa définition la plus répandue, le concept de biodiversité compartimente 
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 NRC : organisme américain travaillant à la réalisation d’enquêtes et de rapports divers ayant pour but 
d’assister la prise de décision des organismes gouvernementaux. 
13
 La création du mot « biodiversité » est souvent attribuée à tort à E. O. Wilson. Ce terme fut suggéré par 
Walter G. Rosen, membre du NRC, pour remplacer celui de « diversité biologique » lors de la préparation du 
forum américain sur la diversité biologique, sous prétexte qu’il serait plus facile à mémoriser (source : 





l’ensemble de la variation du Vivant en trois niveaux hiérarchiques fondamentaux (Ricklefs 
& Miller 2005; Taberlet et al. 2012) : la diversité écosystémique, qui regroupe toute la 
diversité des milieux de vie des espèces sur Terre. Cela peut être une rivière pour une 
espèce de poisson, une prairie pour une espèce végétale, mais aussi un individu ou même 
une cellule, comme c’est le cas pour de nombreuses espèces parasites. La diversité 
spécifique, elle, rassemble toutes les espèces qui composent un écosystème donné (par 
exemple, une forêt). Et enfin, la diversité génétique, qui rassemble l’ensemble des gènes 
contenus dans chaque espèce. Cette dernière est fondamentale, car elle détermine la plupart 
des différences entre deux individus d’une même espèce et définit aussi le potentiel évolutif 
d’une espèce et sa capacité d’adaptation. 
Il est important de noter que des définitions alternatives existent. On peut citer 
l’exemple d’Anthony K. Campbell (2003), qui propose un quatrième niveau de diversité : 
la diversité moléculaire, qui regroupe la richesse de toutes les molécules retrouvées dans le 
domaine du Vivant. Toutefois, tout au long de ce document, il ne sera considéré que la 
définition de la biodiversité la plus répandue, à trois niveaux hiérarchiques : l’écosystème, 
l’espèce et les gènes. 
 
Aujourd’hui, un des enjeux majeurs du XXIème siècle est de limiter la perte de 
biodiversité dont l’homme est responsable (Vitousek 1997; Myers 1997; Myers et al. 
2000). Ce siècle a débuté sur un constat d’échec lors de la conférence mondiale sur la 
biodiversité de Nagoya en 2010 : l’objectif d’endiguer la perte de biodiversité fixé par la 
Convention sur la Diversité Biologique (CDB
14
), qui fut adoptée par 176
15
 nations du 
monde lors du Sommet de Rio en 1992, n’a pas été atteint. 
Dans ce contexte de crise biologique, un des grands défis qui se posent aujourd’hui 
aux chercheurs et aux décideurs est de trouver des solutions pour maintenir et préserver la 
biodiversité de façon efficace et pérenne. Mais pour pouvoir la protéger, il faut tout d’abord 
la connaître, c'est-à-dire l’identifier, savoir comment elle se distribue dans l’espace, 
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 Convention sur la Diversité Biologique : traité international ayant pour but de développer des stratégies 
nationales pour la conservation de la biodiversité, l’utilisation durable de ses éléments et le partage juste et 
équitable des avantages découlant de l’exploitation des ressources génétiques. 
15
 Actuellement, 193 nations ont signé cette convention. Seuls les États-Unis d’Amérique, l’Andorre et le 





comprendre les processus qui la sous-tendent, puis développer les outils les plus fiables qui 
permettront la mise en place des meilleures stratégies de protection. 
 
La distribution de la biodiversité 
 
Un des premiers constats qui peut être fait dès lors que l’on s’intéresse à 
l’observation et à la description de la biodiversité dans l’espace, est que la biodiversité est 
répartie de façon hétérogène sur la planète (Gaston 2000). En effet, certaines régions sont 
très riches en biodiversité, comme par exemple les forêts tropicales ou les récifs coralliens 
(Myers et al. 2000; Roberts et al. 2002), alors que d’autres régions sont relativement 
pauvres en biodiversité, comme les déserts ou les zones polaires (Gaston 2000). De plus, 
certains groupes d’organismes peuvent être très représentés dans un écosystème ou dans 
une région donnée, tout en étant peu, voire pas du tout représentés ailleurs. C’est le cas des 
marsupiaux, dont la plupart des espèces vivent actuellement en Australasie (Beck 2012). 
 
La distribution des espèces sur la planète, bien qu’hétérogène, ne semble donc pas le 
fruit du pur hasard. En fait, cette distribution est d’abord étroitement liée aux amplitudes 
(ou valences) écologiques des espèces, c'est-à-dire aux conditions écologiques qui 
permettent aux espèces de survivre dans un milieu donné (Ricklefs & Miller 2005). Ainsi, 




 modulent l’amplitude écologique des 
espèces, et par conséquent, déterminent leur distribution spatiale. 
Néanmoins, l’existence de conditions écologiques favorables à la présence d’une 
espèce ou d’un groupe d’espèces dans un milieu n’implique pas forcément sa présence dans 
celui-ci. Un autre processus entre en jeu dans la distribution spatiale des espèces : l’histoire 
évolutive et démographique des espèces. Ainsi, certaines espèces terrestres insulaires 
comme les lémuriens à Madagascar (Quéméré et al. 2010; Yoder 2013) ont évolué de façon 
indépendante par rapport aux autres espèces apparentées des continents (dans ce cas, les 
primates), du fait de leur isolement géographique, et cela même si d’autres milieux sur 
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 Facteurs biotiques : ensemble des interactions du Vivant sur le Vivant dans un écosystème donné, comme 
par exemple les relations de prédation ou de compétition. 
17
 Facteurs abiotiques : ensemble de facteurs physico-chimiques qui affectent le Vivant dans un écosystème, 





Terre leurs sont potentiellement favorables d’un point de vue écologique. Cet exemple 
illustre le rôle déterminant des barrières naturelles (ici, l’océan Indien) à la dispersion des 
espèces. La détermination de la distribution de la biodiversité est donc un processus 
complexe où l’environnement mais aussi l’histoire évolutive des espèces entrent en jeu. 
 
Mais aujourd’hui, un nouveau phénomène est à prendre en compte quand on veut 
comprendre comment se distribuent les espèces sur Terre : la pression anthropique. 
L’homme, de par son mode de vie, influence fortement la distribution de la biodiversité. 
Que ce soit de façon intentionnelle ou non, l’homme a historiquement brisé les barrières 
naturelles à la dispersion d’un grand nombre d’espèces, leur permettant ainsi de coloniser, 
de s’établir, voire d’envahir de nouveaux écosystèmes qui leur étaient jusqu’alors 
inaccessibles. Un exemple bien connu, est celui du lapin (Oryctolagus cuniculus), qui a été 
introduit en Australie en 1859 et qui a envahi tout le pays en seulement quelques années 
(Rodr guez de la Fuente 1982; Lange & Graham 1983; Eldridge et al. 2006)18. 
Bien que l’introduction anthropique d’espèces non natives dans une nouvelle région 
soit un phénomène relativement ancien (l’introduction de la carpe commune, Cyprinus 
carpio, dans de nombreux bassins européens daterait du premier siècle avant J.C.; Cowx 
1997), l’introduction et l’invasion subséquente d’espèces non natives dans de nouveaux 
écosystèmes se sont radicalement intensifiées au XIX
ème
 siècle. En cause notamment la 
révolution industrielle et le développement du réseau global des transports humains (Hulme 
2009). Un exemple classique d’invasion biologique due aux transports humains est celui de 
la moule zébrée (Dreissena polymorpha), espèce qui a été introduite de façon accidentelle 
depuis la mer Caspienne vers de nombreux pays de l’hémisphère Nord, à la fois par les 
rejets d’eau de ballasts des bateaux, mais aussi par le transport d’individus accrochés à la 
coque des bateaux (Gallardo et al. 2013). 
L’influence des réseaux de transport dans la dispersion d’espèces non natives peut 
aussi être constatée à des échelles plus locales. À ce titre, j’aimerais citer un exemple tiré 
d’observations personnelles. J’ai eu l’occasion d’observer à deux reprises la présence de la 
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 Le jour de Noël de 1859, 24 lapins ont été relâchés dans l’État du Victoria dans un but cynégétique. Dans 
les années suivant la deuxième guerre mondiale la moyenne annuelle de captures était passée à environ 100 
millions d’individus. En cause, un environnement dépourvu de prédateurs et riche en ressources. L’intense 
pression de broutage exercée par le lapin sur la végétation autochtone et les cultures provoque encore 





tarente de Maurétanie (Tarentola mauritanica), petit reptile, à Toulouse : une première fois 
dans le quartier Saint-Michel, puis une deuxième fois dans mon jardin, quartier des 
Minimes, ramenée par un de mes chats
19. Bien que l’aire de répartition de cette espèce se 
cantonne au littoral méditerranéen (Gibson & Mantilleri 2006), des individus ont été 
observés de façon répétée depuis les années 1980 dans certains secteurs de Toulouse, 
notamment dans les deux quartiers évoqués (Pottier 2008; Truptil et al. 2012). Il est fort de 
constater que ces deux quartiers se situent à moins d’un kilomètre à vol d’oiseau des 
principales gares ferroviaires de la ville, véritables points nodaux logistiques du sud de la 
France. Bien que cela reste à prouver scientifiquement, il est très probable que la présence 
de cette espèce dans ces secteurs soit liée au trafic ferroviaire intense qui existe entre 
Toulouse et des villes méditerranéennes comme Gruissan ou Narbonne, destinations 
privilégiées par les vacanciers toulousains, et d’où la tarente est native. 
 
Le transfert d’espèces au-delà de leur aire de distribution native est donc, de nos 
jours, une des grandes problématiques en biologie de la conservation et en biogéographie 
(García-Berthou et al. 2005). En effet, l’arrivée d’espèces non natives dans un nouvel 
écosystème, bien qu’elle ne pose pas de problèmes particuliers dans de nombreux cas 
(comme celui de la tarente à Toulouse), peut avoir des conséquences néfastes à l’échelle 
locale et régionale. Ces effets négatifs peuvent alors être visibles aux niveaux 
écosystémique, spécifique et génétique (Cucherousset & Olden 2011; Blanchet 2012; 
Cucherousset et al. 2012). 
Ainsi, l’arrivée d’une nouvelle espèce peut perturber le fonctionnement des 
écosystèmes, en modifiant les chaînes alimentaires
20
 par exemple (Baxter et al. 2004), mais 
peut aussi provoquer la perte d’espèces natives par des processus d’exclusion compétitive21 
(Gauze 1935) ou par une pression de prédation trop intense. 
 
Au niveau génétique, les effets négatifs de l’arrivée d’une nouvelle espèce dans un 
écosystème peuvent être multiples. Par exemple, une espèce non native mais proche 
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 La tarente fût toutefois remise en liberté saine et sauve ! 
20
 Chaîne alimentaire : ensemble des relations alimentaires existant entre les populations d’une communauté. 
21
 L’exclusion compétitive ou principe de Gause (Gauze, 1935) stipule que deux populations d’espèces 
différentes et ayant des exigences écologiques identiques ne peuvent coexister indéfiniment. L’espèce la plus 





phylogénétiquement de l’espèce native avec qui elle entre en contact, peut parfois 
s’hybrider avec l’espèce native, compromettant ainsi l’intégrité génétique de cette dernière. 
Lors de mes travaux de recherche, je me suis intéressé à cette problématique. En effet, j’ai 
étudié le toxostome (Parachondrostoma toxostoma), une espèce menacée de poisson d’eau 
douce endémique du sud de la France, poisson pour lequel on constate actuellement une 
diminution d’effectifs (Crivelli 2006; Poulet et al. 2011; Paz-Vinas et al. 2013a; cf. 
chapitre IV). Dans le bassin du Rhône, cette espèce s’hybride de façon bidirectionnelle 
avec le hotu (Chondrostoma nasus), une espèce de poisson qui, depuis son introduction 
indirecte dans le nord de la France via le Rhin en 1860, a colonisé en seulement quarante 
ans la moitié du réseau hydrographique de la France métropolitaine (Costedoat et al. 2005, 
2007; Durbec et al. 2010; Šimková et al. 2013). Cette hybridation menace aujourd’hui 
l’intégrité génétique du toxostome dans le bassin du Rhône, et élève le hotu au rang de 
« menace fantôme »
22
 pour les populations de toxostome du bassin de la Garonne. L’arrivée 
de l’hotu dans ce bassin pourrait avoir des effets négatifs voire néfastes sur la déjà très 
faible diversité génétique du toxostome (Paz-Vinas et al. 2013a; cf. chapitre IV). Cet 
exemple souligne en outre l’importance des suivis démographiques à long terme comme 
celui que l’ONEMA (Office National de l’Eau et des Milieux Aquatiques) mène depuis 
plusieurs décennies dans l’ensemble du réseau hydrographique français (Poulet et al. 2011). 
Ce type de suivis permet, entre autres, de détecter précocement des « surprises 
écologiques », comme l’arrivée d’une espèce non native nuisible (Lindenmayer et al. 2010, 
2012). 
 
L’étude des effets potentiels de l’intégration d’espèces non natives dans certains 
écosystèmes est donc primordiale en écologie pour prévenir de toute grande perturbation 
environnementale. Mais pour cela, encore faut-il pouvoir distinguer les espèces natives des 
non natives. Alors que la détermination du statut natif/non natif d’espèces de grande taille 
comme certains mammifères terrestres peut se faire de façon relativement aisée grâce à 
l’accumulation historique d’observations de ces espèces et à la connaissance de leur 
distribution, elle peut s’avérer très compliquée pour des espèces de petite taille comme, par 
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 parasites de poissons (Rey et al. in prep ; cf. annexe 2). L’annexe 
2 de ce document est d’ailleurs consacrée à la problématique de la détermination du statut 
natif/non natif d’une espèce. 
 
Ainsi, comprendre la distribution de la biodiversité est actuellement un défi pour les 
chercheurs. Les efforts engagés en ce sens, ont pour but de pouvoir faire face aux 
perturbations environnementales naturelles ou induites par l’homme. En effet, chacun a pu 
remarquer que de lourdes menaces pèsent aujourd’hui sur notre environnement : les 
changements climatiques, la fragmentation ou la perte des habitats sont autant de problèmes 
que les chercheurs tentent d’endiguer. Devant l’urgence de la situation, certains 
scientifiques ont cherché à identifier quelles étaient les régions de la Terre qui étaient à la 
fois les plus riches en biodiversité et les plus menacées. Ainsi, certains chercheurs (Reid 
1998; Myers et al. 2000) ont identifié des points chauds (« hotspots » en anglais) de 
diversité sur Terre, qui correspondent à des zones à forte diversité spécifique, mais aussi à 
haut risque pour la perte de la biodiversité. Ces études montrent, qu’à l’échelle du globe, la 
plupart des points chauds se trouvent dans les tropiques, notamment dans les forêts 
tropicales (Reid 1998; Myers et al. 2000) ; d’autres points chauds se trouvent dans les 
zones tempérées (par exemple, dans le bassin méditerranéen), mais aucun n’est relevé près 
des pôles. La distribution globale de ces points chauds semble donc répondre à une règle 
générale : la richesse spécifique est supérieure près de l’Équateur, au niveau des tropiques, 
et décroit selon que l’on avance vers les pôles. Cette observation correspond à un patron 
global de biodiversité, le plus vieux et le plus reconnu en biologie actuellement : le gradient 
latitudinal de diversité spécifique (von Humboldt 1807, Hawkins 2001). 
Identifier les patrons globaux de biodiversité est donc d’une grande importance en 
biologie pour comprendre comment fonctionne la multitude d’écosystèmes qui compose 
notre planète. Dans mes recherches, je me suis justement attaché à comprendre certains 
patrons de diversité génétique. Je propose alors au lecteur de poursuivre sa lecture avec une 
mise au point sur ces notions fondamentales en biologie et surtout en génétique des 
populations. 
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Les patrons de biodiversité en écologie et en génétique des populations 
 
L’observation et la description de la diversité permettent d’aboutir à l’identification 
de patrons spatiaux de biodiversité. 
Les patrons de biodiversité peuvent être définis comme des variations répétables de 
biodiversité le long de descripteurs géographiques ou écologiques comme la latitude, 
l’altitude, la température ou la salinité (Levin 1992; Lawton 1996, 1999). La description de 
patrons généraux et répétables est fondamentale dans presque tous les domaines des 
sciences, et particulièrement dans des disciplines de la biologie comme l’écologie, la 
biogéographie et la biologie évolutive (Grimm et al. 2005; Gotelli et al. 2009; Magurran & 
Dornelas 2010; Chave 2013). Elle permet de mieux comprendre comment se distribue la 
diversité dans l’espace, en définissant des lois générales. Ces patrons permettent aussi de 
formuler des prédictions (Chave 2013), qui pourront par la suite être vérifiées ou infirmées 
soit par des observations ciblées (par exemple, l’échantillonnage le long d’un gradient 
d’intérêt), soit par des expérimentations (comme la création d’un gradient artificiel dans des 
élevages contrôlés) ou bien par des modèles théoriques ou mathématiques. 
 
Ainsi, les écologues et biogéographes ont depuis longtemps décrit des patrons 
globaux de biodiversité, qui s’appliquent à l’échelle macro-écologique et à tous les règnes 
du Vivant. Ainsi, ils ont identifié un patron similaire au gradient latitudinal de diversité 
spécifique : ce patron stipule que le nombre d’espèces diminue lorsque l’altitude augmente 
(relation espèces-altitude; MacArthur 1984; Gaston 2000; Aubry et al. 2005). Nous 
pouvons citer de surcroît le patron selon lequel le nombre d’espèces dans un habitat donné 
augmente en fonction de la surface de cet habitat (relation espèces-aire; Arrhenius 1921; 
Preston 1962; Drakare et al. 2006), ou bien le patron selon lequel le nombre d’espèces 
augmente en fonction des précipitations annuelles (relation espèces-précipitations; 
Richerson & Kwei-lin 1980; Linder 1991). 
Actuellement, la plupart des patrons de biodiversité décrits en écologie se focalisent 
sur la diversité spécifique, c'est-à-dire sur le nombre d’espèces observées ou prédites en 
fonction du gradient du descripteur géographique (Gaston 2000; cf. chapitre I). Par contre, 





maintenant, très peu de patrons généraux de diversité génétique ont été décrits (Gaston 
2000; cf. chapitre I). Il y a toutefois quelques exceptions. Un patron récurrent et général en 
génétique des populations est celui de l’augmentation de la différentiation génétique 
lorsque la distance entre deux populations augmente : il est nommé patron d’isolement par 
la distance (IBD; Wright 1943; Sexton et al. 2014). Ce patron s’analyse souvent moyennant 
une régression entre des distances géographiques séparant des paires de populations, et des 
valeurs de différentiation génétiques calculées entre ces paires de populations (Rousset 
1997). Il s’agit d’un patron de diversité génétique qui a été vérifié pour un très grand 
nombre de taxons et dans plusieurs écosystèmes. Notons qu’il existe des variantes de ce 
patron général, comme le patron d’isolement par résistance énoncé par Brad H. McRae 
(IBR; McRae 2006), qui remplace la distance géographique entre populations par une 
« distance de résistance », prenant en compte l’hétérogénéité spatiale de l’environnement et 
ses effets sur la dispersion des individus. Un autre patron de diversité génétique souvent 
cité est celui selon lequel la diversité génétique augmente en fonction de la taille efficace de 
la population
24
 (Soulé 1976; Frankham 1996). Outre ces patrons, des chercheurs ont 
constaté que certains des patrons macro-écologiques comme le gradient latitudinal de 
diversité spécifique s’appliquent aussi à la diversité génétique pour un certain nombre de 
taxons (Adams & Hadly 2012; Hasselman et al. 2013). Cependant, il n’a pas encore été 
montré que ce patron génétique était vérifiable sur un très grand nombre de taxons. 
 
Alors pourquoi existe-t-il tant de patrons de diversité décrits pour une composante 
de la biodiversité (la diversité spécifique), et tellement peu pour une autre (la diversité 
génétique) ? Ceci s’explique par le fait que la génétique des populations est une discipline 
qui, comme son nom l’indique, s’est longtemps focalisée sur l’étude de la diversité 
génétique à l’échelle restreinte des populations individuelles. Or, les généticiens des 
populations partagent avec les écologues une méthodologie semblable de travail générique 
qui peut se diviser en trois étapes : d’abord, la collecte d’échantillons sur le terrain ; 
ensuite, le traitement des échantillons afin de générer des données ; et finalement l’analyse 
de ces données avec des outils statistiques appropriés à la problématique traitée. En 
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génétique des populations, la phase de traitement in vitro des échantillons, par des 
méthodes de biologie moléculaire
25
, a toujours été (bien qu’il y ait des exceptions) très 
coûteuse en temps et en argent, comparée à la phase de traitement des échantillons en 
écologie. De ce fait, alors que les écologues élaboraient des bases de données très riches 
renseignant la diversité spécifique à de multiples échelles spatiales et pour des 
communautés entières, les généticiens des populations devaient se limiter au traitement 
d’un nombre limité d’individus, souvent originaires d’une même population et 
généralement pour une seule et unique espèce par étude. Cette longueur d’avance du 
domaine de l’écologie sur celui de la génétique des populations en ce qui concerne la 
quantité et la portée des données disponibles explique principalement pourquoi il y a 
beaucoup plus de patrons de diversité décrits en écologie qu’en génétique des populations. 
Cependant, les dernières avancées dans le domaine de la biologie moléculaire, 
notamment le développement du séquençage à haut débit, permettent aujourd’hui 
d’augmenter considérablement le volume de données génétiques qui peuvent être générées, 
tout en diminuant les coûts et le temps de traitement des échantillons (Carstens et al. 2012; 
Andrew et al. 2013; cf. annexe 3). Ainsi, le fossé qui sépare l’écologie et la génétique des 
populations concernant la disponibilité des données est en train de se combler. Aujourd’hui, 
les études comprenant simultanément plus d’individus, de populations et d’espèces se 
multiplient. La description de nouveaux patrons de diversité génétique est donc promise à 
un fort développement, notamment si les généticiens des populations arrivent à maîtriser et 




Dans ce contexte, j’ai pu prendre part à ce nouvel élan dans les sciences de la 
génétique des populations. Je me suis intéressé à l’étude des patrons de diversité génétique 
non pas à une échelle macro-écologique, mais à l’échelle d’un type d’écosystème fortement 
structuré : les réseaux dendritiques. 
 
La biodiversité dans les réseaux de type dendritique : patrons et processus 
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Les patrons de diversité ne s’appliquent pas qu’à des échelles macro-écologiques, 
comme c’est le cas du gradient latitudinal de diversité. Ils peuvent être observés à des 
échelles plus petites, notamment à l’échelle de l’écosystème ou du paysage. Des 
caractéristiques propres à un écosystème, comme par exemple les contraintes physiques, sa 
géométrie ou bien la connectivité reliant entre elles ses diverses parties, peuvent structurer 
la biodiversité qui le compose à plusieurs niveaux d’organisation, allant des gènes 
jusqu’aux communautés. Cette structuration, et les processus qui en découlent, peuvent 
donc faire apparaître, dans certains cas, des patrons généraux de biodiversité (Campbell 
Grant et al. 2007). 
Les réseaux dendritiques sont des réseaux écologiques très fortement structurés. 
Leur structure spatiale dendritique peut se comparer à celle formée par les ramifications 
hiérarchiques d’un arbre (Benda et al. 2004; Campbell Grant et al. 2007). Généralement, un 
réseau dendritique va se caractériser par une partie principale, depuis laquelle des branches 
vont bifurquer et se séparer de façon hiérarchique. Ces branches vont ensuite devenir de 
plus en plus nombreuses, mais aussi de plus en plus petites en fonction que l’on progresse 
le long d’un gradient ascendant (par exemple, un bassin versant) ou descendant (comme 
dans un delta) (Campbell Grant et al. 2007; Rodriguez-Iturbe et al. 2009; Peterson et al. 
2013). Ce type de réseaux est très répandu dans la Nature. Ainsi, nous le retrouvons dans 
les réseaux cavernicoles, les réseaux hydrographiques, mais aussi dans les réseaux formés 
par des haies (haies de bocages, par exemple; Fagan 2002; Campbell Grant et al. 2007; 
Altermatt 2013). 
 
L’effet de plusieurs caractéristiques physiques et processus inhérents aux 
écosystèmes dendritiques sur les patrons de biodiversité a été reporté pour un grand nombre 
d’organismes appartenant à divers groupes d’organismes comme les plantes, les insectes ou 
les poissons (Hanfling & Weetman 2006; Chaput-Bardy et al. 2008; Honnay et al. 2010; 
Alp et al. 2012). Dans les réseaux hydrographiques notamment, la dispersion
27
 est 
considérée comme un des processus qui influence le plus les patrons de biodiversité (Fagan 
                                                 
27
 Dispersion : processus selon lequel des individus ou autres agents dispersants comme les gamètes ou les 





2002; Muneepeerakul et al. 2008; Labonne et al. 2008; Rodriguez-Iturbe et al. 2009; 
Morrissey & de Kerckhove 2009). Certains chercheurs ont de ce fait exploré avec des 
modèles théoriques les effets de la dispersion sur les patrons de diversité (Fagan 2002; 
Labonne et al. 2008) ; mais leurs modèles ne considéraient souvent qu’une dispersion 
symétrique entre les zones amont et aval du système hydrographique. Or, il est démontré 
que dans les réseaux hydrographiques, la dispersion peut souvent être biaisée vers l’aval 
(donc asymétrique), c'est-à-dire que les organismes ont tendance à disperser plus vers l’aval 
que vers l’amont (Muneepeerakul et al. 2008; Morrissey & de Kerckhove 2009; Paz-Vinas 
et al. 2013b; cf. chapitre IV). Ce biais directionnel de la dispersion est lié à la présence du 
courant d’eau en tant que force physique se dirigeant de l’amont vers l’aval. Ainsi, en 2008, 
Rachata Muneeperakul et ses collaborateurs ont montré que dans les réseaux 
hydrographiques, la dispersion biaisée vers l’aval affectait les patrons de diversité α, β et 
γ28 : notamment en augmentant la diversité β (c’est-à-dire la différentiation entre 
communautés) et en diminuant les diversités α et γ (diminution de l’abondance mais aussi 
du nombre d’espèces par la perte des espèces rares) sur l’ensemble du réseau dendritique 
(Muneepeerakul et al. 2008). 
 
La dispersion biaisée vers l’aval n’est pas la seule à affecter les patrons de 
biodiversité dans les réseaux hydrographiques : elle semble interagir avec d’autres 
caractéristiques, comme par exemple la structure du réseau elle-même (Muneepeerakul et 
al. 2007, 2008). En effet, des études montrent que la structure du réseau per se (c’est-à-dire, 
sans aucun autre facteur confondant) est suffisante pour générer des patrons particuliers de 
diversité spécifique. En 2012, Francesco Carrara et ses collaborateurs ont d’ailleurs 
démontré de façon expérimentale les effets de la connectivité de type dendritique sur les 
patrons de diversité spécifique (Carrara et al. 2012). Pour cela, ils ont recréé 
expérimentalement des méta-communautés composées de plusieurs espèces de protozoaires 
et de rotifères
29
, et dans lesquelles les communautés sont connectées entre elles selon deux 
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types de connectivité spatiale : une de type dendritique et l’autre de type « treillis » carré30. 
La comparaison des patrons observés de diversité spécifique pour chaque type de méta-
communauté révèle que les diversités α et β des communautés étaient supérieures dans les 
réseaux dendritiques comparées à celles des réseaux en treillis (Carrara et al. 2012)
31
. 
Bien que certains chercheurs aient exploré théoriquement les effets sur la diversité 
génétique de certains processus dans les réseaux dendritiques, comme l’asymétrie de flux 
de gènes (Morrissey & de Kerckhove 2009), la connectivité (Labonne et al. 2008) ou la 
dispersion entre cours d’eaux par voie terrestre (Chaput-Bardy et al. 2008, 2009), les études 
consacrées à la description de patrons généraux et à l’étude des processus qui peuvent les 
provoquer restent rares, voire inexistantes. Ceci est d’autant plus surprenant que des 
observations répétées suggèrent qu’un patron général de diversité génétique existe dans les 
réseaux hydrographiques ; patron selon lequel la diversité génétique augmente au fur et à 
mesure que l’on progresse de l’amont vers l’aval. Cette hypothèse, formulée pour la 
première fois en 1989 par Kermit Ritland (1989), a été vérifiée à de nombreuses reprises et 
pour divers taxons (Hanfling & Weetman 2006; Kikuchi et al. 2009; Alp et al. 2012). 
Cependant, la généralisation de ce patron est restée une question ouverte, car de nombreux 
chercheurs n’ont pas réussi à identifier ce patron dans leurs données. Ainsi, une méta-
analyse basée sur vingt et une populations de plantes aquatiques n’a pas décelé de patron 
significatif (Honnay et al. 2010). 
 
Un patron général de diversité génétique peut-il alors être établi pour les réseaux 
dendritiques ? Le chapitre I de cette thèse a pour but d’apporter une réponse à cette 
question, en se focalisant sur une gamme plus large de taxons et en combinant des outils 
méta-analytiques (Nakagawa & Cuthill 2007) avec l’analyse de simulations générées sous 
des modèles génétiques théoriques. En effet, la modélisation et la simulation de données 
sous des modèles prédéfinis en génétique des populations peut s’avérer, comme c’est le cas 
en écologie (Chave & Norden 2007; Muneepeerakul et al. 2008; Jabot & Bascompte 2012), 
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un outil très puissant pour identifier des patrons spatiaux généraux de diversité génétique et 
déceler les processus qui les déterminent. 
 
Intérêt de la modélisation et des simulations de données génétiques pour l’étude des 
patrons de diversité génétique 
 
Dans tous les domaines des Sciences, il existe des processus et des phénomènes 
suffisamment complexes pour que leur compréhension totale ne soit pas possible à partir de 
seules observations empiriques, mesures directes et/ou expérimentations (Grimm et al. 
2005; Pauls et al. in prep). Dans ces cas là, la modélisation de ces processus complexes et 
la simulation de données sous des modèles théoriques permettent d’apporter de nouveaux 
éléments de compréhension qui élargissent souvent nos connaissances sur le sujet, mais 
aussi les perspectives d’analyses futures à mener. 
L’écologie actuelle s’appuie sur une longue tradition modélisatrice (Grimm et al. 
2005; Chave 2013), bien que certains écologistes se soient opposés très fermement à la 
modélisation dans les années 80, car jugée (entre autres) comme une perte de temps face à 
l’expérimentation sur le terrain (Caswell 1988). D’après Grimm et ses collaborateurs 
(2005), l’écologie aurait même produit pendant ces derniers quarante ans autant de modèles 
de type individu-centrés
32
 que toutes les autres disciplines confondues. 
Grâce aux outils de modélisation, il est non seulement possible de caractériser des 
phénomènes actuels (par exemple, la distribution potentielle d’une espèce; Guisan & 
Zimmermann 2000; cf. chapitre IV), mais aussi de prédire les états futurs d’un système 
sous des conditions particulières (par exemple, l’évolution du climat dans un écosystème 
particulier sous l’effet du changement climatique) ou bien d’inférer des processus passés à 
partir d’observations actuelles (comme retracer l’histoire évolutive récente de l’homme; 
Fagundes et al. 2007). 
 
En génétique des populations, la modélisation mathématique a connu un essor 
depuis les années 1930, avec notamment les travaux de Sewall Wright (Wright 1931; 
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1943), Ronald Fisher (1930), Motoo Kimura et George Weiss (1964). Ces deux derniers 
auteurs par exemple, ont décrit en 1964 le modèle de population dit « par pas » (ou 
« stepping-stone » en anglais), qui stipule que les dèmes
33
 d’une population ne vont 
échanger des individus qu’avec les dèmes adjacents (Kimura & Weiss 1964). Cette 
propriété est encore de nos jours très utilisée dans les modèles de génétique des 
populations. 
 
Actuellement, la modélisation en génétique des populations connaît un second 
essor, et notamment la modélisation basée sur la simulation de données génétiques 
(Balkenhol et al. 2009; Balkenhol & Landguth 2011; Hoban et al. 2012). Plusieurs facteurs 
permettent d’expliquer ce succès grandissant. Le premier est purement technique : nous 
vivons dans l’ère numérique et la puissance des ordinateurs ne cesse de s’accroître d’année 
en année, ouvrant progressivement de nouvelles perspectives de modélisation, toujours plus 
gourmandes en puissance de calculs qui auparavant étaient irréalisables (Hoban et al. 2012; 
Chave 2013). Le deuxième facteur, et non des moindres, est le développement de théories 
mathématiques performantes comme la théorie du coalescent
34
 (Kingman 1982), qui offre à 
la fois un cadre robuste à la simulation de données génétiques, et de nouvelles propriétés 
statistiques particulièrement utiles pour la pratique de l’inférence statistique. 
Ainsi, de nombreux logiciels de simulation de données génétiques sont aujourd’hui 
basés sur la théorie du coalescent. Citons parmi eux les logiciels ms (Hudson 2002) et 
Simcoal 2 (Laval & Excoffier 2004), qui permettent de générer des données génétiques en 
reconstruisant la généalogie des gènes. Ces programmes permettent de simuler des données 
sous divers modèles d’évolution neutres plus ou moins complexes, en prenant en compte de 
nombreux paramètres comme les tailles efficaces des populations, les taux de migration, les 
taux de mutation, ainsi que leurs variations au cours du temps (par exemple, des 
changements de taille des populations). Ces deux logiciels ont été utilisés dans plusieurs 
chapitres de cette thèse (chapitre I et annexes 1 et 2 pour Simcoal 2 ; chapitre III pour ms), 
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afin de répondre à plusieurs objectifs, allant de la sélection de modèles évolutifs à 
l’exploration de patrons particuliers de diversité génétique dans les réseaux dendritiques. 
Il est important de savoir qu’une autre grande famille de simulateurs de données 
génétiques existe : on les nomme les simulateurs individu-centrés. Contrairement aux 
simulateurs basés sur le coalescent, les modèles individu-centrés génèrent les données 
génétiques progressivement, en avançant dans le temps. Ainsi, l’état génétique à une 
génération donnée est dépendant de l’état génétique de la génération d’avant, modifié par 
une matrice de transition qui va être paramétrée en fonction des caractéristiques du modèle 
et de l’histoire de vie de l’organisme étudié (Hoban et al. 2012). Ce type de simulateurs est 
plutôt adapté à des problématiques de type prédictif, alors que les simulateurs de type 
coalescent sont, eux, adaptés à l’inférence statistique. 
Finalement, le troisième développement qui explique le succès actuel de la 
modélisation en génétique des populations, est le développement de cadres conceptuels qui 
permettent d’appliquer des procédures statistiques à la fois très flexibles et très puissantes. 
Tel est le cas des procédures dites ABC, pour « approximate Bayesian computation » 
(Beaumont et al. 2002). Ces procédures permettent d’inférer au travers de données simulées 
des valeurs de paramètres d’intérêt démographique ou évolutif comme les tailles efficaces 
des populations ou les taux de mutation (Csilléry et al. 2012). 
En quelques mots, le principe des procédures ABC est basé sur la simulation d’un 
grand nombre de jeux de données génétiques sous un ou plusieurs modèles prédéfinis et 
dont les valeurs des paramètres sont modifiées à chaque fois. Ensuite, l’information 
contenue dans chaque jeu de données génétiques est relevée grâce au calcul de statistiques 
descriptives comme la richesse allélique ou l’hétérozygotie. L’étape suivante consiste à 
comparer ces statistiques descriptives à celles calculées pour un jeu empirique de données, 
afin de sélectionner un sous-groupe de simulations qui produisent les valeurs des 
statistiques les plus proches des valeurs empiriques. Finalement, ces jeux de données sont 
utilisés pour, soit inférer des valeurs de paramètres d’intérêt (comme par exemple la taille 
efficace d’une population), soit comparer plusieurs modèles entre eux, afin de sélectionner 
celui qui s’approche le plus de la réalité. Des exemples et des variantes de cette procédure 






Au vu des possibilités analytiques que ces nouvelles méthodes et cadres conceptuels 
nous offrent, la détermination de patrons généraux de diversité génétique ainsi que 
l’identification des processus qui les déterminent, devraient être grandement développées. 
En effet, la génération d’un grand nombre de simulations sous un ou divers modèles régis 
par différents processus devrait permettre de vérifier si ces processus sont capables de 
générer le patron recherché (voir chapitre I). Si c’est le cas, les gammes de valeurs des 
paramètres relatifs à ces processus pour lesquelles ce patron est généré pourraient être 
définies. De plus, d’autres patrons non attendus pourraient émerger de ces simulations, 
élargissant ainsi la connaissance des effets d’un processus sur la diversité génétique. Et 
enfin, l’utilisation des procédures de choix de modèles de type ABC, devrait permettre de 
déterminer quel est le processus le plus probable parmi plusieurs processus ayant généré un 
patron observé dans une population empirique. Le potentiel de ces outils revêt donc une 
grande importance pour la compréhension des patrons de diversité génétique et suggère de 
grandes avancées dans le domaine de la génétique des populations et plus largement dans 
les domaines de l’écologie. 
 
Patrons et processus : implications pour la biologie de la conservation 
 
Actuellement, la conservation de la biodiversité est au centre des débats en écologie 
(Hoban et al. 2013b). Mais la conservation de la facette génétique de la biodiversité est 
moins connue et pourtant primordiale. En effet, la diversité génétique assure le maintien du 
potentiel évolutif des espèces, ainsi que leur capacité d’adaptation et de résilience35 face 
aux perturbations environnementales (Frankel 1974; Forest et al. 2007; Hughes et al. 2008; 
Frankham 2010; Taberlet et al. 2012; Hoban et al. 2013b; Caballero & García-Dorado 
2013). Comme nous l’avons vu tout au long de cette introduction, la biodiversité se 
distribue de façon hétérogène dans l’espace, en suivant parfois des patrons généraux. La 
détermination de ces patrons est capitale en biologie de la conservation. En effet, si le 
même patron de diversité est présent chez plusieurs espèces à la fois, la mise en place 
d’aires de conservation prioritaires peut en être facilitée (cf. chapitre II). Il suffirait alors de 
protéger l’aire qui maximise la diversité génétique d’une espèce dans l’écosystème en 
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question pour que, selon le principe des espèces parapluie
36
 (Wilcox 1982; Lambeck 1997), 
la protection globale de tous les organismes vivants dans ce milieu soit maximisée. 
Cependant, bien que certains patrons spatiaux généraux soient très fréquents dans la Nature, 
il existe toujours des exceptions qu’il faut identifier, afin d’éviter de protéger des zones non 
optimales. 
De plus, les différences de traits d’histoire de vie37 entre espèces supposent qu’elles 
réagissent potentiellement différemment face à un même processus. Ces « réactions » 
différentes peuvent alors aboutir à des différences très marquées dans la distribution 
spatiale de la diversité génétique de ces espèces. Lorsque l’on s’intéresse à la 
caractérisation de patrons de diversité génétique, il est donc intéressant de mener des études 
multi-spécifiques dans le but de déterminer quelles mesures de conservation sont 
réellement efficaces (Gomez-Uchida et al. 2009; Blanchet et al. 2010; cf. chapitre II). 
 
Étudier la diversité génétique est certes très important en biologie de la 
conservation, mais la diversité génétique ne représente qu’une seule facette de la 
biodiversité ; elle ne peut donc que participer partiellement au développement de mesures 
de conservation appropriées (Frankham 2010; Loss et al. 2011; Geist 2011). Il est donc 
essentiel de combiner les approches génétiques avec des approches complémentaires 
provenant d’autres disciplines comme l’écologie ou la démographie des populations (May 
et al. 2011; Paz-Vinas et al. 2013a; cf. chapitre IV). Ainsi, en combinant des approches 
génétiques et des approches démographiques, il est possible d’obtenir des renseignements 
sur l’évolution démographique d’une population à deux échelles différentes : l’échelle 
évolutive et l’échelle écologique. Des méthodes d’inférence génétique basées sur la théorie 
du coalescent peuvent, par exemple, déterminer s’il y a eu un changement de taille efficace 
des populations dans le passé, en donnant des estimations de tailles efficaces actuelles et 
anciennes (jusqu’à plusieurs centaines d’années; Beaumont 1999; Storz & Beaumont 2002; 
Beaumont et al. 2002). Cependant, ces méthodes sont moins adaptées pour estimer des 
changements de taille de populations très récents. Ceci est principalement dû au fait qu’il 
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existe souvent un temps de latence entre le moment où une population subit un changement 
démographique (par exemple, un goulot d’étranglement38) et le moment où apparaissent les 
premières conséquences évolutives dans la population étudiée (par exemple, un 
changement des fréquences alléliques
39
 ou une perte de diversité génétique; Landguth et al. 
2010). Les méthodes démographiques basées sur des données de présence, absence et 
abondance d’espèces, comme les analyses de tendances démographiques (Hamed & 
Ramachandra Rao 1998) ou bien les modèles de distribution d’espèces (Guisan & 
Zimmermann 2000), permettent de révéler des changements démographiques récents à des 
échelles où les méthodes génétiques ne sont pas assez performantes (par exemple, sur 
quelques années ou décennies; Paz-Vinas et al. 2013a; cf. chapitre IV). 
La combinaison de ces méthodes théoriques permet donc de comprendre l’ensemble 
de la distribution dans l’espace et le temps d’une espèce ainsi que de définir sa diversité 
génétique. Les études reposant sur la combinaison pluridisciplinaire de méthodes 
analytiques constituent désormais une base solide sur laquelle s’appuyer pour définir des 
mesures de conservation ciblées et efficaces (May et al. 2011; Paz-Vinas et al. 2013a; 
Palkovacs et al. 2014). 
 
Toutefois, des précautions importantes doivent être prises lors du choix des 
méthodes analytiques à utiliser dans une optique de conservation. En effet, des méthodes 
comme celles utilisées pour inférer des changements de tailles efficaces de populations à 
partir de données génétiques, reposent souvent sur des modèles démographiques simples, 
comme le modèle de Wright-Fisher (Fisher 1922; Wright 1931). Ces modèles sont régis par 
des règles très restrictives comme l’absence de flux de gènes ou de structuration des 
populations (Cornuet & Luikart 1996; Leblois et al. 2006; Chikhi et al. 2010). Les 
populations naturelles (et, notamment, celles d’espèces menacées) s’éloignent des 
hypothèses inhérentes à ces modèles. Pourtant, ces méthodes sont régulièrement utilisées de 
nos jours en biologie de la conservation. Il semble donc capital de savoir si des patrons ou 
des processus propres à un certain type d’organisme, tels que l’asymétrie de dispersion 
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biaisée vers l’aval dans les rivières (Paz-Vinas et al. 2013b; cf. chapitre III), peuvent 
induire des erreurs lors de l’utilisation de ces méthodes. Dans de pareils cas, leur utilisation 
dans le contexte de la biologie de la conservation serait compromise. L’analyse de données 
génétiques simulées sous des modèles mimant ces patrons et processus particuliers est donc 
une étape essentielle pour tester la robustesse des méthodes analytiques (Chikhi et al. 2010; 
Girod et al. 2011; Hoban et al. 2013a; Paz-Vinas et al. 2013b). Les méthodes ainsi testées 
peuvent alors être validées ou non et donner lieu à des mesures appropriées de conservation 
des espèces. 
 
Objectifs de la thèse 
 
L’objectif global de cette thèse est de caractériser la distribution spatiale de la 
diversité génétique neutre des organismes qui vivent dans des réseaux dendritiques. Ceci en 
mettant l’accent sur l’identification et la description de patrons spatiaux généraux de 
diversité génétique, mais aussi en s’appuyant sur la caractérisation de processus historiques 
et/ou contemporains qui génèrent et maintiennent ces patrons de diversité, et enfin en 
explorant les conséquences analytiques que ces patrons et processus peuvent entraîner lors 
de l’utilisation de certaines méthodes d’analyse couramment utilisées en biologie de la 
conservation. 
 
Cette thèse se présente sous la forme de quatre chapitres principaux. 
Dans le chapitre I, mes collaborateurs et moi-même, identifions, grâce à une méta-
analyse, un patron spatial général de diversité génétique qui s’applique chez un grand 
nombre de taxons dans les réseaux hydrographiques dendritiques. Le rôle de trois processus 
pouvant potentiellement générer ces patrons est exploré à travers l’analyse de données 
génétiques simulées sous de multiples modèles dendritiques de populations. La puissance 
discriminante d’un certain nombre de statistiques a été identifiée, et ces statistiques ont été 
utilisées, couplées à des méthodes inférentielles, pour identifier les processus les plus 
probables ayant généré les patrons observés dans des populations naturelles. 
Dans le chapitre II, nous décrivons les patrons de diversité et d’unicité génétique de 





bassin versant de la Garonne. Nous utilisons ensuite des outils d’aide à la décision qui nous 
permettent d’évaluer l’efficacité des aires de protection existantes dans ce bassin. Ceci afin 
de maintenir la diversité génétique et le potentiel évolutif de ces espèces et de proposer de 
nouvelles aires naturelles à conserver. 
Dans le chapitre III, nous explorons les conséquences analytiques de l’asymétrie de 
flux de gènes inhérente aux réseaux hydrographiques sur les méthodes d’inférence des 
histoires démographiques des populations. Les données génétiques simulées et empiriques 
sont analysées avec diverses méthodes et des biais induits par l’asymétrie de flux de gènes 
sont identifiés. 
Dans le chapitre IV, nous appliquons certaines des méthodes utilisées dans le 
chapitre III, combinées à des analyses de tendances démographiques et des modèles de 
distribution d’espèces, sur les données d’une espèce menacée de poisson. Ainsi, nous 
montrons l’intérêt en biologie de la conservation de combiner des analyses génétiques avec 
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Chapitre I – Are there general rules in population 
genetics? Genetic diversity patterns and underlying 
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I.1 – Résumé 
Décrire et comprendre les patrons de biodiversité (les répétitions de ce qui est 
observé dans la nature) est central en biologie. La diversité génétique intra-spécifique est 
encore une facette de la biodiversité pour laquelle il y a eu très peu de tentatives de 
généralisation des observations à de multiples échelles, tout en cherchant les facteurs qui 
les déterminent. Dans les réseaux hydrographiques dendritiques, il est attendu que la 
diversité génétique augmente le long du gradient amont-aval, mais ceci n’a jamais été 
vérifié pour un grand nombre de taxons, et les processus qui peuvent expliquer ces patrons 
restent méconnus. Ici, nous avons tout d’abord conduit une méta-analyse sur 79 populations 
appartenant à de nombreux taxons (Plantes, Arthropodes, Mollusques, Agnathes et 
Poissons) afin de montrer que l’augmentation de diversité génétique vers l’aval (« IGDD », 
pour « Increase in Genetic Diversity Downstream ») constitue un vrai patron général de 
diversité génétique observable dans de nombreux taxons, bien que son intensité varie selon 
les taxons et leur modes de dispersion (selon si les organismes utilisent exclusivement ou 
pas l’eau pour disperser). Ensuite, nous avons généré des simulations sous des modèles 
théoriques afin de montrer que trois processus potentiellement interactifs (le flux de gènes 
biaisé vers l’aval, le différentiel de tailles efficaces des populations le long du gradient 
amont-aval et les colonisations dirigées de l’aval vers l’amont) peuvent générer ce patron. 
De plus, nous avons identifié un groupe restreint de statistiques descriptives qui permet de 
discriminer entre ces processus (et leurs interactions) lorsqu’un IGDD est réellement 
observé. Finalement, nous avons utilisé ces statistiques et des approches de type calcul 
bayésien approché pour montrer que pour la plupart des études empiriques que nous avons 
étudiées, les IGDD observés étaient le produit de deux processus en interaction, alors que 
seulement dans quelques cas, les IGDD pouvaient être attribués à un seul processus. Cette 
étude montre que les patrons spatiaux de diversité génétique existent, et qu’il est possible 
d’inférer empiriquement les processus qui les génèrent. 
Mots clés : patrons spatiaux, biodiversité, réseaux écologiques dendritiques, rivières, flux 
de gènes, colonisation, taille efficace des populations, diversité génétique, méta-analyse, 
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I.2 – Abstract 
Describing and understanding patterns of biodiversity –repetitions in what is 
observed in nature- is a central issue in biological sciences. Intra-specific genetic diversity 
is yet a biodiversity facet for which there has been few attempts to generalize observations 
across scales, and to search for underlying rules. In dendritic river networks, genetic 
diversity is expected to increase as one move downstream, but this has never been verified 
across taxa, and processes that may explain this pattern remain elusive. Here, we show 
through a meta-analysis on 79 studies across a wide range of taxa (Plants, Arthropods, 
Mollusks, Agnates, and Fishes) that an increase in genetic diversity downstream (IGDD) 
actually holds, although the strength of IGDD varied across taxa and dispersal modes (i.e. 
whether or not organisms use only water to disperse). We then implemented pattern-
oriented simulations to theoretically show that three potentially interacting processes 
(downstream-biased asymmetric gene flow, increase in effective population sizes 
downstream and upstream-directed colonization) can generate this spatial pattern. We 
further identified a restricted set of summary statistics allowing discriminating among 
processes (and their interactions) when an IGDD actually occurs. Finally, we combined 
these summary statistics and an approximate Bayesian computation approach to show that 
for most empirical case studies we investigated, IGDD were the by-product of two 
interacting processes, whereas only a few case studies IGDD were attributable to a single 
process. Our study demonstrates that spatial patterns of genetic diversity does exist, and 
that it is possible of empirically infer the underlying rules. 
Keywords: spatial patterns, biodiversity, dendritic ecological networks, rivers, gene flow, 
colonization, effective population size, genetic diversity, meta-analysis, approximate 
Bayesian computation. 
 
I.3 – Introduction 
Spatial patterns of biological diversity are defined as repeatable gradients of 
biodiversity along geographic descriptors (e.g., latitude, longitude or altitude; Levin 1992; 
Lawton 1996; Hillebrand 2004). Describing and understanding spatial patterns of 
biodiversity (hereafter SPB) is a central topic of biological sciences, and ecologists have 
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processes behind SPB has been essentially possible by comparing empirical patterns to 
theoretical models (Chave 2013). This long-lasting tradition of empirical and theoretical 
alliance has been incredibly prolific in improving our understanding of spatial patterns of 
numerous facets of biodiversity (e.g., body size, species richness, geographic range size; 
Chave 2013). However, despite its ecological and evolutionary importance (Hughes et al. 
2008; Caballero & García-Dorado 2013), intra-specific genetic diversity has yet poorly 
benefitted from such an ecological heritage, and remains an aspect of biodiversity for which 
very few spatial patterns are known and understood. 
Population genetics mainly focuses on how intra-specific genetic diversity is 
distributed over space and time and the evolutionary processes explaining its distribution 
(Wright 1943). This discipline mainly seeks “genetic structuring” between and within 
populations, and there have been few attempts to generalize observations across scales, 
ecosystems and species. The few exceptions concern the recurrent observation that genetic 
differentiation tends to increase as the geographic distance between populations increases 
(i.e., “Isolation-by-Distance”; Wright 1943; Sexton et al. 2014), and some attempts to 
generalize the large-scale observation that within-species genetic diversity tends to decrease 
as one moves away from the refuge(s), source(s) or core(s) of colonization (e.g., Adams & 
Hadly 2012; Conord et al. 2012). At a smaller spatial scale, there has been a focus on 
dendritic river networks (DRNs), in which an increase in neutral genetic diversity 
downstream (hereafter IGDD) has been often reported (e.g., Hanfling & Weetman 2006; 
Kikuchi et al. 2009; Alp et al. 2012). Because exceptions to IGDD also exist (e.g., Honnay 
et al. 2010), the question of whether or not these apparently recurrent observations actually 
constitute a general SPB remains open. 
DRNs are spatially characterized by a geometric pattern that is similar to the 
hierarchically branching pattern of a tree (Benda et al. 2004; Campbell Grant et al. 2007). 
They generally consist of a mainstream section and a succession of branches that increase 
in size and decrease in number hierarchically along the upstream-downstream gradient 
(Campbell Grant et al. 2007; Peterson et al. 2013). In addition, DRNs are strongly 
structured by elevation, making water flow unidirectional (i.e., from upstream to 
downstream). These two characteristics (branching geometry and unidirectional water flow) 
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al. 2008; Carrara et al. 2012; Altermatt 2013; Mari et al. 2014). However, there have been 
few attempts to explore theoretically the processes generating spatial patterns of genetic 
diversity in DRNs (but see Labonne et al. 2008; Morrissey & de Kerckhove 2009). 
Three main hypotheses are generally proposed to explain IGDD. First, it may be the 
consequence of unidirectional water flow, which generates downstream-directed 
asymmetric gene flow (the “asymmetric gene flow hypothesis”; Ritland 1989). The second 
hypothesis is based on the assumption that census population size (Nc) co-varies positively 
with effective population size (Ne), which itself co-varies positively with genetic diversity 
(Nei 1987). In DRNs, the amount of habitat availability tends to increase downstream 
(Muneepeerakul et al. 2007). Consequently, generalist species may exhibit higher Ne in 
downstream sections than in upstream sections, which may explain IGDD (the “differential 
of Ne hypothesis”). Finally, the third hypothesis states that IGDD may result from an 
upstream-directed and progressive colonization process: assuming a remnant and/or 
founding population downstream (e.g., following a glacial or mass killing event), an 
upstream-directed and stepwise colonization process will create a succession of founder 
events that may generate a differential of genetic diversity between downstream and 
upstream sections (the “colonization hypothesis”). To our knowledge, there is no study that 
has simultaneously tested which of these hypotheses –or which combination of hypotheses– 
is more likely to generate IGDD. 
The general objectives of this study were to test whether a spatial pattern of increase 
in neutral genetic diversity (e.g., allelic richness) in downstream sections of DRNs actually 
holds across taxonomic groups, and, if yes, to identify the processes generating such a SPB. 
We first conducted a meta-analysis of seventy-nine published empirical datasets to 
characterize spatial patterns of allelic richness of organisms living in various DRNs. We 
then used pattern-oriented simulations to determine which (or which combination) of the 
asymmetric gene flow, differential of Ne and colonization hypotheses is/are more likely to 
generate IGDD. We further used these simulations to highlight summary statistics that may 
help discriminate among these three hypotheses when IGDD are observed in natural 
populations. We finally applied approximate Bayesian computations (ABC) on these 
discriminant statistics to determine the process(es) that actually generated the IGDD 
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theoretical and empirical data, our study extends SPB to intra-specific genetic diversity, and 
proposes a novel framework for describing spatial patterns of genetic diversity and 
deciphering underlying processes. 
 
I.4 – Results 
Spatial patterns of genetic diversity in freshwater organisms  
We reviewed seventy-nine case studies from six major taxonomic groups (Plants, 
Fish, Mollusks, Arthropods, Amphibians and Agnates, see Table S1), from which we 
calculated Pearson’s correlation coefficients between the mean allelic richness (AR) of each 
sampling deme and the distance of each deme from the river mouth (hereafter CORAR, 
significant negative CORAR indicating an IGDD). The distribution of CORAR was skewed to 
the right (skewness = 0.762) with 77.22% of CORAR being negative (Figure I - 1). Using a 
Bayesian meta-regression approach (Hadfield 2010; Nakagawa & Santos 2012), we found a 
global CORAR (hereafter meta-CORAR) equal to -0.41 (95% CI: -0.55 – -0.27), indicating 
that –overall– IGDD actually holds in DRNs. There were however notable exceptions, with 
some relationships being strongly positive (Figure I - 1), and nine case studies for which a 
better fit was obtained with a quadratic, rather than a linear relationship between AR and 
distance from the river mouth (U-shaped or bell-shaped relationships, Table S1). We found 
significant differences in effect sizes among taxonomic groups (DIC comparison between 
the null model and a model including the taxonomic group as a categorical factor: ΔDIC = 
5.59): the mean effect size (MES) was negative and significant for Agnates, Arthropods, 
Fish and Mollusks, whereas it was not significant for Plants and Amphibians (Figure S1). 
As expected, organisms being able to use overland dispersal displayed a MES closer to (and 
overlapping) zero (MES = 0.025, 95% CI: -1.20 – 0.64) than organisms whose dispersal is 
restricted to the water corridors (MES = -0.47, 95% CI: -0.61 – -0.28; DIC comparison 
between the null model and a model including the dispersal mode as a categorical factor: 
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Figure I - 1: Figure representing probability density estimations of Pearson's correlation 
coefficient values between distance from the river mouth and allelic richness (i.e., CORAR 
values) for (i) simulations from each six models (colored lines, left y-axis) and (ii) for 
populations included in the meta-analysis (black dotted line, right y-axis). The grey vertical 
dotted line represents the mean effect size calculated over all case studies from the meta-
analysis (meta-CORAR). The shaded area comprehends the 95% confidence interval for 
meta-CORAR. 
 
The propensity of asymmetric gene flow, differential of Ne and colonization to generate 
IGDDs 
To determine the propensity of the asymmetric gene flow, differential of Ne and 
colonization hypotheses to generate IGDD, we simulated microsatellite genetic data under 
three distinct dendritic models using a coalescent-based approach (Kingman 1982). All 
models had the same spatial configuration but varied in specific parameters (Figure I - 2; 
Table I - 1). These three models were ruled by one of the three processes independently 
(hereafter “ASYM model”, “DIFFNE model” differential of Ne, and “COLON model” for 
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Figure I - 1). Additionally, we ran simulations under three complementary models ruled by 












Figure I - 2: Figure representing the three independent dendritic population models considered for simulating genetic data. (A) represents the asymmetric gene 
flow model (ASYM), with demes of equal size NDEMES and downstream-directed migration equal or higher than upstream-directed migration (i.e., 
MDOWNSTREAM ≥ MUPSTREAM). (B) represents the differential of Ne model (DIFFNE), in which symmetric migration is assumed (MSYMMETRIC) and the size of the 
demes increases along the upstream-downstream gradient by the recurrence relationship Nn+1 = Nn x PSCAL. (C) represents the colonization model (COLON), in 
which the entire population is progressively colonized from downstream-to-upstream by successive colonization steps of length TCOLON and PFRAC x NDEMES 
colonizing individuals per colonization step. The colonization process stops when headwater populations are colonized at time TEND. Although not represented 













Table I - 1: Prior parameter values considered for simulating genetic data under the asymmetric gene flow (ASYM), the differential of Ne 
(DIFFNE) and the colonization (COLON) models. These values were also considered for the two-way interaction models (ASYM/DIFFNE, 
ASYM/COLON and DIFFNE/COLON). 




NDEMES Size of the demes (diploid individuals) 50; 1,000 or 10,000 
PASYM Asymmetry rate 1 to 20 by 0.1 




NHEADWATER Size of the most upstream demes (diploid individuals) 50 to 500 by 5 
PSCAL Scaling parameter for calculating downstream demes sizes 1.0 to 1.5 by 0.1 




NDEMES Size of the demes (diploid individuals) 50; 1,000 or 10,000 
MSYMMETRIC Symmetric migration rate 0.01 to 0.3 by 0.01 
TEND Time of the ending of the stepwise colonization (generations) 10 to 500 by 10 
TCOLON Time elapsed between each colonization step (generations) 5 to 100 by 5 
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We showed that the frequency of negative CORAR (i.e. IGDD) was very high for all 
models except the COLON model (Figure I - 1). Accordingly, more than 87.21% of the 
simulations exhibited a CORAR equal to or lower than meta-CORAR for all models but for 
the COLON model, the later generating only 25.11% of simulations falling below meta-
CORAR (Figure I - 1). For the ASYM and ASYM/COLON models, only a slight proportion 
of simulations (1.17% and 6.39% respectively) generated CORAR included in the 95% CI 
bounding meta-CORAR, whereas this proportion was strikingly higher for the 
ASYM/DIFFNE (20.59%), DIFFNE/COLON (27.80%), DIFFNE (28.06%) and COLON 
(37%) models. 
Unexpectedly, our simulations also revealed that, under very specific conditions 
(i.e. when gene flow was symmetric and/or when there was no differential in Ne along the 
upstream-downstream gradient), the relationship between AR and distance from the river 
mouth was bell-shaped (see Figure S3), which may explain some of the relationships 
observed in natural populations (see above). 
 
Summary statistics discriminating among hypotheses generating IGDDs 
To identify summary statistics that may discriminate among the potential processes 
generating IGDD, we built a classification tree (CT; Breitman et al. 1984) where the 
response variable was the identity of the model used for generating simulations, and the 
predictors were a series of summary statistics that we a priori identified (i.e. CORAR, 
CORHe, CORPA, CORGW, Fst, Fis, Fit, CORIBD, CORIBF, see the Material & Methods section 
for a full description of these statistics). This set of statistics was calculated from the 
simulations displaying a CORAR equal or lower than the meta-CORAR (i.e. displaying a 
“significant” IGDD). 
The CT indicated that four statistics (i.e. CORIBF, CORGW, Fst and CORIBD) were 
sufficient for discriminating among processes –and their two-way interactions– generating 
IGDD (Figure I - 3). The most informative summary statistic was CORIBF, which compares 
the level of genetic differentiation (Fst) between flow-connected and flow-unconnected 
demes (i.e. “Isolation-by-Flow”, see Peterson et al. 2013). CORIBF split simulations from 
the ASYM, ASYM/DIFFNE and ASYM/COLON models from those of the COLON, 
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correlation coefficients between the distance of each deme from the putative river mouth 
and the Garza-Williamson statistic) and Fst discriminated simulations generated under the 
ASYM/DIFFNE and ASYM/COLON models from those generated under the ASYM 
model (Figures I - 3, S2B-C). Finally, Fst and CORIBD (the correlation between pairwise 
Fst and distance between demes, i.e. “Isolation-by-Distance”; Wright 1943) discriminated 
among the ASYM/COLON, DIFFNE/COLON and DIFFNE models (Figures I - 3, S2C-D). 
 
 
Figure I - 3: Classification tree in which the model identity is the response variable, and summary 
statistics calculated for each simulation are predictor variables. At each node, the splitting summary 
statistic is represented in italics, together with its partitioning value. The model identity and the 
percentage of simulations that belong to each model are represented in bold for each leaf of the tree. 
 
The predictive performance of the tree was high, with only 23.5% of the simulations 
from a validation sub-dataset being misclassified by the tree. Most misclassifications (42.65 
%) occurred between the DIFFNE vs. the DIFFNE/COLON models, which indicates a low 
statistical power for efficiently discriminating simulations from these two models. 
Misclassifications were lower than 12% when the distinctions between the DIFFNE and 
DIFFNE/COLON models were not accounted for. 
 
Processes inferred from empirical datasets 
We finally used the ABC framework to evaluate whether or not the summary 
statistics highlighted from our simulations were powerful enough to infer processes from 
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GW statistic, we here focused on CORAR, CORIBF, Fst and CORIBD. We applied independent 
ABC analyses to twelve case studies (Table I - 2) that met the following criteria: (i) 
observed CORAR is equal or lower to meta-CORAR, (ii) the sampling was carried out over an 
entire dendritic network (mainstream + branches), and (iii) authors reported pairwise Fst 
values. 
ABC model choice procedures unambiguously predicted processes underlying 
IGDD in natural populations for eleven out of the twelve case studies (posterior mode 
probabilities > 0.5, Table I - 2). Among these eleven case studies, seven IGDD were 
predicted to be generated by two interacting processes (Table I - 2), whereas the four other 
IGDD were predicted to rely on a single process (three of them were predicted to arise from 












Table I - 2: Posterior model probabilities obtained with ABC model-choice procedures (based on multinomial logistic regression) for a subset of twelve populations 
exhibiting significant IGDDs extracted from the meta-analysis. Bold numbers highlight the highest posterior model probabilities found for each population with the 
ABC procedure. 
 
      Posterior model probabilities 
Species name Reference 
 









Gammarus fossarum Alp et al. 2012 -0.85 0.47 0.26 0.237 0.0000 0.0000 0.0254 0.0000 0.2207 0.7538 
Semotilus atromaculatus Boizard et al. 2009 -0.62 0.39 0.51 0.25 0.0000 0.0000 0.0046 0.5257 0.4685 0.0012 
Poecilia reticulata Crispo et al. 2005 -0.78 0.41 0.36 0.302 0.0000 0.0000 0.0026 0.0000 0.9933 0.0041 
Telestes souffia Dubut et al. 2012 -0.72 0.523 0.517 0.056 0.0281 0.2026 0.0001 0.0069 0.0008 0.7614 
Cottus gobio Hanfling & Weetman 2006 -0.57 0.54 0.29 0.27 0.0000 0.0000 0.2098 0.0000 0.7680 0.0221 
Salmo trutta Horreo et al. 2011 - Nive R. -0.53 0.561 -0.114 0.21 0.0003 0.0021 0.8958 0.0000 0.0434 0.0583 
Cottus gobio Junker et al. 2012 -0.66 0.657 0.44 0.053 0.1145 0.3315 0.0000 0.2649 0.0000 0.2892 
Salix hukaoana Kikuchi et al. 2009 - Tadami R.B. -0.49 0.571 0.571 0.173 0.0000 0.0000 0.0220 0.0000 0.9777 0.0003 
Anodonta californiensis Mock et al. 2010 -0.81 0.409 0.218 0.089 0.0000 0.0007 0.3333 0.0000 0.1453 0.5207 
Gasterosteus aculeatus Raeymaekers et al. 2008) -0.62 0.53 -0.26 0.15 0.0008 0.0103 0.8265 0.0000 0.0315 0.1309 
Gasterosteus aculeatus Raeymaekers et al. 2009 -0.87 0.67 0.403 0.07 0.0128 0.5700 0.0000 0.0164 0.0000 0.4008 
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I.5 – Discussion 
This study illustrates the usefulness of coupling meta-analysis, pattern-oriented 
simulations and model-choice procedures to characterize spatial patterns of neutral genetic 
diversity in the wild, and to identify the foremost processes generating these patterns. The 
meta-analysis reveals that, over all taxonomic groups, neutral genetic diversity increases as 
one move downstream in river networks. We identified three processes (downstream-biased 
asymmetric gene flow, differential of Ne between demes, and upstream-directed 
colonizations) that can act independently or in interaction, and that can theoretically 
generate such a spatial pattern. We finally propose an operational framework aiming at 
discriminating processes underlying empirical IGDD. This study is among the first to 
dissect spatial patterns of within-species genetic diversity, an ecologically and evolutionary 
important facet of biodiversity (Hughes et al. 2008). 
 
Increase in genetic diversity downstream: a general, yet not exclusive, spatial pattern 
Ritland (1989) was the first to propose the idea of IGDD in riverscapes by 
predicting IGDD in riparian and aquatic plants due to the downstream-biased dispersal of 
seeds by hydrochory. Nevertheless, several studies failed at identifying IGDD in natural 
populations (e.g., Tero et al. 2003), making it difficult to generalize the relationship 
between neutral genetic diversity and distance from the river mouth. Here, by exploring a 
broad taxonomic spectrum at a large spatial extent, we quantitatively demonstrate that 
IGDD can actually be considered as a general spatial pattern (sensu Lawton; Lawton 1996) 
of biodiversity. It is however noteworthy that we found exceptions to this pattern, some of 
them deserving considerations. 
For instance, as previously demonstrated by Honnay et al. (2010), our meta-analysis 
suggests that riparian plants may not meet the IGDD. This is surprising given the strong 
expected role of hydrochory for dispersing seeds (Ritland 1989), which suggests that other 
processes may counteract the effect of hydrochory in riparian plants (e.g., endozoochory; 
Honnay et al. 2010). A more intuitive result was that organisms being able of overland 
dispersal such as plants, amphibians and insects having a winged adult life-stage did not 
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asymmetric dispersal, hence allowing maintaining genetic diversity in upstream reaches 
(Chaput-Bardy et al. 2008; Campbell Grant et al. 2010). 
In addition, we found that several populations display strong positive relationships 
between distance from the river mouth and genetic diversity. Such positive relationships 
may be due to the same, but inverted, processes generating IGDD. For instance, an increase 
of Ne upward, an upstream-directed asymmetric gene flow (although biologically less 
likely), or a downstream-directed colonization (e.g., Cyr & Angers 2012) may all generate 
positive relationships between distance from the river mouth and AR. We performed 
supplementary simulations that confirmed that the processes cited above might indeed 
generate these positive relationships (see APPENDIX A2). More surprising was the 
detection of non-linear relationships (11.4%) between distance from the river mouth and 
AR; most of them indicating that AR was higher in the middle of the DRN (i.e., bell-shaped 
relationships). This may empirically arise when the distribution of Ne in DRNs also follows 
a bell-shaped distribution (Watanabe et al. 2008). However, we also observed this type of 
pattern in our simulations when there was no difference in Ne, when migration rates were 
symmetric, and when no recent colonization occurred (Figure S3). This demonstrates that, 
in DRNs, connectivity alone can generate strong (and unexpected) spatial patterns of 
genetic diversity, which complement similar findings on taxonomic diversity (e.g., Carrara 
et al. 2012). Demes situated at the core of the DRN (i.e., intermediate sections) are enriched 
in genetic diversity, probably because they act as ‘crossroads’ between genetically distinct 
demes (notably when migration rates are low). This confirms that new connectivity-based 
statistics such as network centrality measures need to be considered to gain insights into the 
role of network connectivity on SPB in DRNs (Altermatt 2013). 
 
Different processes can led to similar patterns but different genetic footprints 
Simulations revealed that downstream-biased asymmetric gene flow, differential of 
Ne between demes and upstream-directed colonization can all generate IGDD, either 
independently or in interaction. Downstream-biased asymmetric gene flow generates IGDD 
in most cases, since even weak asymmetric gene flow breaks down the effect of 
connectivity and generates strong IGDD, even in the presence of another interacting 
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downstream gradient were sufficient to generate moderate to strong IGDD, especially when 
this process acts alone or in interaction with an upstream-directed colonization 
(APPENDIX A1). In contrast, when acting independently, upstream-directed colonizations 
generated moderate IGDD only under restricted (and complex) combinations of parameter 
values (see APPENDIX A1). These simulations hence revealed that although all processes 
can generate IGDD, the probability of observing IGDD in river networks might be higher 
for populations experiencing asymmetric gene flow and/or a differential of Ne. 
However, this conclusion was challenged by the inference of processes generating 
IGDD in natural populations. Indeed, ABC model choice procedures revealed that IGDD 
observed in the wild are not primarily generated by a single specific process, but rather by 
the combination of two interacting processes. In addition, the colonization hypothesis was 
implied in nine out of the twelve empirical case studies (either independently or in 
interaction with another hypothesis) we investigated, which definitively demonstrate the 
importance of this process in natural populations. Overall, this shows that competing 
processes related to the demography, history and dispersal patterns of populations can all 
underlie IGDD in the wild, and must therefore be considered conjointly when predicting 
spatial patterns of genetic diversity in DRNs. 
We show here that each of these processes leave distinctive genetic footprints on 
specific descriptive statistics, which provides a powerful way to decipher among competing 
processes. More particularly, we demonstrated that patterns of genetic differentiation 
between flow-connected and flow-unconnected demes (Isolation-by-Flow) strikingly differ 
among the three processes. Pairwise Fst were generally higher between flow-unconnected 
demes than between flow-connected demes, but these differences in pairwise Fst were 
higher for models ruled by asymmetric gene flow (either independently or in interaction 
with other processes) than any other models (Figure S2A). Specifically, we identified a 
threshold value of CORIBF (CORIBF > 0.5) that may allow differentiating empirical IGDD 
implying asymmetric gene flow from those implying other processes (Figure S2A). 
However, the discriminant ability of our approach was much higher when CORIBF was 
combined to three other statistics. Two of them (Fst and CORIBD) are routinely used by 
population geneticists, whereas the third one (CORGW) should be further considered by 
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combination of a few simple statistics is powerful for identifying the most likely process 
underlying empirical IGDD, which paves the way towards a new framework for dissecting 
empirical patterns of genetic diversity. 
Finally, our attempt to differentiate among processes underlying empirical IGDD 
suggests that they cannot be predicted based solely on the biological characteristics of 
species. For instance, for the fish Gasterosteus aculeatus (Raeymaekers et al. 2008, 2009), 
we show that processes underlying IGDD vary between the two DRNs investigated (Table I 
- 2), suggesting interactive effects among landscape shape, historical contingency and 
biological characteristics of the taxa. Such interactive effects also probably explain why in 
some cases, the shape of the relationship between AR and distance from the river mouth 
strikingly varies among DRNs for a single species (e.g., the fish Salmo trutta in Horreo et 
al. 2011) displayed four different relationships, Table S1). We anticipate that future 
empirical and theoretical studies should focus more specifically on such interactive effects. 
 
Conclusions and implications 
Our study provides novel insights into the description and understanding of SPB in 
dendritic ecological networks. The pattern of increase in genetic diversity downstream 
highlighted here complements the general observation that taxonomic diversity also 
increases as one move downstream (Campbell Grant et al. 2007; Altermatt 2013). This 
suggests that biodiversity patterns might often be congruent in DRNs (e.g., Blum et al. 
2012). Future studies should investigate further if this is actually the case, and if not, why 
genetic and taxonomic diversity may not correlate in DRNs (Vellend & Geber 2005). In 
addition, understanding the distribution of genetic diversity in DRNs has strong 
implications for predicting the potential for local adaptation in these networks. There have 
been very few attempts to describe spatial patterns of local adaptation in DRNs. However, 
the non-random distribution of genetic diversity in DRNs may have a strong influence on 
the ability of populations to adapt to local conditions (Kawecki & Holt 2002). 
More generally, our study perpetuates and extends the ecological tradition of model 
and empirical coupling to unravel patterns of intra-specific genetic diversity, and hence 
reinforces the connection between ecological sciences and population genetics. We 
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patterns and for discriminating among alternative underlying processes. Intra-specific 
genetic diversity is the fuel for species to adapt to environmental variability, and can also 
have strong indirect influences on ecosystem functioning (Hughes et al. 2008; Caballero & 
García-Dorado 2013). We hence believe that the time is ripe to go beyond species-specific 
case studies, and to move from a collection of independent case studies to the setting of 
general rules. We hope this study will motivate others to accompany this move. Since 
describing and understanding patterns of biological diversity is the basis of integrative and 
efficient conservation measures (Chave 2013), this should become a priority for population 
and conservation geneticists. 
 
I.6 – Materials and Methods 
Patterns of genetic diversity 
We described spatial patterns of genetic diversity as the Pearson's correlation 
coefficient between the distance of each sampling deme from the river mouth and the mean 
allelic richness (hereafter CORAR). Mean allelic richness (AR) is the mean number of alleles 
per sampling deme over loci corrected for the number of individuals genotyped in a deme. 
An IGDD is observed when CORAR is negative and differs significantly from zero. 
 
Empirical meta-analysis 
We conducted a literature survey of scientific papers published during the period 
2004-2013 that report genetic diversity data for freshwater organisms sampled in DRNs. 
The search was done using the ISI Web of Knowledge® platform (last accessed the 18
th
 of 
July 2013) and combining the following keywords: “river”, “genetic diversity” and 
“microsatellites”. We restricted our search to papers that: (i) used microsatellite markers (to 
fit our simulations), (ii) directly reported CORAR, or (iii) reported values of AR for each 
sampled deme as well as a map representing sampling locations. The maps were used to 
calculate distances of each deme from the river mouth using Inkscape v.0.48.2, hence 
allowing the calculation of CORAR. We retained studies for which the sampling was done 
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Simulations 
General spatial configuration. All six models were composed of 33 demes arranged in a 
dendritic fashion: there were eight upstream branches that ultimately feed a downstream 
section arranged in a linear stepping-stone chain composed of 5 demes (Figure I - 2). The 
deme at the bottom of the linear chain was considered as the most downstream deme (i.e., 
"river mouth deme"), whereas the upper demes were considered as the most upstream 
demes (i.e., "headwater demes"). The range of the explored parameter values for each 
model is defined in Table I - 1. Hereafter, we thoroughly present each single-process 
models (asymmetric gene flow model, differential of Ne model and colonization model), 
and then explain briefly how interacting models were built. It is noteworthy that an 
interacting model including all three processes at a time has not been performed because of 
the huge number of parameters to be explored. 
 
Asymmetric gene flow model (ASYM model). We assumed that all demes had the same 
effective population size (NDEMES), which was constant across generations (Figure I - 2A; 
Table I - 1). We considered two different migration rates: a downstream-directed migration 
rate (MDOWNSTREAM) and an upstream-directed migration rate, MUPSTREAM = MDOWNSTREAM / 
PASYM, where PASYM is a parameter representing the level of asymmetric gene flow (Figure 
I - 2A). A PASYM with a value of 1 means that gene flow is symmetric, whereas values > 1 
indicate downstream-biased gene flow.  
 
Differential of Ne model (DIFFNE model). We assumed a single symmetric migration rate 
parameter, MSYMMETRIC (Figure I - 2B; Table I - 1), and we considered that demes increased 
in Ne along the upstream-downstream gradient. This was modelled by (i) setting a 
parameter defining the Ne of all headwater demes, NHEADWATER and, (ii) by determining the 
size of the following demes by the recurrence relationship Nn+1 = Nn x PSCAL. PSCAL 
represents a positive scaling parameter, and the starting value for Nn was N0 = NHEADWATER. 
Populations in this model were characterized by larger Ne in downstream than in upstream 
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Colonization model (COLON model). We considered that populations have experienced a 
stepwise colonization that started from the river mouth deme and ended in the headwater 
demes at a time TEND (Figure I - 2C). The end of the colonization process can be recent or 
ancient, depending on the value of TEND (Table I - 1). The colonization speed is determined 
by the parameter TCOLON, which defines the time (in generations) separating two 
colonization steps (Figure I - 2C). The fraction of colonizing individuals at each step is 
determined by the parameter PFRAC. All demes had the same effective population size 
NDEMES and a unique symmetric migration rate, MSYMMETRIC. 
 
Two-way interaction models (ASYM/DIFFNE, ASYM/COLON and DIFFNE/COLON 
models). These models were arranged in the same spatial fashion than ASYM, DIFFNE and 
COLON, but differed from them in that they were characterized by parameters relative to 
the two processes implied in each of these models. The parameters used in each interacting 
model are those described in Table I - 1. 
 
Simulation procedure. The simulation procedure can be summarized into four major steps: 
(i) sampling of a vector of parameter values (φx) for a specific model from prior parameter 
distributions (defined in Table I - 1); (ii) simulation of a genetic dataset Dx, given φx; (iii) 
calculation of a vector of statistics sx that summarizes the simulated data Dx; and (iv) repeat 
steps (i) to (iii) many times. 
To implement the simulation procedure, we set a computational pipeline based on 
the program ABCsampler (Wegmann et al. 2010) that integrates several additional 
population genetics and statistical programs (see APPENDIX A3 for details). The 
coalescent-based genetic data simulator SIMCOAL v2.1.2 (Laval & Excoffier 2004) was 
used to simulate microsatellite data under the six models described above, given φx. We 
simulated fifteen independent microsatellite loci per individual, assuming a Stepwise 
Mutation Model (SMM) and a mutation rate of 5x10
-4
 over loci. The calculation of 
summary statistics was based on twenty-five diploid individuals sampled from each deme, 
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Summary statistics. We used the software arlsumstat (Excoffier & Lischer 2010) to 
calculate over loci and for each deme the expected heterozygosity (He), the Garza-
Williamson's statistic (GW), global Fst, Fis and Fit values, as well as pairwise Fst values 
between demes. We used the software ADZE v1.0 (Szpiech et al. 2008) to estimate AR and 
mean private allelic richness (PA) at the deme level. Finally, we used the R statistical 
software v.2.13 to characterize spatial patterns of genetic diversity for each Dx and for each 
model by calculating CORAR (as described above). In addition, we calculated potential 
discriminant statistics. Specifically, we computed Pearson's correlation coefficients 
between the distance of each deme from the putative river mouth and He, PA and GW 
(hereafter CORHe CORPA and CORGW respectively). We also performed, for each Dx, 
multiple regressions on distance matrices (Lichstein 2006) in which the matrix of genetic 
differentiation (i.e., pairwise Fst) was the dependent variable, and the two independent 
variables were (i) a matrix informing geographic distances between demes (in number of 
demes) and (ii) a binary matrix informing the level of flow connectivity between pairs of 
demes (two demes were considered flow-connected when water can flow from the 
upstream deme to the downstream deme; flow-unconnected demes are two demes that share 
a common confluence downstream but do not share flow; see Figure I - 3 in (Peterson et al. 
2013). This analysis produced two standardized regression coefficients: one informing the 
effect of geographic distances on genetic differentiation (i.e., “Isolation-By-Distance”, 
hereafter CORIBD) and the other informing the effect of among-demes flow connectivity on 
genetic differentiation (“Isolation-By-Flow”, hereafter CORIBF). 
We generated 300,000 Dx per model, which covered the entire parameter space 
defined in Table I - 1 for the ASYM, DIFFNE and COLON models, and a substantial 
proportion of the parameter space defined for the two-way interaction models 
(ASYM/DIFFNE, ASYM/COLON and DIFFNE/COLON models). Simulations were 
performed on an ALTIX ICE 8200 EX cluster (Silicon Graphics International, Fremont, 
CA, USA) hosted by the CALMIP group (University Paul Sabatier, Toulouse, France). 
 
Statistical analyses 
Spatial patterns of genetic diversity in freshwater organisms. After having transformed 
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a meta-regression approach (based on Bayesian mixed-effects meta-analysis, BMM; 
Hadfield 2010; Nakagawa & Santos 2012) to estimate the mean effect size (MES) over all 
case studies, which was then back-transformed into a correlation coefficient (hereafter 
meta-CORAR). We included “study identity” as a random factor in the BMM, and we 
estimated the MES (with its 95% confidence intervals, 95% CI) as the intercept of the null 
model (i.e., no fixed effect). We ran a first additional BMM in which the “taxonomic 
group” was included as a categorical fixed effect to test whether or not the MES varied 
significantly among major taxonomic groups. In a second additional BMM, we informed 
whether dispersal is only possible through water channels (e.g. fish, mollusks), or if over-
land dispersal is also possible (through wind, air or terrestrial dispersal, e.g. plants, 
amphibians and some arthropods). The “dispersal mode” was included as a categorical 
fixed effect to test the working hypothesis that organisms being able to use over-land 
dispersal should display CORAR closer to zero. The Deviance Information Criteria (DIC) of 
each additional model was compared to the DIC of the null model to test the “significance” 
of including the taxonomic identity or dispersal mode of each species. 
 
The propensity of asymmetric gene flow, differential of Ne and colonization to generate 
IGDDs. We used non-parametric probability density functions to visually inspect the 
propensity of each model to generate negative CORAR. In addition, we calculated for each 
model independently (i) the proportion of simulations generating a CORAR lower than the 
meta-CORAR and (ii) the proportion of simulations generating CORAR falling within the 
95% CI around meta-CORAR. 
 
Summary statistics discriminating among hypotheses generating IGDDs. To identify 
summary statistics that may discriminate among the six potential processes generating 
IGDDs, we built a classification tree (CT; Breitman et al. 1984), which is a decision tree in 
which the response variable is categorical (here the identity of the model used for 
generating simulations). The predictors were the summary statistics calculated from the 
simulations (CORAR, CORHe, CORPA, CORGW, Fst, Fis, Fit, CORIBD, CORIBF). Only 
simulations generating a CORAR equal or lower than the meta-CORAR were considered for 
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the simulations. The other 25% (i.e. validation sub-dataset) was used to estimate the 
predictive performance of the CT, by calculating a misclassification rate. 
 
Processes inferred from empirical datasets. We applied ABC model choice procedures 
(Beaumont et al. 2002) to assess which of the three hypotheses –or their interactions– best 
explain IGDD observed in a subset of studies from the meta-analysis. We here considered 
four summary statistics: CORAR, CORIBF, global Fst and CORIBD. These three last summary 
statistics were considered since (i) they were shown to be highly powerful to discriminate 
among hypotheses by the CT (see Results section) and (ii) they were available from 
published data. We did not included CORGW in the ABC even if it was highlighted as a 
major discriminant statistic by the CT. This is because all studies we investigated fail to 
report the GW statistic. However, the loss of predictive power of the CT when CORGW is 
removed is very low (an increase of +3.01% in the misclassification rate), which suggest 
that proper inferences may be done without this statistic. Independent ABC analyses were 
performed for each surveyed population that met the following criteria: (i) observed CORAR 
is equal or lower to meta-CORAR, (ii) the sampling was carried out over an entire dendritic 
network (mainstream + branches), and (iii) authors calculated pairwise Fst values (twelve 
studies followed the three above-mentioned criteria, see Table I - 2). Pairwise Fst were 
used to calculate CORIBF and CORIBD by gathering topological distances and between-
demes flow connection matrices determined from published maps. Model choice 
procedures were performed using multinomial logistic regressions and considering a 
tolerance rate of 1% with the R package ‘abc’ (Csilléry et al. 2012). 
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I.8 – Matériel supplémentaire du Chapitre I. 
Table S1: Pearson’s correlation coefficient values between allelic richness and distance to the river mouth (CORAR) obtained or computed for seventy-
nine populations from a literature survey, along with publication details and species names for each surveyed population. In the column “River type”, 
we also indicated if the whole drainage (“Dendritic”) or only the mainstream (“Mainstream”) has been sampled. The “Type of the best-fitting 





Author Year Journal Species name River type CORAR 
Type of the 
best-fitting 
relationship 
Agnates Yamazaki et al. 2011 Conserv. Genet. Lethenteron sp. Mainstream -0.98 Linear 
Amphibians Mullen et al. 2010 Mol. Ecol. Dicamptodon aterrimus Dendritic 0.03 Linear 
Arthropods Alp et al. 2012 Freshwater Biol. Baetis rhodani Dendritic -0.16 Bell-shaped 
 Alp et al. 2012 Freshwater Biol. Gammarus fossarum Dendritic -0.85 Linear 
 Huey et al. 2011 Freshwater Biol. Macrobrachium australiensis Mainstream -0.57 Linear 
Fishes Alo & Turner 2005 Conserv. Biol. Hybognathus amarus Mainstream -0.87 Linear 
 Beneteau et al. 2009 Conserv. Genet. Etheostoma blennioides Mainstream -0.88 Linear 
 Beneteau et al. 2009 Conserv. Genet. Etheostoma blennioides Mainstream 0.08 Linear 
 Bessert & Orti 2008 Conserv. Genet. Cycleptus elongatus Mainstream -0.8 Linear 
 Bessert & Orti 2008 Conserv. Genet. Cycleptus elongatus Mainstream -0.22 Linear 
 Blanchet et al. 2010 Evol. Appl. Squalius cephalus Mainstream -0.03 Linear 
 Blanchet et al. 2010 Evol. Appl. Gobio gobio Mainstream -0.56 Linear 
 Blanchet et al. 2010 Evol. Appl. Leuciscus burdigalensis Mainstream -0.86 Linear 
 Blanchet et al. 2010 Evol. Appl. Phoxinus phoxinus Mainstream -0.49 Linear 
 Blanchet et al. 2010 Evol. Appl. Squalius cephalus Mainstream -0.74 Linear 
 Blanchet et al. 2010 Evol. Appl. Gobio gobio Mainstream -0.17 Linear 
 Blanchet et al. 2010 Evol. Appl. Leuciscus burdigalensis Mainstream -0.61 Linear 
 Blanchet et al. 2010 Evol. Appl. Phoxinus phoxinus Mainstream -0.7 Linear 
 Blum et al. 2012 Oecologia Campostoma anomalum Dendritic 0.31 Linear 
 Boizard et al. 2009 Mol. Ecol. Semotilus atromaculatus Dendritic -0.62 Linear 
 Carrea et al. - Negro R.B. 2013 Freshwater Biol. Galaxias maculatus Mainstream -0.66 Linear 
 Carrea et al. - Santa Cruz R.B. 2013 Freshwater Biol. Galaxias maculatus Mainstream -0.75 Linear 





 Cook et al. 2007 Biol. Conserv. Nannoperca australis Dendritic -0.57 Linear 
 Crispo et al. 2005 Mol. Ecol. Poecilia reticulata Dendritic -0.78 Linear 
 Cyr & Angers 2013 Genetica Ambloplites rupestris Dendritic -0.48 Linear 
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Figure S1: Comparison of the mean effect sizes (Zr) obtained with 
Bayesian mixed-effects meta-analysis using the “taxonomic group” as a 
categorical fixed effect. Grey lines represent 95% confidence intervals 








Figure S2: Probability density estimations of (A) CORIBF, (B) CORGW, (C) global Fst and (D) CORIBD 







Figure S3: Mean Allelic Richness per deme in function of the distance from the putative river 
mouth (in demes) for (A) simulations obtained with the ASYM model assuming 
MDOWNSTREAM=0.03, NDEMES=10,000 and PASYM=1 (i.e., symmetric migration), (B) simulations 
obtained with the ASYM model assuming MDOWNSTREAM=0.03, NDEMES=10,000 and PASYM=3, (C) 
simulations obtained for the DIFFNE model assuming MSYMMETRIC=0.03 and PSCAL=1 (i.e., no 
difference in deme sizes) and (D) simulations obtained for the DIFFNE model assuming 
MSYMMETRIC=0.03 and PSCAL =1.3. Grey vertical lines represent standard errors. 
 
APPENDIX A1 
Regression trees for each model 
We performed regression trees (RTs, Breitman et al. 1984) to determine, for each 
model, the combinations of parameter values that are more likely to generate strong 
negative CORAR. RTs are decision trees measuring the amount of variation in a response 
variable (here, CORAR) explained by each predictor of a model (here, model parameters). 
For each model we considered a learning sub-dataset composed of 75% of the simulations. 
The other 25% was used to estimate the predictive performance of the trees, by calculating 





Regression trees (RTs) revealed that under all the models ruled by asymmetric gene 
flow (i.e. the ASYM, ASYM/DIFFNE and ASYM/COLON models), strong IGDD were 
obtained as soon as asymmetric gene flow (PASYM) was higher than 1.75-2.25, irrespective 
of other parameter values (Figures A1A-D-E and S3B for an illustration). CORAR values 
close to zero were produced by the ASYM model only for very low asymmetric gene flow 
(PASYM < 1.75) and under specific combinations of parameter values (Figure A1A). 
Interestingly, when gene flow was symmetric (PASYM = 1) we detected a bell-shaped 
relationship whereby demes in the middle section of the network displayed the highest AR 
(see Figure 3A). The RMSE was very low (i.e., 0.042), indicating that the tree was robust. 
Similarly, for the DIFFNE model (RMSE = 0.12), as well as for the DIFFNE/COLON 
model (RMSE = 0.13), we found strong IGDD when PSCAL was greater than 1-1.25 and 
migration rate was low to moderate (MSYMMETRIC < 0.155 – 0.175; see Figures S3D, A1B). 
We also found bell-shaped relationships for simulations with PSCAL = 1 (see Figure S3C). 
Concerning the COLON model, we did not find clear partitioning (Figure A1C). The 
parameters specific to the colonization process (TEND, PFRAC, TCOLON) did not significantly 
split the tree: only NDEMES and MSYMMETRIC were important for predicting CORAR values 
(Figure A1C). The RMSE of this tree was high (0.21), which illustrates the difficulty to 
predict CORAR from these model parameters. Nevertheless, some parameters relative to the 
colonization process (i.e.  TEND and TCOLON) were informative for predicting CORAR in the 
ASYM/COLON model (RMSE = 0.09). This suggests that the timing and the pace of a 
progressive upstream-directed colonization may modulate the effects of asymmetric gene 
flow on generating IGDD. 
Finally, simulations of the ASYM/DIFFNE model (RMSE = 0.213) were 
exclusively ruled by parameters relative to the asymmetric gene flow process (i.e. PASYM 
and MDOWNSTREAM), which demonstrates that the effect of differential in Ne is hampered by 
asymmetric gene flow in this model. 
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Figure A1: Regression trees built for (A) the asymmetric gene flow (ASYM) model, (B) the differential of Ne (DIFFNE) model, (C) the colonization (COLON) model, and 
the two-way interaction models: (D) for the ASYM/DIFFNE model, (E) for the ASYM/COLON model and (F) for the DIFFNE/COLON model. For each tree, CORAR is the 
response variable and model parameters are predictor variables. At each node, the splitting parameter is represented in italics together with its partitioning value. CORAR 








Description of the supplementary simulations considering inverted gene flow asymmetry 
and decreasing Ne along the upstream-downstream gradient. 
The meta-analysis included in this study shows that, albeit the pattern of Increase in 
Genetic Diversity Downstream (IGDD) is general to all types of organisms living in 
Dendritic River Networks (DRNs), it is not an exclusive spatial pattern in the wild. Indeed, 
we found that some populations display strong positive relationships between distance from 
the river mouth and allelic richness (~7.5%). Such positive relationships may be due to the 
same –but inverted– processes that generate IGDDs. For instance, an increase of Ne 
upward, an upstream-directed asymmetric gene flow, or a downstream-directed 
colonization may all generate positive relationships between distance from the river mouth 
and AR. We performed supplementary simulations to explore whether or not inverted 
asymmetric gene flow (i.e., upstream-biased asymmetric gene flow) and decreases of Ne 
along the upstream-downstream gradient were able to generate Increases in Genetic 
Diversity Upstream (i.e., IGDU). We did not perform supplementary simulations for 
illustrating a downstream-directed stepwise colonization process due to the complexity of 
implementing such a model (e.g., eight different starting points should be considered; 
changes in the direction of the colonisation process must also be implemented to allow 
colonising other headwater sections). 
Based on the same general spatial configuration that we previously considered for 
the ASYM, DIFFNE and COLON models described in the main text, we set two new 
models to simulate genetic datasets of populations ruled by upstream-directed asymmetric 
gene flow and by a decrease of Ne along the upstream-downstream gradient (see Figure A2-
1 below). 
 
Inverted asymmetric gene flow model. In this model (hereafter, inverted ASYM model), we 
assumed that all demes had the same effective population size (NDEMES), which was 
constant across generations (Figure A2-1A; Table A2). We considered two different 
migration rates: an upstream-directed migration rate (MUPSTREAM) and a downstream-
directed migration rate, MDOWNSTREAM = MUPSTREAM / PASYM, where PASYM is a parameter 





1 means that gene flow is symmetric, whereas values above 1 indicate upstream-biased 
gene flow. 
 
Inverted differential of Ne model. In this model (hereafter, inverted DIFFNE model), we 
assumed a single symmetric migration rate parameter, MSYMMETRIC (Figure A2-1B; Table 
A2), and we considered that demes increased in Ne along the downstream-upstream 
gradient (which is equivalent to a decrease in Ne along the upstream-downstream gradient). 
This was modelled by (i) setting a parameter defining the Ne of the river mouth deme, 
NMOUTH and, (ii) by determining the size of the following demes by the recurrence 
relationship Nn+1 = Nn x PSCAL. PSCAL represents a positive scaling parameter, and the 
starting value for Nn was N0 = NMOUTH. Accordingly, populations in this model were 
characterized by larger Ne in upstream demes than in downstream demes (Figure A2-1B). 
 
As for the normal models, we followed the same simulation procedure and simulated 
150,000 Dx per model, considering the parameter values reported in the table below (Table 
A2). 
We then used probability density estimations to visually inspect the propensity of each 
model to generate positive CORAR (i.e., IGDU). These supplementary simulations 
confirmed that both upstream-directed asymmetric gene flow and decreasing Ne along the 
upstream-downstream gradient might indeed generate the positive relationships between 
allelic richness and distance found in the meta-analyses (see Figure A2-2 below). The 
model that generated the stronger IGDUs was the DIFFNE model, as illustrated by the 
strong positive CORAR values found for many simulations generated under this model 
(Figure A2-2). It is noteworthy that a small proportion of simulations from the inverted 
ASYM model exhibited strong negative CORAR values indicative of IGDD. These values 






Table A2: Prior parameter values considered for simulating genetic data under the two 
inverted models. 
 
Model Parameter Description Prior parameter values 
Inverted
ASYM 
NDEMES Size of the demes 50; 1,000 or 10,000 
PASYM Asymmetry rate 1 to 20 by 0.1 
MUPSTREAM Upstream-directed migration rate 0.01 to 0.3 by 0.01 
Inverted
DIFFNE 
NMOUTH Size of the river mouth deme  50 to 500 by 5 
PSCAL Scaling parameter 1.0 to 1.5 by 0.1 




Figure A2-1: Figure representing the two inverted dendritic population models. (A) represents the 
inverted asymmetric gene flow model (inverted ASYM), with demes of equal size NDEMES and 
upstream-directed migration equal or higher than downstream-directed migration (i.e., MUPSTREAM ≥ 
MDOWNSTREAM). (B) represents the inverted differential of Ne model (inverted DIFFNE), in which 
symmetric migration is assumed (MSYMMETRIC) and the size of the demes increases along the 







Figure A2-2: Figure representing kernel density estimations of Pearson's correlation coefficient 
values between distance from the river mouth and allelic richness (i.e., CORAR values) for (i) 
simulations from the inverted ASYM model (red continuous line), (ii) the inverted DIFFNE model 
(blue continuous line), and (iii) for populations included in the meta-analysis (black dotted line). 
The grey vertical dotted line represents the mean effect size calculated over all case studies from the 




The computational pipeline used for implementing the simulation procedure 
To implement the simulation procedure used in this study, we set a computational 
pipeline that integrates several population genetics and statistical programs (see Figure A3 
below for a flowcharted description of the pipeline). The core of the pipeline was the 
program ABCsampler from the ABCtoolbox package (Wegmann et al. 2010). This 
program, combined to bash scripts, allowed (i) automatically managing dialogs between the 
different programs composing the pipeline, (ii) sampling parameter values (φx) from prior 
distributions (defined in Table 1), and (iii) feeding the simulation program with φx (Figure 
A3). We used the coalescent-based, backwards-in-time genetic data simulator SIMCOAL 
v2.1.2 (Laval & Excoffier 2004) to simulate 300,000 microsatellite datasets (Dx) for each 





ASYM/DIFFNE, ASYM/COLON and DIFFNE/COLON), given φx. We integrated in the 
pipeline the conversion program PGDSpider v2.0 (Lischer & Excoffier, 2012) to convert 
each Dx generated by SIMCOAL v2.1.2 in arlequin format (Excoffier & Lischer, 2010) to 
other formats specific to the softwares used for calculating summary statistics (Figure S1). 
The software arlsumstat (Excoffier & Lischer, 2010) was feed with Dx in arlequin format to 
calculate over loci and for each deme expected heterozygosities (He), the Garza-
Williamson's statistic (GW), global Fst, Fis and Fit values, as well as pairwise Fst values 
between demes. In parallel, PGDSpider v2.0 converted the Dx in arlequin format to the 
structure format (Pritchard et al. 2000), which corresponds to the input format of the 
software ADZE v1.0 (Szpiech et al. 2008). This last was used to estimate AR and mean 
private allelic richness (PA) at the deme level for each Dx. Finally, we used the R statistical 
software (v.2.13, R Developmental Core Team, 2012) to (i) extract, concatenate and store 
all the summary statistics in a single file, (ii) characterize spatial patterns of genetic 
diversity for each Dx and for each model by calculating CORAR, (iii) calculate Pearson's 
correlation coefficients between the distance of each deme from the putative river mouth 
and He, PA and GW (i.e., CORHe CORPA and CORGW  respectively) and (iv) to perform for 
each Dx, multiple regressions on distance matrices (MRM; Lichstein 2007) as described in 







Figure A3: Figure representing the computational pipeline used for simulating and analyzing the 
simulated genetic datasets. 
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II.1 – Résumé 
La diversité génétique est fondamentale pour préserver le potentiel évolutif des 
espèces, ainsi que pour garantir leur persistance à long terme dans un écosystème. 
L’identification de zones de conservation prioritaires ayant pour but de préserver la 
diversité génétique des espèces, ainsi que l’évaluation de l’éfficacité des aires étant déjà 
protégées, est donc primordiale en sciences de la conservation. La planification 
systématique de la conservation nécéssite, afin d’être efficace, des bases de données très 
riches et robustes. Cependant, l’élaboration de bases de données génétiques multi-
spécifiques couvrant une grande échelle spatialle reste très rare, à cause principalement de 
limitations techniques, ce qui a limité la planification systématique de la conservation de la 
diversité génétique. Les progès récents dans les domaines de la biologie moléculaire et de 
la bioinformatique permettent maintenant de construire des bases de données génétiques 
multi-spécifiques très riches en données, et qui peuvent donc théoriquement être intégrées 
dans le cadre analytique de la planification systématique de la conservation. Ici, nous 
utilisons une base de données microsatellites compilée pour quatre espèces de poissons 
d’eau douce (i.e. Squalius cephalus, Gobio occitaniae, Barbatula barbatula et Phoxinus 
phoxinus) échantillonées dans quatre-vingt douze sites recouvrant l’ensemble du bassin 
versant de la Garonne (Sud-Ouest de la France) afin de (i) déterminer les patrons spatiaux 
de diversité génétique de ces quatre espèces pour quatre métriques différentes, et d’ (ii) 
identifier les zones de conservation prioritaires sur la base de ces données génétiques. Nous 
démontrons que la planification systématique de la conservation de la diversité génétique 
est faisable, bien que nous ayons identifié des problèmes qui émergent de la non-
congruence entre les patrons de diversité génétique des espèces, ainsi que du choix d’un 
objectif de conservation non pertinent. Ces problèmes peuvent biaiser la planification 
systématique de la conservation de la diversité génétique et doivent donc être pris en 
compte lorsque l’on veut préserver le potentiel évolutif des espèces. 
Mots-clés : patrons spatiaux, biodiversité, diversité génétique, planification systématique 
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II.2 – Abstract 
Genetic diversity is fundamental for preserving the evolutionary potential of species 
and for guaranteeing their long-term persistence in ecosystems. The identification of 
priority areas aiming at preserving the genetic diversity of species, as well as the evaluation 
of the efficiency of already-existing areas, is thus a key concern in conservation sciences. 
Successful systematic conservation planning generally requires consistent data-rich 
datasets. However, the building of large-scale, multi-specific genetic datasets has been 
generally scarce due to technical limitations, hence refraining systematic conservation 
planning of genetic diversity. Recent advances in molecular biology and bioinformatics 
now allow building data-rich multi-specific datasets that can be theoretically integrated in 
the systematic conservation planning framework. Here, we used microsatellite data 
gathered for four freshwater fish species (i.e. Squalius cephalus, Gobio occitaniae, 
Barbatula barbatula and Phoxinus phoxinus) that have been sampled across ninety-two 
sampling sites distributed across the whole Garonne river basin (South-Western France) to 
(i) determine spatial patterns of genetic diversity for each species using four different 
metrics, and (ii) to identify priority conservation areas to protect on the basis of genetic 
criteria. We demonstrate that systematic conservation planning of genetic diversity is 
feasible, although we identified some caveats that arise from the incongruency of spatial 
partterns of genetic diversity among species and from the choice of unreasonable 
conservation goals. Such caveats may bias systematic conservation planning and must be 
taken into account when aiming to preserve the evolutionary potential of species. 
Keywords: spatial patterns, biodiversity, genetic diversity, systematic conservation 
planning, multi-specific, dendritic, freshwater, fish. 
 
II.3 – Introduction 
Identifying new areas for biodiversity conservation and evaluating the efficiency of 
already-existing protected areas in a cost-effective manner is a complicated but ineluctable 
challenge in conservation sciences (Margules & Pressey 2000; Traba et al. 2006; Hermoso 
et al. 2013a). The efficiency of conservation planning measures is intimately related to the 
nature and the quality of the information gathered for defining protected areas (Possingham 
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consistent range-wide biodiversity data for defining protected areas (Grantham et al. 2010; 
Hermoso et al. 2013a), but the building of such datasets is generally time- and resource-
consuming (Gardner et al. 2008). Ecologists have traditionally managed to compile data-
rich biodiversity datasets at multiple spatial scales that bring valuable insights onto how 
biodiversity is distributed in space (Pitman et al. 2001; Davies et al. 2007; Altermatt et al. 
2013). As conservation biologists traditionally feed on the ecologists’ “savoir-faire”, 
conservation-oriented studies built on consistent, extensive datasets are frequent as well 
(Gardner et al. 2008; Bonardi et al. 2011), hence constituting robust raw material for 
designing efficient conservation actions. 
Meanwhile, population –and by extent, conservation– geneticists have been 
generally one step behind ecologists regarding the data they can compile, mainly because of 
the time and the cost required to carry molecular analyses (Pauls et al. in prep; Carstens et 
al. 2012; Andrew et al. 2013). However, the integration of the genetic facet of biodiversity 
in conservation has been widely considered as fundamental for preserving the evolutionary 
potential of species and for guaranteeing the persistence of biodiversity in ecosystems 
(Frankel 1974; Forest et al. 2007; Hughes et al. 2008; Frankham 2010; Taberlet et al. 2012; 
Hoban et al. 2013; Caballero & García-Dorado 2013). In this context, conservation 
geneticists have principally focused on evaluating the evolutionary potential of single 
threatened species, by assessing their levels of genetic diversity and structure in restricted 
spatial scales (i.e., a single landscape) through snapshot genetic assessments (Schwartz et 
al. 2007). These studies have been undeniably useful for defining conservation actions to 
be adopted for many endangered taxa (Wenburg et al. 1998; Geist & Kuehn 2004; Alò & 
Turner 2005; Paz-Vinas et al. 2013a), but the integration of evolutionary processes and 
genetic data in systematic conservation planning have been generally scarce (Vandergast et 
al. 2008; Thomassen et al. 2011) due to the restricted extent of genetic datasets. Including 
genetic criteria in systematic conservation planning should not only improve the definition 
of areas that protect exclusive genetic lineages and maintain genetic diversity (Bonin et al. 
2007; Funk et al. 2012) but also help to assess whether or not existent protected areas are 
suited for preserving the evolutionary potential of local species. 
Recent advances in molecular biology, bioinformatics and population genetics have 
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the genotyping of huge number of individuals of many different species sampled at several 
locations (Carstens et al. 2012; Andrew et al. 2013). By consequence, the gap of data 
availability existing between ecologists and geneticists is being filled at an unprecedented 
pace, hence making systematic conservation planning based on genetic criteria feasible. 
The main objective of this study is to illustrate what data-rich, multi-specific 
genotypic data gathered at large spatial scales can bring to the field of systematic 
conservation planning for (i) evaluating the efficiency of existing protected areas to 
preserve the evolutionary potential of species and (ii) for identifying new complementary 
priority conservation areas. We focus on a data-rich multi-specific microsatellite dataset 
that concern four sympatric freshwater fish species (i.e. Squalius cephalus, Gobio 
occitaniae, Barbatula barbatula and Phoxinus phoxinus) that have been sampled across a 
whole river basin (i.e. the Garonne river basin, South-Western France). River basins are 
challenging systems for defining priority conservation areas based on genetic diversity, 
because their complex spatial structure and its underlying processes strongly shape genetic 
diversity patterns in these ecosystems (Labonne et al. 2008; Morrissey & de Kerckhove 
2009; Paz-Vinas et al. in prep). First, we assessed the spatial distribution of the genetic 
diversity of these four species across the whole river basin, by calculating different genetic-
based α and β diversity indices that are relevant from a conservation standpoint (Petit et al. 
1998; Kalinowski 2004; Coleman et al. 2013). Specifically, we estimated allelic richness 
(AR; Petit et al. 1998) and private allelic richness (PA; Kalinowski 2004) as α-diversity 
indices, and genetic uniqueness measures based on genetic differentiation (i.e. Dest; Jost 
2008) and dissimilarity (i.e. βSIM; Simpson 1943; Lennon et al. 2001) metrics as β-diversity 
indices. Genetic uniqueness measures indicate how much a population is genetically 
“unique” compared to the others. Second, we assessed and compared the spatial patterns 
observed for these metrics at both intra- and inter-specific levels. Third, we evaluated the 
efficiency of the coverage of actual protected areas for preserving the genetic diversity and 
uniqueness of these species at the Garonne river basin scale. We finally applied 
conservation planning tools based on genetic criteria (allelic presence/absence data) to 
highlight which protected areas are irreplaceable and to propose new priority areas that 
complement (if necessary) those already in effect. This study will shed light on the 
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conservation planning framework for evaluating and defining priority areas that efficiently 
preserve the evolutionary potential of communities of species. 
 
II.4 – Materials & Methods 
Biological models 
We considered in this study four sympatric freshwater fish species from the 
Cyprinids family. Three of them are widespread across Europe (i.e. Squalius cephalus, 
Phoxinus phoxinus and Barbatula barbatula) whereas Gobio occitaniae is endemic from 
the Southern part of France (Kottelat & Persat 2005). These four fish species display 
considerable variability in terms of life-history traits, some being large-bodied fish species 
with long lifespan (e.g. Squalius cephalus) whereas others are small-bodied species with 
shorter lifespan (e.g. Phoxinus phoxinus; Blanchet et al. 2010; Keith et al. 2011). 
 
Sampling design 
During Spring/Summer 2010 and 2011, we used electro-fishing to sample ninety-
two sites belonging to thirty-five rivers from the Garonne river basin, so as to cover the 
whole distribution of the species at the basin scale (Figure II - 1). Up to 25 individuals per 
species and per site were sampled. It is noteworthy that not all species were present at all 
sampling sites (Figure S1) and some species were at a density that did not allow reaching 
the objective of 25 individuals. In such cases, we captured as many individuals as possible 
to allow consistent genetic analyses. We collected from each sampled individual a small 
fragment of pelvic fin. Fins were stored in 90% ethanol and individuals were released alive 
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Figure II - 1: Map of the Garonne river basin representing (i) the sampling sites, (ii) the sampled rivers, 
and (iii) protected areas that belong to different protection networks (i.e., Natura 2000, Biological 
Reservoirs and National Parks). 
 
Protected areas coverage 
We used ARCGIS v10.2 (ESRI, Redlands, CA, USA) to identify protected areas 
that directly concern or comprehend streams and rivers from the Garonne river basin. We 
specifically selected protected areas that belong to four different protection networks: 
Special Protection Areas (SPAs) and Special Areas of Conservation (SACs) (both 
belonging to the European Union “Natura 2000” protection network), the French 
“biological reservoirs” network, and National parks. Although these protected areas are 
different and ensure different levels of protection depending on the habitat, species, or 
communities they target, we will assume in the following that a site will be protected if it 
belongs to at least one of these networks. 
 
Genotyping 
Genomic DNA was extracted using a salt-extraction protocol (Aljanabi & Martinez 
1997). We used multiplexed Polymerase Chain Reactions (PCRs) to co-amplify 8 to 10 
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barbatula and 8 for G. occitaniae). We used 5-20 ng of genomic DNA and QIAGEN® 
Multiplex PCR Kits (Qiagen, Valencia, CA, USA) to perform PCR amplifications. Details 
on loci, primer concentrations and PCR conditions can be found elsewhere (Blanchet et al. 
2010 for S. cephalus, G. occitaniae and P. phoxinus; Taylor et al. 2001 for B. barbatula). 
The genotyping was conducted on an ABI PRISM™ 3730 Automated Capillary Sequencer 
(Applied Biosystems, Foster City, CA, USA) hosted at the "Génopole Toulouse Midi-
Pyrénées" (France). The scoring of allele sizes was made with the program 
GENEMAPPER® v.4.0 (Applied Biosystems). 
 
Genetic diversity assessment 
Descriptive genetic analyses were only conducted for sampling sites with a 
minimum sampling size of N = 10 individuals, so as to guarantee consistency on 
subsequent allelic frequency-based genetic analyses. We determined the occurrence of null 
alleles, large allele dropouts and potential scoring errors with the program 
MICROCHECKER 2.3 (Van Oosterhout et al. 2004). We tested for departures from Hardy-
Weinberg (HW) equilibrium with the program GENEPOP v4.0 (Rousset & Raymond 1995; 
Rousset 2008), adjusting the levels of significance for HW by using the False Discovery 
Rate (FDR) procedure of Benjamini & Hochberg (1995). The program FSTAT 2.9.3.2 
(Goudet 1995) was used to assess linkage disequilibrium among loci within sites. 
To assess genetic α-diversity at the sampling site level for all species, we applied the 
rarefaction procedures implemented in the program ADZE 1.0 (Szpiech et al. 2008) to 
calculate both allelic richness (AR; Petit et al. 1998) and private allelic richness (PA; 
Kalinowski 2004) for each site, considering minimum sampling sizes for rarefaction of N = 
10 individuals. 
To assess the β-diversity genetic uniqueness within sampling sites for each species, 
we first calculated two different pairwise differentiation/dissimilarity indices: one based on 
a measure of allelic frequency differences among populations commonly used in population 
genetics (i.e. Dest; Jost 2008) and the other based on a β-diversity dissimilarity index used in 
community ecology (i.e. the beta-sim index βSIM; Simpson 1943; Lennon et al. 2001). The 
βSIM index among two sites is calculated as follows (Lennon et al. 2001; Koleff et al. 2003; 
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where a is the number of species common to the two sites, b is the number of species only 
present in the first site, and c is the number of species present in the second site but not in 
the first. To apply the βSIM index to our genetic data, we replaced the “species” in the 
formula by “alleles”. 
Second, we derived genetic uniqueness measurements from Dest / βSIM pairwise values. 
Specifically, we estimated for each species mean site-specific Dest / βSIM values, which 
correspond to the mean of all pairwise Dest / βSIM values between one given site and all the 
others sites. The higher the overall differentiation/dissimilarity of a site compared to all the 
others is, the higher its uniqueness is.  Between-sites pairwise Dest / βSIM estimates were 
estimated with the R packages ‘mmod’ (Winter 2012) and ‘vegan’ (Oksanen et al. 2013) 
respectively. We preferred the use of Dest–based genetic uniqueness estimates rather than 
Fst–based estimates because of the strong negative correlation that typically exists between 
site-specific Fst and allelic richness (Coleman et al. 2013; results not shown). 
 
Spatial patterns of genetic diversity and uniqueness 
We characterized spatial patterns of genetic diversity for each species at the whole 
Garonne river basin level by mapping the spatial distribution of AR, PA, Dest and βSIM of the 
four studied species at the Garonne river basin. Specifically, we calculated interpolated 
values based on the observed data. Spatial interpolations were performed by using the thin 
plate spline surface function implemented in the R package “fields” (Nychka & Sain 2013) 
Additionally, we calculated Pearson's product moment correlation coefficients (r) 
between AR, PA, Dest, βSIM and three different geographic descriptors: (i) riparian distances 
to the river mouth of each site (ii) longitude and (iii) latitude. These correlations indicate 
whether or not there are significant spatial patterns of genetic diversity at the river basin 
level, such as “Increases in Genetic Diversity Downstream” (IGDDs; Paz-Vinas et al. in 
prep), latitudinal (Adams & Hadly 2012) or longitudinal (Conord et al. 2012) gradients of 
genetic diversity. Riparian distances to the river mouth of sampling sites were assessed 
using ARCGIS v9 (ESRI, Redlands, CA, USA). 
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We used alleles’ presence-absence data combined to conservation-planning 
procedures to identify priority areas for the conservation of the four species in the Garonne 
river basin. Specifically, we used the program Marxan (Ball et al. 2009) to find, for each 
species, an optimal set of sites that represent respectively at least 50%, 75%, or 100% of the 
total number of alleles at a minimum cost. As we considered that the cost of adding sites to 
the selection was constant, the optimal set of selected sites correspond to the minimum set 
of sites that allow achieving one of the three conservation targets (i.e. 50, 75 or 100% of the 
total pool of alleles represented; Hermoso & Kennard 2012; Hermoso et al. 2013b). To 
remove the potential effect of arbitrary selection of alleles in the conservation planning, we 
ran Marxan one hundred times per conservation goal per species. We then calculated per 
site, per conservation target, per species “irreplaceability” values, which corresponds to the 
frequency at which a site has been selected for conservation planning over the 100 Marxan 
solutions. This measure indicates how much important is each location for representing the 
respective target of genetic diversity. 
We further performed an alternative analysis, in which all alleles found for each 
species in a site were pooled together, representing a multi-specific “community” of alleles. 
As for the species level, we performed 100 Marxan runs considering four conservation 
targets: 30, 50, 70 and 100% of the total number of alleles to be protected. 
 
Evaluation of existing protection areas and proposition of new ones 
For each species, we compared mean values of AR, PA, Dest and βSIM between 
protected and unprotected sites through Wilcoxon signed-rank tests to evaluate if they are 
significant differences between protected and unprotected sites for these metrics. We 
further compared, for each conservation goal, the proportion of sites identified as priority 
areas for conservation by Marxan that are already protected against those that are not 
protected yet. We considered that a site was identified by Marxan as a priority area for 
conservation if it displayed an irreplaceability value of 100% (i.e. a site that has been 
selected by the 100 Marxan solutions). We also generated maps with interpolated values for 
irreplaceability, so as to visually inspect which regions of the river basin constitute hot (or 
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II.5 – Results 
Genetic diversity assessment 
Neither null alleles nor genotyping errors were detected in our dataset after applying 
FDR controlling procedures. We did not find significant deviations from HW for any loci, 
population and species. No significant linkage disequilibrium between pairs of loci was 
detected (data not shown).  
Concerning genetic α-diversities, the highest allelic richness (AR) were found for P. 
phoxinus and G. occitaniae, with mean AR across sites of 5.821 and 5.268 respectively 
(Figure II - 2A). Barbatula barbatula showed moderate values of AR, with a mean value of 
4.441, while S. cephalus showed the lowest values, with a mean value of 3.829 (Figure II - 
2A). Mean PA values across sampling sites were relatively similar for all species (i.e., 
between 0.033 and 0.094) excepting P. phoxinus, which exhibited a high mean PA value of 
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Figure II - 2: Maps representing the spatial distribution of interpolated values of AR, PA, Dest, βSIM 
(A, B, C, D respectively in the figure) for Squalius cephalus, Gobio occitaniae, Barbatula 
barbatula, and Phoxinus phoxinus (1, 2, 3, 4 respectively in the figure). The cursor on the vertical 
colored scale indicates the mean value of these statistics. The correlation values (and their 
significance) between these statistics and topological distance to the river mouth, latitude and 
longitude are also reported. 
 
The highest genetic β-diversity uniqueness measures were observed for B. barbatula 
and P. phoxinus, with mean values of Dest / βSIM of 0.383/0.409 and 0.267/0.357 
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genetic uniqueness values, with mean Dest / βSIM values of 0.164/0.291 and 0.200/0.198 
respectively (Figure II - 2C-D). 
 
Spatial patterns of genetic diversity and uniqueness 
Two out of the four species (i.e. S. cephalus and G. occitaniae) displayed significant 
patterns of Increase in Genetic Diversity Downstream, as indicated by Pearson’s 
correlations between Allelic Richness (AR) and topological distance of sampling sites from 
the Garonne river mouth (Figure II - 2 A1-2). These two species also displayed significant 
negative correlations between AR and longitude, and G. occitaniae also displayed a 
significant pattern of increase in AR with latitude (Figure II - 2 A1). Both P. phoxinus and 
B. barbatula displayed significant positive correlations between PA and latitude (Figure II - 
2 B3-B4). This latter also showed a negative correlation between distance and PA, as it was 
the case for G. occitaniae (Figure II - 2 B2-3), which also displayed a significant negative 
correlation between PA and longitude. 
Concerning genetic uniqueness measures, we found significant positive correlations 
between Dest and both distance and longitude for G. occitaniae (Figure II - 2 C2), with 
latitude for P. phoxinus (Figure II - 2 C4) and with longitude for B. barbatula (Figure II - 2 
C3). This last correlation was also congruent with that found between βSIM and longitude 
(Figure II - 2 C4). On the contrary, a negative correlation between βSIM and longitude was 
observed for G. occitaniae (as it was also observed for AR and PA for this species). 
Significant positive correlations were found between βSIM and both distance and longitude 
for P. phoxinus (Figure II - 2 D4). 
Overall, these results show that the observed patterns of genetic diversity and 
uniqueness for these species in the Garonne river basin are different (i) at the inter-specific 
level for a given metric, and (ii) at the intra-specific level, between different metrics. 
 
Evaluation of existing protection areas and proposition of new ones 
AR was significantly higher in protected sites compared to unprotected sites for all 
species but B. barbatula (Figure II - 3). No significant differences between protected vs. 
unprotected sites were found for PA for each species. The genetic uniqueness was 
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measure was used (Figure II - 3 B, D). However, this difference was only confirmed by the 
βSIM-based measure for G. occitaniae (Figure II - 3 B). 
 
 
Figure II - 3: Boxplots of the values of AR, PA, Dest, βSIM estimated for protected (P) and 
unprotected (U) sampling sites for Squalius cephalus (A), Gobio occitaniae (B), Barbatula 
barbatula (C), and Phoxinus phoxinus (D). The significance of mean comparisons between P vs. 
U sites is also reported. "n.s." indicates p-values > 0.05; * indicates p-values < 0.05; ** indicates 
p-values < 0.01; *** indicates p-values < 0.001. 
 
Analyses carried with the conservation planning tool Marxan at the species level 
indicated that the number of completely irreplaceable sites (i.e. sites that have been selected 
on 100 Marxan solutions) is very low when the conservation goals are not very high (i.e. 
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the conservation goal is conservative (100% of the alleles to be preserved), the number of 
irreplaceable sites is very high, ranging from 25.2% of the total number of sampling sites 
for G. occitaniae to 68.26% for P. phoxinus (Table II - 1). Overall, almost the half of the 
irreplaceable sites are already protected sites, while the others are unprotected sites that can 

















Table II - 1: Table reporting for each species the number of protected and unprotected sites (and the proportion of the total number of sampled sites) that showed an 
irreplaceability value of 100% when minimum sets of sampling sites representing (i) 50 %, (ii) 75% or (iii) 100% of the total number of alleles present in the river 
basin were identified with Marxan. The selection of a site means that the site is completely irreplaceable for attaining the targeted conservation goal (i.e. 50,75 or 
100% of alleles). 
 
Species name 









Protection status Protected Unprotected Protected Unprotected Protected Unprotected Protected Unprotected 
Conservation goal of 50% of alleles 0 (0%) 1 (1.52%) 0 0 0 0 1 (1.59%) 0 
Conservation goal of 75% of alleles 1 (1.52%) 1 (1.52%) 1 (1.20%) 0 0 0 3 (4.76%) 1 (1.59%) 
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Figure II - 4: Maps representing, for each species, protected (quoted circles) and unprotected 
(unquoted circles) sites, as well as sites that have been identified by Marxan as 100% irreplaceable 
for preserving 100% of the total number of alleles present in the river basin (red-filled circles). 
Interpolated values of irreplaceability across the basin are also represented (colored background). 
 
Concerning Marxan analyses considering all alleles found for each species pooled 
together, we did not found 100% irreplaceable sites for the 30% conservation goal, and 
only 3 irreplaceable sites for the 50% goal (Figure II - 5). However, we found high values 
of irreplaceability across the whole river basin for both the 70% and 100% conservation 
goals. For the 70% target, 16 out of 92 sites (17.39%) were highlighted as irreplaceable, 
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suggesting that almost all the river basin should be protected to reach this conservation goal 
(Figure II - 5). 
 
Figure II - 5: Maps representing observed irreplaceability values for each sampling site (color-
filled circles) and interpolated values of irreplaceability across the basin (colored background) for 
preserving (A) 30% (B) 50% (C) 70% and (D) 100% of the total number of alleles present in the 
river basin (all species pooled together). 
 
II.6 – Discussion 
By analyzing multi-specific genetic data sampled for four sympatric freshwater fish 
species at the river-basin scale, we demonstrate that systematic conservation planning of 
genetic data is feasible, and can be helpful for conservation planners that aim to (i) evaluate 
the efficiency of existing protected areas for preserving species evolutionary potential, and 
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may arise when patterns of genetic diversity of the targeted species are not congruent. In 
the following, we discuss these caveats and give some advices that deserve consideration 
for properly conducting systematic conservation planning of genetic diversity. 
 
The heterogeneous distribution of genetic diversity in river basins 
Defining conservation areas in freshwater ecosystems such as river networks is 
notoriously challenging compared to terrestrial and marine ecosystems, since they are 
severely structured by landscape characteristics such as the dendritic connectivity, elevation 
and/or water flow (Campbell Grant et al. 2007; Peterson et al. 2013; Altermatt 2013). As 
connectivity is a key concern in systematic conservation planning (Cabeza 2003; Hermoso 
et al. 2011), dendritic river networks appear to be excellent candidate ecosystems to assess 
the viability and the limits of systematic conservation planning of genetic diversity. 
The dendritic connectivity of river networks and the underlying processes that rule 
these ecosystems (e.g. water-flow-induced downstream-biased dispersal; Ritland 1989) 
commonly generate particular patterns of biodiversity in river networks at both the 
taxonomic (Muneepeerakul et al. 2008; Carrara et al. 2012) and genetic levels (Paz-Vinas 
et al. in prep). Recently, Paz-Vinas et al. (in prep) demonstrated that a general spatial 
pattern of genetic diversity whereby genetic diversity increases as one move downstream 
(i.e. Increase in Genetic Diversity Downstream pattern, IGDD) actually holds across taxa in 
dendritic river basins. Non-homogeneous, repeatable pattern of diversity distribution such 
as IGDD can theoretically help defining conservation areas (Chave 2013). Consider a 
hypothetical meta-community of riverine species for which conservation strategies aimed at 
preserving their evolutionary potential are needed. If all (or nearly all) of the species of this 
meta-community display the same spatial pattern of genetic diversity (e.g. IGDD), 
conservation actions that preserve the genetic diversity of one of these species will also 
successfully apply to the other species. Thus, the “umbrella species concept” (Wilcox 1982; 
Lambeck 1997) can be invoked to prioritize conservation efforts on the basis of data from a 
single species in that case, because the requirements of this species will encompass those 
from the others. Being able to adopt such a strategy is tempting, as conservation biology is 
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Nevertheless, our results clearly show that adopting such a strategy is risky and 
should be avoided. Indeed, our results show that the distribution of genetic diversity of the 
four species studied here did not follow a unique general spatial pattern of genetic diversity, 
but rather species-specific distributions. This was true for each of the statistics we 
considered. For instance, regarding allelic richness, only two species (S. cephalus and G. 
occitaniae) displayed a significant IGDD, while others such as P. phoxinus displayed a 
patchy distribution for this statistic. Although the IGDD is a general spatial pattern of 
genetic diversity in riverscapes, notable exceptions to this rule also exist (Paz-Vinas et al. 
in prep), as it is the case for almost all the global patterns of biodiversity (Gaston 2000). 
Although not being explicitly visible in the maps, it is worth mentioning that we found a 
significant bell-shaped pattern between allelic richness and topological distance to the river 
mouth for B. barbatula. This pattern is one of the exceptions to IGGD pattern described in 
Paz-Vinas et al. (in prep), and that may arise from (i) a bell-shaped distribution of effective 
population sizes along the upstream-downstream gradient (Watanabe et al. 2008) or (ii) 
from the solely effect of dendritic connectivity (Paz-Vinas et al. in prep). 
Overall, these results illustrate how patterns of genetic diversity among species can 
be incongruent in a given landscape, even when a general expectation is anticipated. 
Differences in spatial genetic patterns thus hamper the application of concepts such as the 
“umbrella species concept” (Wilcox 1982; Lambeck 1997) for determining priority 
conservation areas. The description of genetic diversity across the whole network for 
multiple species seems therefore mandatory for defining efficiently conservation actions, 
and the use of proxies of genetic diversity for other species should be refrained. 
 
Systematic conservation planning of genetic diversity 
The analysis of the multi-specific genetic dataset with the systematic conservation 
planning tool Marxan allowed identifying sites that are irreplaceable for reaching different 
conservation goals, defined as the percentage of the total number of alleles present in the 
whole river basin that are should be protected. 
At the species level, no or few numbers of sites were identified as being 
irreplaceable for attaining the conservation goals of 50 and 75% of the total number of 
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efforts towards a restricted number of populations. However, when we considered a 
restrictive conservation goal of 100% of the total alleles, the number of irreplaceable sites 
radically increased for each species, especially for P. phoxinus, for which almost 68% of 
the sampled sites were identified as irreplaceable. For this conservation goal, in effect 
protected areas covered almost half of the total number of irreplaceable sites identified for 
each species, indicating that, although being to some extent effective, existing protected 
zones must be heavily complemented with the protection of many unprotected irreplaceable 
sites. Overall, these results highlight how critical can be the choice of a conservation goal 
for systematic conservation planning of genetic diversity. Choosing a high, ambitious 
conservation goal may lead to the selection of a multitude of sites, whose protection may 
require intensive conservation efforts that are generally not affordable. Moreover, choosing 
a very low conservation goal may lead to under-protective conservation measures. Finding 
good criteria for selecting reasonable conservation goals in systematic conservation 
planning of genetic diversity will therefore be a crucial step in future studies. 
The results of the “community of alleles” level analysis –that is, when all the alleles 
of the four species were pooled together– with marxan were also surprising. Indeed, for 
conservation goals of 70 and 100% of the total number of alleles, almost all the sites were 
selected as being irreplaceable. Such a result can be understood by looking in the maps 
where are located the “hotspots” of genetic diversity for each species. If we focus on the 
distribution of private allelic richness for instance, we can see that hotspots of private 
allelic richness are not situated in the same river basin regions for each species: roughly 
speaking, private alleles hotspots of each species confounded cover all the river basin. 
Thus, a definition of priority conservation areas solely based on private allelic richness 
should theoretically lead to the protection of the entire basin, given these results. 
 
II.7 – Conclusion 
As genetic data availability is growing at an unprecedented pace, analytical methods 
and statistical methods originally developed to analyze large taxonomic-level datasets as 
systematic conservation planning tools will become more available for geneticists. It is 
therefore necessary to test these methods to assess whether or not –and to what extent- they 
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systematic conservation planning of genetic diversity is feasible, but that several 
considerations must be taken to correctly perform analyses. We identified the confounding 
role of incongruent spatial patterns of genetic diversity, which can perturb systematic 
conservation planning towards the selection of a multitude of candidate priority areas. We 
further highlighted the importance of choosing reasonable conservation goals, so as to 
maximize the amount of genetic diversity to be preserved on the most efficient way. 
Finally, our work complements some others that show how analyzing multi-specific genetic 
data can assist the definition of conservation actions (Blanchet et al. 2010; Gomez-Uchida 
et al. 2013). 
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II.9 – Matériel supplémentaire du Chapitre II. 
Figure S1 
Maps representing the location of sites (green circles) that have been successfully sampled 
for Squalius cephalus, Gobio occitaniae, Barbatula barbatula and Phoxinus phoxinus (A, 
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Chapitre III – The demographic history of populations 
experiencing asymmetric gene flow: combining simulated 
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III.1 – Résumé 
La structure des populations peut affecter significativement les inférences 
démographiques basées sur des données génétiques, notamment en générant de faux 
signaux de goulots d’étranglement démographiques. Les études précédentes ont 
généralement considéré des modèles caractérisés par des flux de gènes symétriques, comme 
par exemple les modèles en îles ou les modèles par pas (connus sous le terme anglophone 
« stepping-stone models »). Cependant,  il existe un grand nombre d’organismes qui se 
caractérisent par des flux de gènes asymétriques. Dans cette étude, nous avons combiné des 
données simulées et des données empiriques pour vérifier si l’asymétrie de flux de gènes 
affecte l’inférence de changements de taille des populations. L’analyse de données simulées 
avec trois méthodes (BOTTLENECK, M-ratio et MSVAR) nous montre que l’asymétrie de flux de 
gènes biaise l’inférence de changements de taille des populations. La plupart des biais 
conduisent vers la détection de faux signaux d’expansion, bien que leur intensité dépende 
des tailles efficaces des populations et des taux de migrations considérés. Nous notons aussi 
que les faux signaux de changements démographiques dépendent de l’approche statistique 
inhérente à chacune des trois méthodes. Les biais induits par l’asymétrie de flux de gènes 
ont été confirmés jusqu’à un certain point lors de l’analyse d’un jeu de données empirique 
multi-spécifique concernant quatre espèces de poissons d’eau douce (Squalius cephalus, 
Leuciscus burdigalensis, Gobio gobio, Phoxinus phoxinus). En effet, nous avons détecté 
des signaux de goulot d’étranglement pour toutes les espèces le long de deux rivières, et 
ceci avec deux des trois méthodes. Ce résultat suggère que, bien que ces méthodes soient 
potentiellement biaisées par l’asymétrie de flux de gènes, elles sont capables de surmonter 
ces biais lorsqu’un goulot d’étranglement a vraiment eu lieu. En outre, nos résultats 
montrent que la structure des populations, mais aussi les patrons de dispersion, doivent être 
considérés afin de conduire correctement des inférences de changements démographiques à 
partir de données génétiques. 
Mots-clés : dynamique puits-sources, changement démographique, poisson, rivières, ABC. 
 
III.2 – Abstract 
Population structure can significantly affect genetic-based demographic inferences, 
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or stepping-stone models, which are characterized by symmetric gene flow. However, 
many organisms are characterized by asymmetric gene flow. Here, we combined simulated 
and empirical data to test if asymmetric gene flow affects the inference of past demographic 
changes. Through the analysis of simulated genetic data with three methods (i.e., 
BOTTLENECK, M-ratio and MSVAR), we demonstrated that asymmetric gene flow biases past 
demographic changes. Most biases were towards spurious signals of expansion, albeit their 
strength depended on values of effective population size and migration rate. It is 
noteworthy that the spurious signals of demographic changes also depended on the 
statistical approach underlying each of the three methods. To some extent, biases induced 
by asymmetric gene flow were confirmed in an empirical multi-specific dataset involving 
four freshwater fish species (Squalius cephalus, Leuciscus burdigalensis, Gobio gobio, 
Phoxinus phoxinus). Indeed, all species exhibited signals of bottlenecks across two rivers 
for two out of the three methods. This suggests that, although potentially biased by 
asymmetric gene flow, these methods were able to bypass this bias when a bottleneck 
actually occurred. Our results show that population structure and dispersal patterns have to 
be considered for proper inference of demographic changes from genetic data. 
Keywords: source-sink dynamics, demographic change, fish, rivers, ABC. 
 
III.3 – Introduction 
Inferring the demographic history of populations such as changes in effective 
population size (contractions, expansions) is of prime importance for basic research and 
conservation issues (Chikhi & Bruford 2005; Leblois et al. 2006). Several indirect methods 
based on the analysis of neutral genetic variation have been developed to that aim (Cornuet 
& Luikart 1996; Garza & Williamson 2001; Beaumont 1999; Storz & Beaumont 2002). 
These methods have been largely used to assess the impact of environmental or 
anthropogenic changes on the demographic history of endangered populations (e.g., 
Goossens et al. 2006; Sousa et al. 2008). 
However, inferring the demographic history of wild populations remains 
challenging. Indeed, most methods assume that populations can be approximated by simple 
models such as the Wright-Fisher model (Cornuet & Luikart 1996; Leblois et al. 2006). 
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spatially structured, affected by external gene flow and/or at a non-equilibrium state 
(Hanski 1998; Broquet et al. 2010; Chikhi et al. 2010). Consequently, any deviations from 
these simple models may lead to misinterpretations or incorrect inferences (Nielsen & 
Beaumont 2009; Städler et al. 2009; Chikhi et al. 2010). Given that the development of 
inference methods based on complex demographic models poses problems of its own, it is 
crucial to explore how existing inference methods are robust to deviations from simple 
models assumptions (Leblois et al. 2006; Städler et al. 2009; Chikhi et al. 2010). Recent 
programs based on the coalescent framework (Kingman 1982) allow the simulation of 
genetic data under a wide variety of population models (Hoban et al. 2012). Thus, specific 
simulated genetic datasets can be analyzed to test the potential effects of particular 
population characteristics on the genetic inference of populations' demographic history. 
Accordingly, population structure (Nielsen & Beaumont 2009; Städler et al. 2009; Chikhi 
et al. 2010; Peter et al. 2010), sampling scheme (Städler et al. 2009; Chikhi et al. 2010), 
gene flow reductions (Broquet et al. 2010) and isolation-by-distance (Leblois et al. 2006) 
have been identified as generators of false signals of demographic change, with biases 
towards bottlenecks (e.g., Broquet et al. 2010; Chikhi et al. 2010) and, more rarely, towards 
expansions (e.g., Leblois et al. 2006). 
A population characteristic that has rarely been considered to date in the context of 
demographic history inferences is asymmetric gene flow. Differences in habitat quality, 
social interactions or abiotic constraints (e.g., wind, oceanic currents, river flow or gravity) 
frequently generate source-sink dynamics and impose asymmetric gene flow on natural 
populations (Kawecki & Holt 2002). For instance, in riverine freshwater ecosystems, 
organisms generally experience an inherent downstream-biased gene flow due to the 
unidirectional water flow of rivers (Hänfling & Weetman 2006; Pollux et al. 2009). Such 
asymmetry in gene flow drastically affects the genetic structure of wild riverine 
populations, with, for instance, an accumulation of genetic diversity (e.g., number of alleles 
per locus) downstream (i.e., sink populations, Kawecki & Holt 2002; Hänfling & Weetman 
2006). 
The demography of wild populations is dramatically affected by human pressures, 
and notably by human-induced habitat fragmentation (Fahrig 2003; Henle et al. 2004). 
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building of hydroelectric dams or the presence of smaller obstacles like weirs (2 to 3 meters 
high, Raeymaekers et al. 2008; Blanchet et al. 2010). In general, habitat fragmentation 
induces changes in effective population size (Ne) that are theoretically inferable using the 
methods described above. However, river fragmentation by dams and weirs may strongly 
affect the movements of fishes, in both upstream and downstream directions. As a result, 
river fragmentation can alter natural gene flow, either by exacerbating or, on the contrary, 
by disrupting the natural asymmetric (i.e., downstream-biased) gene flow expected on such 
ecosystems (Hänfling & Weetman 2006; Raeymaekers et al. 2008; but see Horreo et al. 
2011). Although several studies have used coalescent- and frequency-based estimators of 
Ne in fragmented rivers to infer effects of recent fragmentation (Alò & Turner 2005; Sousa 
et al. 2008; Nock et al. 2011), none of them have quantified how asymmetric gene flow 
might affect the inference of past demographic changes that can be drawn from molecular 
markers in such ecosystems. 
In this article, we explored both theoretically and empirically the potential problem 
posed by asymmetric gene flow to infer temporal changes in Ne. First, we analyzed genetic 
data simulated under a stationary linear stepping-stone model to test if asymmetric gene 
flow can generate false signals of demographic changes. This was done using three 
methods widely used to infer demographic changes: those implemented in the programs 
BOTTLENECK (Cornuet & Luikart 1996; Piry et al. 1999) and MSVAR 1.3 (Beaumont et al. 
1999; Storz & Beaumont 2002), and the M-ratio method (Garza & Williamson 2001). 
Second, we used the same three methods to analyze empirical data involving four 
freshwater fish species (Squalius cephalus, Leuciscus burdigalensis, Gobio gobio, Phoxinus 
phoxinus) sampled in two rivers, which differ by their level of anthropogenic fragmentation 
and asymmetric gene flow. 
 
III.4 – Materials & Methods 
Simulated data 
To explore the consequences of asymmetric gene flow on the inference of changes in Ne, 
we simulated genetic data under 27 different scenarios representing populations 
experiencing symmetric or asymmetric gene flow but no changes in Ne, and then used this 
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The population genetics model. We used the coalescent-based program ms along with the 
microsat.exe program (Hudson 2002) to simulate genetic data under a strict Stepwise 
Mutation Model (SMM). Specifically, we approximated a river, by considering a linear 
stepping-stone population model composed of 10 demes (see Figure III - 1). All demes had 
the same effective number of diploid individuals N, which remained constant across 
generations. Each deme was characterized by three parameters: the scaled mutation rate θ = 
4Nμ, where μ represents the neutral mutation rate per locus, and two scaled migration rates 




=M DownstreamUpstream , where m is the migration rate and a is a parameter representing 
the gene flow asymmetry (Figure III - 1). We used values of a > 1 to generate downstream-
biased gene flow. Deme 1 and deme 10 in Figure III - 1 can be considered as the most 
upstream and downstream demes of the hypothetical river, respectively. 
 
1 2 3 4 5 6 7 8 9 10
DownstreamM
UpstreamM UpstreamM UpstreamM UpstreamM UpstreamM UpstreamM UpstreamM UpstreamM UpstreamM
DownstreamM DownstreamM DownstreamM DownstreamM DownstreamM DownstreamM DownstreamM DownstreamM
UPSTREAM DOWNSTREAM
 
Figure III - 1: Diagram representing the linear stepping-stone model with asymmetric gene flow. Black circles are 
demes. MDownstream characterizes downstream-directed gene flow, while MUpstream indicates upstream-directed gene 
flow. Here, deme one is considered as the most upstream deme of a hypothetical river. 
 
Parameter estimation and exploration. For all simulations, we assumed a unique neutral 
mutation rate of μ=5.56x10-4. This value corresponds to the average mutation rate 
calculated for 49 microsatellite loci in the Cyprinid fish Cyprinus carpio L. (Yue et al. 
2007). For selecting values for all other model parameters (i.e., N, m and a, this 
combination of parameters will hereafter be referred to φ), we first estimated values that 
best characterizes riverine fish populations by performing ABC-regression analyses (i.e., 
approximate Bayesian computation, Beaumont et al. 2002) based on observed summary 
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Specifically, we first obtained or computed for sixteen riverine fish populations from 
fourteen rivers (i) the mean allelic richness per population (AR), and (ii) the Pearson’s 
correlation coefficient (r) between the mean AR per sampling location and the distance of 
each sampling location from the river source. Significant positive correlations between AR 
and distance from the river source are characteristic of river organisms that experience 
downstream-biased gene flow asymmetry (Hänfling & Weetman 2006; Blanchet et al. 
2010). In a second step, we generated a total of 1,328,784 different genetic datasets under 
the population genetics model described above, by drawing values for φ from grids, as in 
Weiss & von Haeseler (1998; see Figure S1, Supporting information). As noted by 
Beaumont et al. (2002), grids of parameters can be seen as uniform priors. For each genetic 
dataset, fifteen independent microsatellite loci were simulated, and a total of 22 diploid 
individuals were sampled for each deme. As for the literature survey populations, two 
summary statistics (AR and r) were computed for each simulated data set. 
Next, we applied an ABC-regression algorithm (Beaumont et al. 2002) to each 
surveyed population independently, by using the R package "ABC" (Csillery et al. 2012). 
For each ABC analysis, we retained 1% of the simulations whose summary statistics were 
the closest from those calculated for the surveyed population. Imperfect matching between 
observed and simulated data was corrected by using a local linear regression method 
(Beaumont et al. 2002; Csillery et al. 2012). We estimated the median values of φ from the 
corrected posterior distributions of φ for each population (see Table S1, Supporting 
information) and, finally, we averaged these median values over all surveyed populations to 
obtain a first set of φ values: N=3147, m=0.053 and a=7.5 (Table S1, Supporting 
information). We assumed that this set of φ values approximately characterizes riverine fish 
populations. Then, to explore and generalize the effects of varying N, m and a on the 
inference of changes in Ne, we explored two additional values per parameter (leading to 
exploring N={50, 500, 3147}, m={0.01, 0.053, 0.1} and a={1, 7.5, 50}), and crossed all 
parameter values in a full-factorial design so as to generate genetic data under 27 different 
scenarios. An asymmetry of a=50 is probably unrealistic, but the goal here was to explore 
the effect of asymmetry in extreme conditions so as to explore how it differs from a more 
realistic scenario (i.e., a=7.5). These scenarios were used to generate input genetic data for 
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Empirical data 
Biological models. The four fish species considered here are all of the family Cyprinidae, 
belong to the same trophic level (i.e., they are essentially insectivorous) and differ 
principally in their maximum body length and dispersal abilities (Bolland et al. 2008; De 
Leeuw & Winter 2008). Squalius cephalus (the European chub) and Leuciscus 
burdigalensis (the rostrum dace) are two large-bodied fish (a maximum body length of 600 
mm and 400 mm respectively), whereas Gobio gobio (the gudgeon) and Phoxinus phoxinus 
(the European minnow) are small-bodied fish (200 mm and 140 mm respectively). 
 
Study area. Sampling was performed in two rivers that belong to the Adour-Garonne basin 
drainage (South-western France): the Célé and the Viaur rivers (Figure S2, Supporting 
information). These rivers present similar abiotic conditions but display differences 
concerning their level of fragmentation. The Viaur River is highly fragmented with more 
than 50 small weirs (2-3 meters high, constructed within the last 800 years) and two recent 
hydroelectric dams (30 meters high, dating from 60 years ago, see Figure S2, Supporting 
information). We henceforth refer to this river as the “highly fragmented river”. In the Célé 
River, ten-fifteen small weirs are found along the river gradient. These were established 
over the last century and most of them are equipped with fish ladders. The Célé River will 
be referred to as the “weakly fragmented river”. It is noteworthy that asymmetric gene 
flow, effective population size and migration rate values have been estimated for all these 
populations (i.e., a population here refers to a species within a river system) through the 
ABC-regression algorithms presented above; these eight empirical populations are 
characterized by a wide range of parameter values (see Table S1, Supporting information). 
 
Sampling design. During summer 2006, a total of 10 and 11 sites were sampled on the 
Viaur and Célé rivers respectively (Figure S2, Supporting information). We covered the 
entire upstream-downstream gradient for both rivers to account for the entire genetic 
structure of the fish populations. At each site, about 20 individuals per species were 
sampled by electric fishing. Small fragments of pelvic fins were collected and preserved in 
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all sampling sites, probably because the habitat (notably temperature) is not favorable for 
these two species. 
 
Genetic data. A salt-extraction protocol (Aljanabi & Martinez 1997) was performed to 
extract genomic DNA from the pelvic fins of fishes. Phoxinus phoxinus and Gobio gobio 
were genotyped at eight microsatellite loci, Squalius cephalus at ten loci and Leuciscus 
burdigalensis at fifteen loci. Loci were amplified using multiplex PCRs and amplified 
fragments were scored using the software GENEMAPPER® v.4.0 (Applied Biosystems, Foster 
City, CA, USA). Neither departure from Hardy-Weinberg equilibrium nor null alleles were 
detected for any of these loci (see Blanchet et al. 2010 for further details). 
 
Demographic history inference 
We used three approaches to infer past demographic changes through the analysis of 
genetic data. Two of them are moment-based methods that rely on summary statistics (i.e., 
the BOTTLENECK method, Cornuet & Luikart 1996; and the M-ratio method, Garza & 
Williamson 2001) and the third uses a full-likelihood Bayesian approach (i.e., the MSVAR 
method, Beaumont 1999; Storz & Beaumont 2002). For simulated data, analyses were 
performed at two different spatial levels: (i) at the deme level, where each deme was 
analyzed independently (i.e., 10 demes x 27 scenarios = 270 analyses, 22 individuals per 
analysis) and (ii) at the population level, where all individuals from a same scenario were 
pooled together in a single analysis (i.e., one analysis per scenario, 220 individuals per 
analysis). Pooling individuals from multiple sampling locations counters potential biases 
induced by population structure when looking for demographic changes and improves the 
characterization of parameters associated to demographic changes at the population level 
(Chikhi et al. 2010). Due to the computational burden inherent to MSVAR, population-level 
analyses were not performed using this method. For empirical data, analyses were done (i) 
at the sampling site level (i.e., 74 analyses, ~20-22 individuals per analysis) and (ii) at the 
population level (i.e., 8 analyses, between 140 and 220 individuals per analysis). 
 
BOTTLENECK method. We applied the moment-based method of Cornuet & Luikart (1996) as 
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expected heterozygosity computed from a sample (He) through observed allele frequencies 
with the expected heterozygosity (Heq) based on the allele frequencies expected at the 
mutation-drift equilibrium (given the observed number of alleles nA of the sample). The 
significance of deviations from mutation-drift equilibrium was tested through Wilcoxon’s 
signed rank tests. For simulated data, we performed analyses assuming the Stepwise 
Mutation Model (SMM, Piry et al. 1999), as it is the mutation model used by ms to 
simulate the data (Hudson 2002). Additionally, we calculated from the output of BOTTLENECK 
departures from mutation-drift equilibrium averaged over loci: ΔH = He - Heq (Broquet et al. 
2010). For empirical data, we performed analyses assuming a Two-Phase mutation Model 
(TPM), which is more appropriate for empirical microsatellite data (Di Rienzo et al. 1994; 
Piry et al. 1999). We parameterized the TPM with 90% single step mutations (Garza & 
Williamson 2001), assuming a conservative variance among multiple steps of 10. 
 
M-ratio method. To detect significant population declines in our datasets, we applied Garza 
& Williamson’s M-ratio test (Garza & Williamson 2001). It is noteworthy that this method 
(contrary to the two other methods) does not allow the detection of demographic 
expansions. In bottlenecked populations, the number of alleles on microsatellite loci (nA) is 
expected to be reduced more quickly than the range in allele size (rA). As a result, the ratio 
M = nA / rA will be smaller in bottlenecked populations than in stable populations (Garza & 
Williamson 2001). Accordingly, we calculated M for both empirical and simulated datasets. 
Then, we compared M values obtained from our data with 95% critical M values (Mc), 
calculated from 10,000 simulations of stable populations with the Critical_M program 
(Garza & Williamson 2001). An M value that falls below the Mc value indicates that the 
population has experienced a significant bottleneck. For simulated scenarios, we assessed 
Mc values assuming the SMM, and using the θ values previously used to simulate the data. 
For empirical data, θ was calculated assuming μ=5.56x10-4 and using Ne values reported in 
Blanchet et al. (2010). We assumed a TPM model with a proportion of one-step mutations 
of 90% and an average size of non-one-step mutations of 3.5 (Garza & Williamson 2001). 
 
MSVAR method. To detect and quantify changes in Ne, we used a method relying on a 
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1.3, Beaumont 1999; Storz & Beaumont 2002). This model assumes that a stable, closed 
population of ancestral size N1 increased or decreased exponentially to its current size N0 
over a time interval ta (in years). Given lognormal prior distributions and microsatellite 
data (i.e., allelic distribution and relative allele sizes), the method infers the model 
parameters Ф = {N0,N1,ta,θ}, where θ = 4N0μ and μ is the mutation rate. The posterior 
probability density of Ф is established through Markov Chain Monte Carlo (MCMC) 
techniques. Loci are supposed to be independent and to evolve under a strict SMM, but the 
method is also robust against deviations from strict SMM (Storz & Beaumont 2002; Girod 
et al. 2011). For each MSVAR analysis, we performed four independent runs of 5x10
9
 steps, 
varying the starting values and means for priors and hyperpriors (values in Table S2). 
Parameters were thinned with an interval of 5x10
4
 steps, resulting in output files with 1x10
5
 
values. To avoid bias induced by the starting values on parameter estimation, the first 10% 
of the chains was discarded (i.e., burn-in). We checked the convergence of the chains 
visually and with the Gelman & Rubin analysis (Gelman & Rubin 1992). We considered 
that chains converged well when values smaller than 1.1 were obtained (Gelman & Hill 
2007). 
For each independent run of MSVAR, the magnitude of the demographic change was 
estimated through the calculation of an effect size (i.e., Hedges’d, Hedges & Olkin 1985) 
and its 95% confidence interval. Hedges’d is a mean standardized difference (i.e., 
independent of the original scale) between the log of the ancestral population size (log(N1)) 
and the log of the current population size (log(N0)). The standardization of the mean 
difference is obtained by dividing the mean difference by a pooled standard deviation 
(formulas in Appendix S1, Supporting information). We combined the four effect sizes of 
each independent run to calculate a mean effect size (MES) per analysis, along with its 
95% confidence interval (Rosenberg et al. 1997). A MES value whose confidence interval 
includes zero means that the population did not experience a significant demographic 
change. Significantly negative values correspond to significant bottlenecks, while 
significantly positive values are significant population expansions. Pairs of MES were 
considered as significantly different when their 95% confidence intervals did not overlap. 
Information about these methods along with an illustrative example is provided in the 
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For empirical data, we further estimated the beginning of the exponential 
demographic changes inferred with MSVAR by calculating Bayes’ factors (BFs), which 
measure the weight of evidence of alternative time intervals for ta (i.e., the time of the 
beginning of the demographic change). BFs were first computed for time periods of 10 
years in a sliding window from 0 to 100 years, then for periods of 100 years from 200 to 
10,000 years ago. BFs greater than 4 are usually interpreted as positive evidence, while BFs 
greater than 7 are considered as significant (Storz & Beaumont 2002; Sousa et al. 2008). 
For each species on the highly fragmented river, we also calculated (through the posterior 
distribution of ta) the probability that the detected demographic changes occurred (i) after 
dam construction (p(dam), ta between 0-60 years ago), and (ii) after weir construction began 
(p(weir), ta between 0-800 years ago). We considered a generation time of three years for S. 
cephalus and L. burdigalensis, and of two years for G. gobio and P. phoxinus (Poncin et al. 
1987). For the sake of clarity, we present only BFs computed for ta at the population level. 
 
Effects of N, m, a and distance from the source on demographic history inference. In order 
to synthesize results obtained from the simulated datasets, we ran Generalized Linear 
Models (GLMs) to statistically test for each method independently the effects of N, m, a 
and distance from the putative source (D) on inferences of changes in Ne. In these models, 
the dependent variables were ΔH, M and MES (calculated at the deme level) for the 
BOTTLENECK, M-ratio and MSVAR methods respectively. Explanatory variables were N, m, a 
and D. They were all treated as fixed effects, and we further included all two-term and 
three-term interactions so as to test the significance of interacting effects between 
explanatory variables. We assumed Gaussian error terms for all dependent variables and the 
significance of each fixed effect was assessed using F-ratio tests. 
 
III.5 – Results 
Simulated data 
BOTTLENECK method. At the deme level and over all scenarios, 47 datasets (47/270=17.4%) 
exhibited significant departures from mutation-drift equilibrium. Most of them 
(32/47=68%) displayed significant heterozygosity deficiencies, which are generally 
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heterozygosity excesses, which are generally interpreted as signals of bottlenecks. At the 
population level, and over all scenarios, we detected 14 (14/27=51.9%) significant 
departures from mutation-drift equilibrium, all in the form of heterozygosity deficiencies. 
Additionally, our GLM-based analysis revealed a significant three-way interaction between 
N, m and a (Table III - 1). This analysis indicates that the BOTTLENECK method detected false 
signals of expansion (i.e., negative values of ΔH) under moderate (i.e., a=7.5) and strong 
(i.e., a=50) gene flow asymmetries, although this pattern was altered by the effective 
population size at the deme level (Figure III - 2A-C). 
Table III - 1: Results for the Generalized Linear Models used to synthesize results 
obtained from the analyses of simulated datasets with (i) BOTTLENECK (associated dependent 
variable = ΔH), (ii) the M-ratio method (i.e., M), and (iii) MSVAR [i.e., mean effect size 
(MES)]. 
 
Explanatory variables                   Dependent variables 
 ΔH M MES 
Distance from the source (D) NS NS *** 
Effective population size (N) *** *** *** 
Migration rate (m) *** *** NS 
Asymmetry coefficient (a) *** *** * 
D*N NS ** NS 
D*m NS NS NS 
D*a NS NS NS 
N*m *** *** ** 
m*a ** ** *** 
N*a *** *** NS 
D*N*m NS NS NS 
D*m*a NS NS NS 
D*N*a NS NS NS 
N*m*a ** *** NS 
"NS" indicates p-values > 0.05; * indicates p-values < 0.05; ** indicates p-values < 0.01; 
*** indicates p-values < 0.001. Significant effects indicates that explanatory variables 
significantly affect one of the three dependent variables, each being related to one of the 
three methods used to infer demographic changes. Significant single terms are not 
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Figure III - 2: Barplots representing values of ΔH (A, B and C) and M (D, E and F) in function of three interacting 
parameters (as revealed by the GLM-approach: N, m and a). Vertical lines correspond to the standard error. * means 
that the population has experienced a significant bottleneck (i.e., M < Mc). 
 
M-ratio method. At the deme level and over all scenarios, 36.3% of the demes (i.e., 98/270) 
displayed a significant signal of population decrease. However, at the population level, no 
significant signals of demographic decline were detected. The GLM-based analysis also 
highlighted a significant three-way interaction between N, m and a (Table III - 1). This 
analysis confirmed that the M-ratio method detected false signals of bottlenecks, but only 
for symmetric gene flow, and under some specific combinations of N and m (Figure III - 
2D). 
 
MSVAR method. 41.85% of deme-level datasets (i.e., 113/270) indicated significant signals of 
demographic change. Among these significant signals, false signals of expansion were 
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GLM analysis, we detected two significant two-term interactions, one implying N and m, 
and the other implying m and a (Table III - 1). The first interaction indicated that, 
irrespective of a, false signals of bottleneck were mainly detected for low values of N and 
m, whereas false signals of expansion tended to be greater for intermediate values of m 
(0.053) and large values of N (> 500, Figure III - 3A). The second interaction indicates that, 
irrespective of N, strong signals of false bottlenecks were mainly detected for situations of 
symmetric gene flow (i.e., a=1), but only for low migration rate (m=0.01, Figure III - 3B). 
In contrast, strong signals of false expansions were detected under several and contrasted 
combinations of m and a (Figure III - 3B). Indeed, false signals of expansion were detected 
under symmetric gene flow and with high migration rate (m=0.1), but also under 
asymmetric gene flow (a = 7.5 or 50) and low to medium migration rates (m = 0.01 or 
0.053, Figure III - 3B). We additionally found that, overall, the magnitude of the false 
demographic expansion increased with the distance from the putative source (Table III - 1). 
 
 
Figure III - 3: Barplots representing values of mean effect sizes (MES) in function of two different 
two-term interactions (as revealed by the GLM-approach): (A) interaction between the parameters N 
and m, and (B) interaction between m and a. Vertical lines correspond to the standard error. 
 
Empirical data 
BOTTLENECK method. At the sampling site level, we detected a significant heterozygosity 
excess in only one case (i.e., site V8 for S. cephalus in the river Viaur, Table S3, 
Supporting information). In contrast, 17 significant heterozygosity deficiencies were 
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after Bonferroni corrections. In contrast, at the population level, significant heterozygosity 
deficiencies were found for all species and in the two rivers (Table III - 2). 
 
Table III - 2: Results for the Wilcoxon’s sign rank tests computed by BOTTLENECK for the 
empirical data and for the M-ratio test. For the two methods, analyses were conducted at the 
population level assuming a two-phase mutation (TPM) mutation model. 
 
















G. gobio Viaur highly fragmented  0.996NS 0.006
†
 0.6931 (0.233) ‡* 
P. phoxinus Viaur highly fragmented  0.980NS 0.027* 0.748 (0.165) ‡ 
       
S. cephalus Célé weakly fragmented  0.999NS 0.001
†
 0.5839 (0.146) ‡ 
L. burdigalensis Célé weakly fragmented  0.999NS <0.001
†
 0.664 (0.203) ‡ 
G. gobio Célé weakly fragmented  0.980NS 0.027* 0.788 (0.201)  
P. phoxinus Célé weakly fragmented  1.000NS 0.008* 0.739 (0.171) ‡ 
For the BOTTLENECK analyses: * indicates a significant deviation from mutation-drift 
equilibrium (p-value ≤ 0.05); 
†
 indicates a significant deviation from mutation-drift 
equilibrium after sequential Bonferroni corrections for all populations, and 
NS 
means that 
there is not a significant deviation from mutation-drift equilibrium (p-value > 0.05). 
Significant He excesses are evidences of recent population decreases. Significant He 
deficiencies can be interpreted as evidences of recent demographic expansion. For the M-
ratio test: 
‡
 indicates a significant M value (i.e., M ≤ Mc), which is interpreted as a significant 
signal of population decrease, and 
NS 
means that the test is not significant (i.e., M > Mc). 
 
M-ratio method. At the sampling site level, the M-ratio test detected significant bottlenecks 
at all sites, irrespective of the species and the river (Table S3, Supporting information). At 
the population level, all populations exhibited significant signals of bottleneck but one (i.e., 
G. gobio in the river Célé; Table III - 2). 
 
MSVAR method. At the sampling site level, most sampling sites displayed significant 
bottlenecks (i.e., all MES values were significantly negative), a pattern that holds true for 
all species and rivers (Figure III - 4). There were no clear spatial patterns along the 
upstream-downstream gradient (i.e., demographic changes did not tend to be larger either 
downstream or upstream, Figure III - 4). However, there were striking site-to-site MES 
discrepancies. For instance, for P. phoxinus, we found no significant demographic changes 
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while other sites were characterized by signals of bottlenecks of diverse magnitudes (Figure 
III - 4D). 
 
Figure III - 4: Sampling site level mean effect sizes (MES) calculated for all species and rivers. Black squares 
characterize the weakly fragmented river (Célé) sites, while white squares represent highly fragmented river’s sites 
(Viaur). Dashed lines represent the non-significant relationships between MES values and the distance from the source 
at each site determined by GLMs. Grey vertical lines represent MES’ 95% confidence intervals (CIs). MES whose CIs 
include zero means that no significant demographic changes have been detected. Negative values correspond to 
significant bottlenecks. Intra-river and intra-specific MES can be easily compared by seeing if their respective CIs 
overlap. Two MES are considered significantly different when their CIs did not overlap. 
 
 
Concerning population level analyses, we found significant bottlenecks for all 
species and rivers (Figure III - 5). These analyses indicated that the magnitude of the 
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particularly L. burdigalensis) than for the two smallest species (G. gobio and P. phoxinus; 
Figure III - 5). Furthermore, the magnitude of the bottleneck was significantly stronger in 
the highly fragmented river for L. burdigalensis and G. gobio (Figure III - 5). 
 
 
Figure III - 5: Mean effect sizes (MES) for all species and rivers calculated at the population level. 
Grey vertical lines represent MES’ 95% confidence intervals (CIs). Two MES are considered 
significantly different if their CIs did not overlap. Here, we symbolized only the significance of 
intra-specific comparisons (i.e., comparison between MES of the highly fragmented vs. the weakly 
fragmented river for a single species). NS
 
indicates no significant intra-specific difference between 
weakly fragmented vs. highly fragmented river and *** means significant difference. 
 
Regarding the dating of the detected bottlenecks, we estimated that they most 
probably occurred more than 800 years ago (Figure III - 6) and thus before dam or weir 
construction. Accordingly, the probabilities that these bottlenecks occurred after dam or 
weir construction on the highly fragmented river were very low for all species 
(p(dam)<0.007, p(weir)<0.052). Only P. phoxinus showed a non negligible p(weir) of 0.238. 
Over all species, the population declines tended to be more ancient in the highly 
fragmented river than in the weakly fragmented river, except for L. burdigalensis (Figure 
III - 6). At the intra-river level, ta estimations were also congruent for all species but L. 
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river (Figure III - 6A) whereas it showed one of the most recent bottlenecks on the highly 
fragmented river (Figure III - 6B). 
 
 
Figure III - 6: Bayes’ factors (BFs) for the time of the beginning of the demographic changes (ta) 
calculated for the four species for the weakly fragmented river (A) and the highly fragmented river (B). 
Results correspond to the population level analyses. BFs greater than 4 are considered as “positive 
evidences”, while BFs greater than 7 are considered as significant. Dashed vertical lines correspond to the 
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III.6 – Discussion 
As expected, our simulated data showed that asymmetric gene flow can bias the 
genetically-based inference of past demographic changes. We notably demonstrated that 
asymmetric gene flow can -under certain conditions of migration rate and effective 
population size- generate false signals of population expansion. Interestingly, this tendency 
was detected in our empirical data, but only for one of the three inference methods we used. 
In contrast, the other two methods revealed strong signals of bottleneck for the four fish 
species and across the two rivers sampled, which are characterized by different levels of 
asymmetric gene flow (see Table S1, Supporting information). 
 
Effects of gene flow asymmetry on demographic history inferences 
In most cases of significant –although spurious- demographic changes, our simulations 
showed that asymmetric gene flow generates false signals of demographic expansion. 
However, this pattern was sensitive to other population parameters, namely the migration 
rate and the effective population size. We indeed detected strong interactive effects of these 
population parameters on signals of false demographic changes. These interactive effects 
are yet difficult to biologically interpret, and make difficult to withdraw general predictions 
about the effect of asymmetric gene flow on estimates of historical demographic changes in 
natural systems. Our results hence demonstrate the importance of simultaneously 
considering multiple parameters such as the effective population size and the migration rate 
when testing the robustness of analytical methods through simulations. 
The effect of asymmetric gene flow on demographic change inferences was also 
dependent on the method we used. Indeed, contrary to the MSVAR and the BOTTLENECK 
methods, the M-ratio method was not affected by asymmetric gene flow, as we found no 
clear evidence that downstream-biased asymmetric gene flow led to false signals of 
bottleneck. However, under conditions of symmetric gene flow, the M-ratio method tended 
to detect false signals of bottleneck, especially under low to moderate migration rates. As 
demonstrated previously for the MSVAR method (Chikhi et al. 2010), this may be due to the 
confounding effects of population structure, and of the sampling scheme on the 
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We further observed correlations between distance from the upstream deme and the 
magnitude of the demographic expansion (only for the MSVAR method). These differences 
between upstream and downstream demes are probably the result of a source-sink like 
dynamic, whereby downstream demes act as sinks and receive an excess of alleles through 
downstream-directed migration (Kawecki & Holt 2002; Morrissey & de Kerckhove 2009). 
Such source-sink dynamics generally lead to a gradual increase of allelic richness along the 
upstream-downstream gradient in rivers (Hänfling & Weetman 2006; Blanchet et al. 2010), 
and may therefore produce signals similar to those generated by demographic expansions.  
This may be because the number and frequencies of alleles actually observed in 
downstream sites are different than what expected under a demographically stable model. 
Finally, we found that the symmetric gene flow scenario led to patterns of false bottlenecks 
(only for low migration rate), as expected from previous simulations in n-island and two-
dimensional stepping-stone models (Städler et al. 2009; Chikhi et al. 2010). 
 
Effect of asymmetric gene flow on fish population demographic histories 
We detected significant population bottlenecks for all species in the two rivers when we 
analyzed the empirical data. Because two out of the three methods (MSVAR and M-ratio 
methods) were concordant in highlighting significant bottlenecks, we could reasonably 
assume that these populations had actually experienced demographic declines. However, 
significant signals of expansions were identified for all species and rivers at the population 
level using the BOTTLENECK method. This result is consistent with that obtained for the 
simulated data (see above), suggesting that, in wild populations, this method may be 
subjected to the type of bias induced by asymmetric gene flow. Overall, this would suggest 
that, despite asymmetric gene flow may theoretically affect the inference of demographic 
changes (our simulations), some inference methods may be powerful enough to bypass this 
type of bias when a population has actually experienced a bottleneck. 
We tested such a hypothesis by running an additional analysis in which we 
simulated a scenario where the population was subjected to (i) a bottleneck of magnitude 
and timing similar to that estimated for the empirical data, and (ii) post-bottleneck φ values 
equal to the mean values estimated from the literature survey (i.e., N=3147, a=7.5, 
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suggests that at least under some conditions, MSVAR can bypass the bias induced by 
asymmetry. It is noteworthy that we also detected a significant bottleneck using the M-ratio 
test, whereas BOTTLENECK detected a significant heterozygosity deficiency (i.e., a population 
expansion signal). Regarding our empirical data, we note however that some sampling sites 
did not display significant demographic changes. For instance, the absence of significant 
bottlenecks for P. phoxinus in downstream sites suggests that asymmetric gene flow was 
probably strong enough in these sites to counterbalance the effect of ancient bottlenecks. 
This means that more simulations varying both asymmetric gene flow and the 
characteristics (i.e., magnitude, date and type) of demographic changes are required to 
refine the conditions under which MSVAR adequately detects population size changes. 
To summarize, our study suggests that the BOTTLENECK method may be less suited 
than the MSVAR and M-ratio methods to infer demographic changes in wild populations 
experiencing asymmetric gene flow. This conclusion is apparently solid, since our 
empirical dataset includes fish populations covering a wide range of values regarding their 
levels of asymmetric gene flow (i.e., 1.893 < a < 9.135), migration rate (i.e., 0.042 < m < 
0.078) and effective population size (i.e., 546.488 < N < 8,088.188; see Table S1). But, 
given the fact we do not know the actual demographic history of these populations, we 
should remain cautious. An important lesson from this is perhaps that each methods looks 
at the genetic data from a slightly different angle, and uses different aspects of genetic 
diversity measures, which may in the end mean that the methods could be used jointly once 
we better understand their joint properties. 
From a biological point of view, we surprisingly found that the dating of the 
bottlenecks experienced by these populations was similar for three of the four species. For 
all species, we found that the corresponding demographic declines were ancient and pre-
dated the construction of the weirs and dams. For the highly fragmented river, the most 
likely inferred dates for the beginning of the bottlenecks range from 2,000 to 8,000 years 
ago, which contrasts with the first known mill weirs in this river (~800 years ago). Such 
dating suggests that these bottlenecks occurred after the last glacial period (i.e., Würm 
glacial period, ta < 10,000 years), more precisely between the Atlantic and the middle 
Subatlantic chronozones of the Holocene (Mangerud et al. 1974). These important 
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(Hänfling et al. 2002; Swatdipong et al. 2010), environmental stochastic events or random 
catastrophes (Hedrick & Miller 1992; Lande 1993). The dating obtained with the MSVAR 
method might only be loosely related to any particular event. Improving our knowledge in 
the paleoenvironmental history of the studied region would certainly help in understanding 
the potential causes of such strong population declines. Moreover, in the case of a series of 
expansions and contractions (which are likely to have happened in many natural systems), 
it is unclear which event would be “identified” by MSVAR (Quéméré et al. 2012; Salmona et 
al. 2012). Simulation of multiple events may thus be necessary for improving our 
interpretation of MSVAR outputs. 
 
III.7 – Conclusion 
Recent years have shown that several factors can play significant roles in producing 
non-equilibrium patterns, such as isolation by distance (Leblois et al. 2006), population 
structure (Städler et al. 2009; Chikhi et al. 2010, Peter et al. 2010), rapid decreases of gene 
flow (i.e., fragmentation, Broquet et al. 2010), spatial expansions (Edmonds et al. 2002), or 
departures from the assumed mutation model (Chikhi et al. 2010). However, the 
consequences of asymmetrical gene flow have been neglected. Our simulations confirm our 
expectation that asymmetric gene flow may generate biases when inferring demographic 
changes from genetic data. However, the direction and magnitude of such biases depended 
upon other population characteristics such as migration rate and effective population size. 
This study demonstrates the complexity of inferring demographic changes from genetic 
data in wild populations, and the importance of integrating multiple parameters in 
simulations aiming at testing the robustness of inference methods in population genetics 
(e.g., Heller et al. in press). 
In spite of these potential biases, our multi-specific empirical data suggests that, if 
used with care and conjointly, most inference methods appear suitable to infer demographic 
changes in populations experiencing asymmetric gene flow. Indeed, our empirical data 
suggest that asymmetric gene flow was unlikely to have caused the bottlenecks observed in 
the eight wild fish populations. We also found that if a major bottleneck was responsible of 
the patterns observed, it was unlikely to have been caused by recent anthropogenic 
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factors generating the strong bottlenecks observed in all fish species, even if they dated 
around the same period. 
The last twenty years have seen major improvements in population genetics 
inference, in particular with the development of full-likelihood methods. Our results and 
those from previous studies clearly demonstrate that population structure and dispersal 
patterns have to be considered for properly inferring the demographic history of wild 
populations (Chikhi et al. 2010; Girod et al. 2011). An important step for future studies will 
be to quantify the ability of emerging methods (such as those based on approximate 
Bayesian computations) to efficiently disentangle signals of demographic changes from 
false signals arising from population structure (see Peter et al. 2010 for instance). 
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III.9 – Matériel supplémentaire du Chapitre III. 
 
Figure S1: Diagram summarizing the parameter exploration procedure applied to our model. 
Three parameters were co-varied: the deme size N, the migration rate m and the degree of 
asymmetry a. The latter quantifies the ratio of downstream to upstream migration rates. 
Parameter’s boundaries (e.g., 100 and 10,000 for N) where included on the exploration. 
 
 
Figure S2: Geographic location of the “weakly fragmented” (Célé) and “highly fragmented” (Viaur) 
rivers. Black dots represent the sampled demes; small lines represent weirs and thick lines in the river 






Table S1: Mean allelic richness (AR) and Pearson’s correlation coefficient values (r) obtained or 
computed for several populations from a literature survey, along with median values for N, m and a 
estimated through ABC-regression algorithms for each population. ↓ indicates that migration is 
downstream-biased, while ↑ indicates upstream-biased migration. In bold: populations considered in the 
empirical analyses of this study. 
 
Authors Year Species Mean AR Pearson’s r N m a 
Alo & Turner 2005 Hybognathus amarus 11.50 0.87 8132.282 0.025 ↓  5.740 
Benetau et al. 2009 Etheostoma blennioides 11.60 0.88 8524.089 0.023 ↓  5.579 
Benetau et al. 2009 Etheostoma blennioides 8.00 -0.08 4368.045 0.07 ↑ -2.337 
Bessert & Orti 2008 Cycleptus elongatus 6.95 0.80 2947.578 0.04 ↓  9.262 
Bessert & Orti 2008 Cycleptus elongatus 7.30 0.22 3444.133 0.075 ↓  5.087 
Blanchet et al. 2010 Squalius cephalus (Viaur) 3.70 0.03 546.488 0.078 ↓  1.893 
Blanchet et al. 2010 Gobio gobio (Viaur) 6.60 0.56 2636.988 0.062 ↓  9.080 
Blanchet et al. 2010 Leuciscus burdigalensis (Viaur) 5.30 0.86 1315.600 0.046 ↓  8.808 
Blanchet et al. 2010 Phoxinus phoxinus (Viaur) 9.50 0.49 7112.489 0.061 ↓  8.631 
Blanchet et al. 2010 Squalius cephalus (Célé) 4.56 0.74 918.191 0.061 ↓  8.864 
Blanchet et al. 2010 Gobio gobio (Célé) 8.70 0.17 5840.923 0.075 ↓  6.437 
Blanchet et al. 2010 Leuciscus burdigalensis (Célé) 6.70 0.61 2785.438 0.061 ↓  9.135 
Blanchet et al. 2010 Phoxinus phoxinus (Célé) 10.73 0.70 8088.188 0.042 ↓  7.088 
Boizard et al. 2009 Semotilus atromaculatus 2.87 0.67 217.338 0.066 ↓  8.244 
Crispo et al. 2006 Poecilia reticulata 7.10 0.78 2993.460 0.044 ↓  8.293 
Dehais et al. 2010 Squalius cephalus 5.58 0.56 1596.969 0.063 ↓  8.242 
Gomez-Uchida et al. 2009 Salvelinus fontinalis 5.41 0.50 1654.697 0.068 ↓  9.712 
Gomez-Uchida et al. 2009 Salmo salar 4.55 0.73 902.331 0.063 ↓  9.198 
Gomez-Uchida et al. 2009 Salvelinus alpinus 4.94 0.64 1157.574 0.062 ↓  9.039 
Hanfling & Weetman 2006 Cottus gobio 5.04 0.79 1146.021 0.05 ↓  8.776 
Hanfling et al. 2002 Cottus gobio 4.68 0.76 948.379 0.051 ↓  8.386 
Raeymaekers et al. 2008 Gasteosterus aculeatus 7.10 0.69 3053.687 0.05 ↓  8.041 
Raeymaekers et al. 2009 Gasteosterus aculeatus 7.30 0.87 3059.297 0.037 ↓  8.523 
Tatarenkov et al. 2010 Xyphophorus helleri 8.42 0.90 4532.472 0.027 ↓  8.500 
Yamamoto et al. 2004 Salvelinus leucomaenis 4.33 0.88 752.366 0.046 ↓  9.267 
Mean    −                − 6.7384 0.6246 3147 0.053 ↓  7.500 
Standard deviation    −                − 2.3165 0.2668 2557.655 0.016     2.700 
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Table S2: Starting values for priors and hyperpriors for the four MSVAR MCMC independent runs. Bold numbers indicate 





Starting values for priors (mean, variance)  Hyperpriors 
Log(N0) Log(N1) Log(Ө) Log(ta)  Log(N0) Log(N1) Log(Ө) Log(ta) 
1 4, 1 5, 1 -3.5, 1 5, 1  3, 2, 0, 0.5 2, 3, 0, 0.5 -3.5, 0.25, 0, 0.5 5, 3, 0, 0.5 
2 4, 1 4, 1 -3.5, 1 5, 1  3, 2, 0, 0.5 3, 3, 0, 0.5 -3.5, 0.25, 0, 0.5 5, 3, 0, 0.5 
3 4, 1 3, 1 -3.5, 1 5, 1  3, 2, 0, 0.5 4, 3, 0, 0.5 -3.5, 0.25, 0, 0.5 5, 3, 0, 0.5 






Table S3: Results for the Wilcoxon’s sign rank test computed by Bottleneck for each sampling site, species and river (left), along with sampling site 
information. The SMM mutation model has been assumed. 
NS 
means that there is not a significant deviation from mutation/drift equilibrium (p-value > 0.05); * 
indicates a significant deviation from mutation/drift equilibrium (p-value ≤ 0.05). No significant deviations from mutation/drift equilibrium were found after the 
application of sequential Bonferroni corrections for each test. Significant He excesses are evidences of recent population decreases. Significant He deficiencies 
can be interpreted as recent signals of demographic expansion. 
 


























Célé C11 19.6 − − − − − − 0.527NS 0.527NS 0.720 (0.221)* 0.988NS 0.020* 0.673 (0.282)* 
Célé C10 29.4 − − − − − − 0.473NS 0.578NS 0.681 (0.202)* 0.994NS 0.010* 0.586 (0.199)* 
Célé C9 37.3 − − − 0.995NS 0.006* 0.601 (0.240)* 0.527NS 0.527NS 0.693 (0.274)* 0.998NS 0.004* 0.618 (0.252)* 
Célé C8 51.1 0.539NS 0.500NS 0.529 (0.242)* 0.916
NS 0.094NS 0.479 (0.242)* 0.986
NS 0.020* 0.646 (0.246)* 0.809
NS 0.231NS 0.627 (0.205)* 
Célé C7 58.4 0.348NS 0.688NS 0.537 (0.249)* 0.598
NS 0.423NS 0.492 (0.207)* 0.980
NS 0.027* 0.625 (0.279)* 0.963
NS 0.098NS 0.643 (0.218)* 
Célé C6 64.6 0.216NS 0.813NS 0.577 (0.279)* 0.756
NS 0.262NS 0.581 (0.228)* 0.680
NS 0.371NS 0.702 (0.215)* 0.527
NS 0.527NS 0.577 (0.209)* 
Célé C5 69.9 0.385NS 0.652NS 0.559 (0.280)* 0.924
NS 0.084NS 0.514 (0.179)* 0.902
NS 0.125NS 0.684 (0.223)* 0.902
NS 0.125NS 0.663 (0.228)* 
Célé C4 82.2 0.688NS 0.348NS 0.530 (0.244)* 0.999
NS <0.001* 0.553 (0.169)* 0.844
NS 0.191NS 0.663 (0.284)* 0.990
NS 0.014* 0.679 (0.250)* 
Célé C3 87.4 0.862NS 0.161NS 0.501 (0.171)* 0.940
NS 0.068NS 0.624 (0.205)* 0.727
NS 0.320NS 0.675 (0.248)* 0.875
NS 0.156NS 0.558 (0.251)* 
Célé C2 91.7 0.984NS 0.042* 0.550 (0.254)* 0.862
NS 0.151NS 0.543 (0.211)* 0.770
NS 0.273NS 0.691 (0.244)* 0.809
NS 0.230NS 0.682 (0.220)* 
Célé C1 100.2 0.991NS 0.012* 0.564 (0.256)* − − − 0.980NS 0.027* 0.652 (0.243)* 0.273NS 0.770NS 0.659 (0.222)* 
               
Viaur V10 20.5 − − − − − − 0.527NS 0.527NS 0.582 (0.328)* 0.902NS 0.125NS 0.572 (0.262)* 
Viaur V9 45.7 − − − − − − 0.973NS 0.037* 0.616 (0.233)* 0.844NS 0.191NS 0.664 (0.173)* 
Viaur V8 49.4 0.012* 0.991
NS 0.641 (0.289)* 0.319
NS 0.700NS 0.409 (0.186)* 0.875
NS 0.156NS 0.508 (0.309)* 0.527
NS 0.527NS 0.617 (0.204)* 
Viaur V7 52.9 0.461NS 0.577NS 0.614 (0.255)* 0.533
NS 0.489NS 0.402 (0.168)* 0.990
NS 0.014* 0.540 (0.204)* 0.289
NS 0.766NS 0.633 (0.272)* 
Viaur V6 68 0.161NS 0.862NS 0.534 (0.277)* 0.640
NS 0.381NS 0.384 (0.167)* 0.986
NS 0.020* 0.649 (0.237)* 0.629
NS 0.422NS 0.640 (0.184)* 
Viaur V5 70.4 0.615NS 0.423NS 0.591 (0.308)* 0.932
NS 0.076NS 0.427 (0.203)* 0.770
NS 0.273NS 0.526 (0.192)* 0.422
NS 0.629NS 0.572 (0.230)* 
Viaur V4 76.1 0.615NS 0.423NS 0.635 (0.283)* 0.916
NS 0.094NS 0.432 (0.175)* 0.422
NS 0.629NS 0.527 (0.274)* 0.289
NS 0.766NS 0.649 (0.259)* 
Viaur V3 94.9 0.947NS 0.065NS 0.674 (0.295)* 0.700
NS 0.319NS 0.440 (0.175)* 0.963
NS 0.098NS 0.552 (0.280)* 0.371
NS 0.680NS 0.565 (0.232)* 
Viaur V2 101.1 0.947NS 0.065NS 0.558 (0.268)* 0.932
NS 0.076NS 0.463 (0.176)* 0.994
NS 0.010* 0.636 (0.280)* 0.980
NS 0.027* 0.630 (0.223)* 
Viaur V1 130.3 0.722NS 0.313NS 0.514 (0.253)* 0.906
NS 0.104NS 0.460 (0.184)* 0.973
NS 0.037* 0.591 (0.249)* 0.813







Hedges’d effect size calculation 
In order to summarize and compare data from our >1000 MSVAR runs, we 
performed effect size calculations, along with the estimation of their 95% confidence 
intervals. Such statistics permits (i) to estimate the magnitude of an effect, e.g. in our case, 
the magnitude of the demographic change, and (ii) to assess the precision of that estimate. 
Particularly, we calculated an effect size that belongs to the family of the standardized 
mean differences (a.k.a. d statistics): the Hedges’d. It’s an unbiased version of the 
Hedges’g which permits to compare two groups or treatments, irrespective of if they are 
dependent (e.g., paired data) or independent. Consider an experimental (E) and a control 












X  and 
C
X  are, respectively, the means for the experimental and the control 
groups/treatments. S represents the pooled standard deviation (2) and J is a factor that 
corrects potential biases for low sample sizes (3). 
 (2) 



















EN and CN represent the sample size or the number of data points of both the 
experimental and control groups/treatments, while 
Cs and
Es correspond to their 
respective standard deviations. 
In our study, we considered that the two groups/treatments correspond to the 
posterior distributions of two parameters estimated through MSVAR: the current 


































The 95% confidence intervals of the Hedges’d effect size were given by (5): 
(5) 95%CI= sed 96.1  to sed 96.1  
se represents the asymptotic standard error for the effect size and its given by the next 
formula: 
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Chapitre IV – Combining genetic and demographic data 
for prioritizing conservation actions: insights from a 
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IV.1 – Résumé 
La priorisation et la mise en place de plans de conservation d’espèces menacées 
efficaces nécessite des informations à deux échelles temporelles différentes : l’échelle 
évolutive et l’échelle écologique. Néanmoins, très peu d’études adoptent des approches 
multidisciplinaires, car il est difficile pour les gestionnaires de la biodiversité d’évaluer de 
façon simultanée le statut écologique et évolutif des populations. Dans cette étude, nous 
voulons démontrer comment la combinaison d’analyses génétiques et d’analyses 
démographiques permet de prioriser et d’initier des plans de conservation. Pour cela, nous 
avons combiné l’analyse d’une base de données microsatellites et d’un suivi 
démographique d’une durée de 30 ans concernant une espèce de poisson d’eau douce 
menacée (Parachondrostoma toxostoma) à l’échelle d’un bassin versant entier. Nos 
résultats montrent que toutes les populations se caractérisent par de faibles niveaux de 
diversité génétique et de faibles tailles efficaces des populations (<63 individus). En outre, 
nous avons détecté des goulots d’étranglement sévères datant des derniers siècles (il y a 
200-800 années), ce qui pourrait expliquer la différentiation observée pour certaines 
populations. De son côté, l’analyse du suivi démographique nous a permis de montrer une 
diminution générale de la distribution spatiale et de l’abondance de P. toxostoma lors des 
trois dernières décennies. Nous concluons que les analyses démo-génétiques sont 
essentielles (i) pour identifier les populations pour lesquelles les risques d’extinction 
évolutifs et écologiques sont élevés, et (ii) pour proposer des plans de conservation orientés 
vers ces population à risque qui prendraient en compte l’histoire évolutive des populations. 
Nous suggérons que les analyses démo-génétiques devraient être la norme dans la pratique 
de la conservation. 
Mots-clés : génétique de la conservation, modèles de distribution d’espèces, rivières, 
Parachondrostoma toxostoma, goulot d’étranglement, suivi démographique, tendances 
temporelles. 
 
IV.2 – Abstract 
Prioritizing and making efficient conservation plans for threatened populations 
requires information at both evolutionary and ecological time-scales. Nevertheless, few 
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conservationists to assess simultaneously the evolutionary and ecological status of 
populations. Here, we sought to demonstrate how combining genetic and demographic 
analyses allows prioritizing and initiating conservation plans. To do so, we combined 
snapshot microsatellite data and a thirty-year long demographic survey on a threatened 
freshwater fish species (Parachondrostoma toxostoma) at the river basin scale. Our results 
revealed low levels of genetic diversity and weak effective population sizes (<63 
individuals) in all populations. We further detected severe bottlenecks dating back to the 
last centuries (200-800 years BP), which may explain the differentiation of certain 
populations. The demographic survey revealed a general decrease in the spatial 
distribution and abundance of P. toxostoma over the last three decades. We conclude that 
demo-genetic approaches are essential for (i) identifying populations for which both 
evolutionary and ecological extinction risks are high and, (ii) proposing conservation plans 
targeted towards these at risk populations, and accounting for the evolutionary history of 
populations. We suggest that demo-genetic approaches should be the norm in conservation 
practices. 
Keywords: conservation genetics, species distribution models, rivers, Parachondrostoma 
toxostoma, bottleneck, demographic survey, temporal trends. 
 
IV.3 – Introduction 
Prioritizing and making appropriate plans to manage and conserve threatened 
species is a complex task. Global changes simultaneously affect multiple facets of 
individual species, making predictions difficult (Margules and Pressey 2000; McMahon et 
al. 2011). For instance, global changes such as habitat fragmentation or climate change can 
affect the genetic diversity (Olivieri et al. 2008; Blanchet et al. 2010), the demographic 
dynamics (Julliard et al. 2004; Dunham et al. 2008), the evolution of life-history traits 
(Conover et al. 2009; Blanchet and Dubut 2012) and/or the spatial distribution of species 
(Parmesan 2006; Buisson et al. 2008). Accordingly, the conservation biologists’ toolbox 
includes several methods which emerged from multiple disciplines such as population 
genetics, population ecology, and biostatistics (Guisan and Zimmermann 2000; Green et al. 
2005; Excoffier and Heckel 2006). Nevertheless, most conservation studies focus on a 
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information for biodiversity management and conservation (Frankham 2010; Geist 2011; 
Loss et al. 2011). 
 
Integrative studies are however increasingly acknowledged as being valuable from a 
conservation standpoint (Purvis and Hector 2000; Geist 2011; Loss et al. 2011). For 
instance, at the community level, Devictor et al. (2010) showed that there was a strong 
spatial mismatch between phylogenetic, functional and taxonomic measures of bird 
biodiversity. These measures provide different but complementary information, suggesting 
that reserve designs should be optimized accordingly (Devictor et al. 2010). Similarly, at 
the population level, diverse measures classically used to assess the health of a population 
(e.g., effective population size, abundance and dispersal rate) provide complementary 
information that should be integrated into common analyses to set efficient conservation 
plans (e.g., Osborne et al. 2010; Osborne et al. 2012). For instance, demographic 
monitoring programs (hereafter, DMPs) provide useful information regarding the 
ecological status of populations and enable predictions on future distributions under global 
change scenarios, whereas population genetics studies (hereafter, PGSs) obtain information 
regarding the evolutionary status of populations and their potential resistance to rapid 
environmental changes (Smith and Bernatchez 2008). Because evolutionary and ecological 
time-scales and processes are sometimes confounded (Carroll et al. 2007), it is of prime 
importance to merge evolutionary and ecological information to (i) identify the populations 
that need to be prioritized for conservation actions, and (ii) implement effective long-term 
management and conservation of endangered populations (Osborne et al. 2012). 
 
The use of population genetics in biodiversity conservation has increased 
considerably in the last decades (Frankham 2010). Low genetic diversity in natural 
populations has been generally associated with pervasive effects such as inbreeding 
depression, loss of evolutionary potential and the accumulation of deleterious mutations 
(Saccheri et al. 1998; Frankham 2010). These effects theoretically increase extinction risks, 
and are expected to be stronger in populations under anthropogenic or natural stresses 
(Spielman 2004). Accordingly, PGSs generally aim at (i) describing the genetic status of 
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Schwartz et al. 2007) (ii) identifying historical and contemporary factors affecting the 
genetic diversity of populations (Manel et al. 2003; Dubut et al. 2012) and (iii) inferring 
past and contemporary demographic parameters such as effective population sizes (Ne) 
(Storz and Beaumont 2002). Although PGSs provide key information about demographic 
processes, linking genetics and population demography remains tricky (Osborne et al. 
2012). For instance, the link between Ne and census population size (Nc) is notoriously 
difficult to assess (Luikart et al. 2010; Palstra and Fraser 2012; Belmar-Lucero et al. 2012), 
and genetic bottlenecks (i.e., strong decreases in Ne) can be detected even in the absence of 
demographic bottlenecks (Broquet et al. 2010; Chikhi et al. 2010). Furthermore, the effects 
of particular threats may be undetected through PGSs due to the lag time that often exists 
between an ecological cause and its evolutionary consequence (Landguth et al. 2010). 
Analyses based on demographic data can overcome some of these gaps (Nichols 
and Williams 2006; Lindenmayer et al. 2010). DMPs provide information about the current 
status of populations by allowing the inference of key demographic parameters such as 
abundance and/or occurrence (Royle and Dorazio 2006). Combined with time series 
analyses, DMPs also permit the investigation of temporal trends and hence the 
identification of the causes and consequences of population declines or changes in spatial 
distribution (Daufresne et al. 2004). Additionally, these surveys are useful for the early 
detection of the effects of threats on populations as well as “ecological surprises” (Doak et 
al. 2008), which is notoriously difficult using only PGSs (Julliard et al. 2004; Lindenmayer 
et al. 2010). Finally, long-term and large spatial-scale surveys are of prime interest and may 
allow predictions about the future status of populations in a changing world through the use 
of species distribution models for instance (Guisan and Zimmermann 2000). 
In this study, we attempt to demonstrate how combining PGSs and DMPs provides 
baseline information for prioritizing and initiating management and conservation plans. We 
focused on an endangered freshwater fish species (i.e., the South-west European nase 
Parachondrostoma toxostoma, Vallot 1837) which is considered vulnerable throughout its 
restricted native range (i.e., Southern France, Crivelli 2006). We used a microsatellite 
dataset gathered at the river basin scale (i.e., the Garonne river basin, South-Western 
France) to (i) describe the genetic diversity and structure of P. toxostoma populations, and 
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over time), as well as to date main changes in Ne following the last glacial maximum (i.e., 
~10,000 years BP). In parallel, we used a demographic survey performed at the same 
spatial scale over the last three decades to (iii) identify temporal trends in species 
abundance at the Garonne river basin scale, and (iv) assess the current spatial distribution 
of the species and changes in the distribution over the last three decades. 
 
IV.4 – Materials & Methods 
Biological model 
Parachondrostoma toxostoma is a threatened freshwater fish species of the Cyprinidae 
family endemic to France and Switzerland, where its native range area is restricted to the 
Rhône, Adour and Garonne river basins. This species is listed as vulnerable in the IUCN 
red list, in the Annex II of the European Union Habitats Directive and in Appendix III of 
the Bern Convention (Crivelli 2006). The range of the species has been strongly reduced 
due to water pollution, habitat fragmentation by dams and weirs, artificial water releases 
and hybridization with a non-native species, Chondrostoma nasus (Costedoat et al. 2007). 
Our study focuses on the Garonne river basin, which hosts the major stock of pure P. 
toxostoma (i.e., not introgressed by the C. nasus genome). This highlights the urge for 
conservation actions directed towards the Garonne drainage in order to preserve the P. 
toxostoma species. 
 
Population genetics study 
Sampling design 
Ninety-two sampling sites belonging to thirty-four rivers of the Garonne river basin were 
investigated using electro-fishing in 2010 and 2011 (Figure S1). We did not catch P. 
toxostoma at seventy-six sites. Two hundred and thirty individuals of P. toxostoma were 
sampled at sixteen sites (Table IV - 1, Figure IV - 1). Thus, we assume that these sixteen 
sites are representative of the current P. toxostoma populations. However, due to the low 
numbers of individuals captured at some sampling sites, individuals from sites belonging to 
the same river were pooled for subsequent analyses. All genetic analyses were therefore 
conducted at the river level (nRIVER = 9). A small fragment of pelvic fin was collected and 
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Table IV - 1: Parachondrostoma toxostoma sampling sites information. 
River Code Location Latitude Longitude PGS N(PGS) DMP Y(DMP) 
ARRATS ARR Aubiet N 43°38'48'' E 0°46'45'' − − X 13 
AUROUE AUR L'isle-Bouzon N 43°54'32'' E 0°43'45'' − − X 13 
AVEYRON AVE Feneyrols N 44°07'52'' E 1°48'51'' X 5 − − 
  Monteils N 44°17'09'' E 2°00'07'' X 4 − − 
ARIEGE ARI Vénerque N 43°26'13'' E 1°26'15'' − − X 8 
PETITE BARGUELONNE BAR Montbarla N 44°12'34'' E 1°03'40'' X 9 X 17 
CELE CEL Boussac N 44°35'46'' E 1°55'02'' X 7 − − 
  Sainte Eulalie N 44°35'36'' E 1°52'25'' X 8 − − 
  Sauliac-sur-Célé N 44°31'09'' E 1°42'
'
58'' X 25 X 11 
COUZE COU Bayac N 44°48'16'' E 0°43'45'' − − X 14 
ELLE ELL
 
Terrason-Lavilledieu N 45°08'51'' E 1°15'37'' X 25 − − 
GARONNE GAR Muret N 43°27'36'' E 1°19'52'' − − X 10 
HERS HER
 
Besset N 43°05'03'' E 1°50'24'' X 4 X 10 
  Calmont N 43°17'10'' E 1°37'59'' X 25 − − 
LOUGE LOU
 
Fousseret N 43°16'27'' E 1°04'07'' X 8 X 13 
SALAT SAL
 
Touille N 43°04'38'' E 0°58'05'' X 25 − − 
SAVE SAV
 
Espaon N 43°25'20'' E 0°51'21'' X 18 − − 
VENDINELLE VEN La Salvetat Lauragais N 43°32'22'' E 1°48'15'' − − X 18 
VERE VER Cahuzac-sur-Vère N 43°59'12'' E 1°53'
'
43'' − − X 17 
VIAUR VIA La Calquière N 44°09'12'' E 2°12'15'' X 13 − − 
  Saint Just N 44°07'24'' E 2°21'57'' X 23 − − 
  Navech N 44°09'25'' E 2°23'18'' X 25 − − 
  Serres N 44°12'29'' E 2°31'25'' X 6 − − 
VOLP VOL Plan N 43°10'16'' E 1°07'07'' − − X 8 
PGS (for Point Genetic Study) indicates whether the site has (X) or not (−) been sampled for genetic analyses. N(PGS) 
indicates the number of individuals sampled per site for genetic analyses. DMP (for Demographic Monitoring Program) 
indicates whether the site has (X) or not (−) been selected for analyses of temporal trends in abundance. Y(DMP) indicates 
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Figure IV - 1: Map of the Garonne river basin (South-Western France) representing (i) sites where 
P. toxostoma was sampled for the genetic analyses (green circles) and (ii) sites that have been 
selected for analyses of temporal trends in population abundances (black triangles). 
 
Genotyping 
We used a salt-extraction protocol to extract genomic DNA from pelvic fins (Aljanabi and 
Martinez 1997). Fifteen microsatellite loci previously developed and/or evaluated for P. 
toxostoma (Dubut et al. 2010) were co-amplified using two multiplexed Polymerase Chain 
Reactions (PCRs) (see Table S1 for details on loci and primers concentrations). PCR 
amplifications were performed with 5-20 ng of genomic DNA and using the QIAGEN® 
Multiplex PCR Kit (Qiagen, Valencia, CA, USA). PCRs were carried out under conditions 
described by Dubut et al. (2010). Genotyping was performed on an ABI PRISM™ 3730 
Automated Capillary Sequencer (Applied Biosystems, Foster City, CA, USA) at the 
"Génopole Toulouse Midi-Pyrénées" (France). Allele sizes were scored using the software 
GENEMAPPER® v.4.0 (Applied Biosystems). 
 
Descriptive genetic analyses 
The presence/absence of large allele dropouts and null alleles was determined using the 
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Weinberg (HW) equilibrium were estimated using the program GENEPOP v4.0 (Rousset 
2008). Levels of significance for HW were adjusted using the False Discovery Rate (FDR) 
procedure (Benjamini and Hochberg 1995). Linkage disequilibrium among loci within sites 
was tested with the program FSTAT 2.9.3.2 (Goudet 1995). 
The mean number of alleles per site, the average observed (Ho) and expected (He) 
heterozygosity over loci, as well as Ho and He per loci per site were estimated using 
ARLEQUIN 3.5 (Excoffier and Lischer 2010). We used a rarefaction procedure, as 
implemented in the software ADZE 1.0 (Szpiech et al. 2008), to estimate allelic richness 




A Bayesian model-based clustering approach was used to search for the occurrence of 
independent genetic groups (i.e., clusters, K) in our dataset (as implemented in 
STRUCTURE 2.3.3; Pritchard et al. 2000; Falush et al. 2003, 2007; Hubisz et al. 2009). 
The burn-in length of the Markov Chain Monte Carlo (MCMC) was set to 50,000 followed 
by 200,000 iterations. The admixture model and the correlated allele frequencies model 
were used with priors on population sampling location (Hubisz et al. 2009). Ten runs were 
conducted for each K value, with K ranging from 1 to 9. We used CORRSIEVE 1.6.2 
(Campana et al. 2011) to combine two approaches aiming at determining K: the ΔK test 
(Evanno et al. 2005) and the ΔFst test (Campana et al. 2011). 
To further assess the levels of genetic differentiation among P. toxostoma sites, two 
different indices were estimated: pairwise Fst (Weir and Hill 2002) and the unbiased 
pairwise Dest (Jost 2008), calculated using ARLEQUIN 3.5 and SMOGD (Crawford 2010) 
respectively. 
 
Demographic history inference and current Ne estimation 
We used two different approaches for inferring past changes in the effective population size 
(i.e., expansions or contractions) of P. toxostoma. 
The first method, implemented in the BOTTLENECK v1.2.02 software (Cornuet 
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significant deviations from mutation/drift equilibrium. Significant heterozygosity excesses 
are considered as evidence of recent bottlenecks, whereas significant heterozygosity 
deficiencies can be interpreted as signals of recent population expansion (Luikart and 
Cornuet 1998). We performed analyses considering two different microsatellite evolution 
models: the Stepwise Mutation Model (SMM) and the Two-Phase Model (TPM). For the 
latter, we set the percentage of multi-step mutations at 30%. We tested the significance of 
mutation/drift equilibrium deviations for the two models using Wilcoxon’s signed rank 
tests. To account for multiple comparisons, we applied the FDR procedure (Benjamini and 
Hochberg 1995). The second method is the full-likelihood Bayesian approach implemented 
in the program MSVAR 1.3 (Beaumont 1999; Storz and Beaumont 2002). This coalescent-
based method relies on a hierarchical Bayesian model to detect, date and quantify past 
demographic changes. The model assumes that a stable, closed population of ancestral size 
N1 increased or decreased exponentially to its current size N0 (i.e., its current Ne) over a 
time interval of Ta years. This method uses all the information contained in the data and 
lognormal priors to infer the parameters of the model Ф = {N0,N1,Ta,θ}, where θ = 4N0μ 
and μ is the mutation rate. The posterior probability density of Ф is assessed via MCMC 
algorithms. Microsatellite loci are assumed to be independent and to evolve under a strict 
Stepwise Mutation Model (SMM). For each river-scale analysis, we performed four 
independent runs of 5x10
9 
steps, considering different starting values and means for priors 
and hyperpriors for each run (Goossens et al. 2006). We set a generation time of three years 
for P. toxostoma (Keith et al. 2011). Parameters were thinned with an interval of 5x10
4
 
steps, resulting in output files with 1x10
5
 values. We discarded the first 10% of the chains 
as burn-in to prevent bias induced by the starting values on parameter estimation. The 
convergence of the MCMC chains was checked with the Gelman and Rubin analysis 
implemented in the R package CODA (Gelman and Rubin 1992; Plummer et al. 2006). For 
each analysis, posterior parameter values obtained by the four independent runs were 
pooled together and subsequently used to calculate the median and the 5-95% quartiles for 
N0, N1 and Ta. We also calculated these statistics for the ratio log10(N0/N1). Negative values 
of this ratio indicate that the population has experienced a decrease in effective population 
size, while positive values characterize demographic expansions. This approach was also 
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pooling all individuals from all rivers in a single analysis. At such a scale, estimates of 
current Ne were compared to those estimated using the linkage-disequilibrium-based 
approach implemented in LDNe (Waples and Do 2008). LDNe was not used at the river 
scale due to its propensity to give negative Ne estimates (which are interpreted as infinity 
estimates, Waples and Do 2008) for most rivers. MSVAR 1.3 runs were performed on an 
ALTIX ICE 8200 EX and UV computer cluster (Silicon Graphics International, Fremont, 
CA, USA) hosted by the CALMIP group at the University Paul Sabatier (Toulouse, 
France). 
 
Demographic monitoring data 
Database description 
We used the surveillance monitoring database of the French National Agency for Water 
and Aquatic Environments (i.e., ONEMA) to carry out demographic trend and species 
distribution analyses. This database includes an extensive spatio-temporal set of monitoring 
surveys of French freshwater fish populations, representative of all fish assemblages and 
covering varying degrees of anthropogenic disturbances (Poulet et al. 2011). Surveys were 
conducted according to standard electro-fishing procedures (Poulet et al. 2011). We used 
this database to (i) identify temporal trends in population abundance of P. toxostoma at 12 
sampling locations, (ii) assess the current spatial distribution of this species in the Garonne 
river basin, and (iii) investigate whether the spatial distribution of this species in the 
Garonne river basin has declined or expanded over the last three decades. 
 
Temporal trends in abundance 
From this dataset, we selected all sites belonging to the Garonne river basin that have been 
sampled and investigated for P. toxostoma abundance for at least eight years. This resulted 
in the selection of twelve sites (Table IV - 1, Figure IV - 1) for which time series ranged 
between eight and eighteen years and occurred between 1991 and 2010. As sampling 
procedures were standardized over years, abundances (expressed as the number of 
individuals per m
2
) were directly comparable across years. It is noteworthy that (i) this 
database and the genetic database have been gathered during independent research projects 
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demographic and genetic data are not available for all sites (see Table IV - 1). Some sites 
for which long-term demographic data were available have been unsuccessfully sampled 
for genetic, and inversely, some sites where genetic data were available had time series that 
were not long enough to be analyzed (i.e., < 8 years). 
First, we assessed the strength and significance of temporal trends at these sites, by 
using a modified Mann-Kendall trend test that we independently applied to each time series 
(Hamed and Rao 1998). In this test, the Mann-Kendall's S statistic (Kendall 1962) provide 
an estimate of the strength of the association between time and the response variable, while 
accounting for temporal autocorrelation present in a time series (Hamed and Rao 1998). 
Second, we assessed whether or not these twelve time series showed an overall 
significant trend. For this purpose, we performed a meta-analysis (Gurevitch and Hedges 
1993) on the twelve Mann-Kendall's trend statistics S calculated in the first step. We 
applied a mixed linear model approach using maximum likelihood, in which we assumed 
that the twelve time series included in the meta-analysis share a common effect size with a 
random variation among the twelve time series. 
 
Current spatial distribution and recent distribution changes 
We used the database described above to assess changes in the spatial distribution of P. 
toxostoma on the Garonne river basin over two distinct periods, separated by a time span of 
ten years (i.e., “past period”: 1980-1992, and “current period”: 2003-2009). To account for 
potential sampling bias when comparing spatial distributions over time based on datasets 
not originally collected for this purpose (Shaffer et al. 1998; Shoo et al. 2006), we modeled 
the spatial distribution of the species across the French hydrographic network as a function 
of several climatic and environmental variables. 
Accurately modeling species distribution requires performing analyses at the entire 
species range scale, so as to encompass all environmental conditions (Austin 2007). 
Therefore, for both time periods, initial models were calibrated at the French scale. We 
selected 3549 sites sampled over the 1980-1992 period and 3543 sites sampled over the 
2003-2009 period scattered across France (see Figure S2). The occurrence of the species 
was modeled independently for both time periods as a function of habitat and climatic data 
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upstream-downstream position (G), mean temperature of the coldest quarter (°C), mean 
temperature of the warmest quarter (°C), temperature variability, cumulated precipitations 
of the wettest quarter (mm), cumulated precipitations of the driest quarter (mm) and 
precipitation variability (Hijmans et al. 2005). 
To account for uncertainty in estimating species range, we used a modeling 
approach allowing us to produce maps of species habitat suitability (e.g., Puschendorf et al. 
2009; Grenouillet et al. 2011). Specifically, we used an ensemble modeling approach based 
on a consensus model averaging the probabilities of occurrence predicted by eight single-
species distribution models (Marmion et al. 2009), as well as three threshold-setting 
methods allowing the conversion of occurrence probabilities into binary data (i.e., presence 
or absence, Liu et al. 2005), and 30 iterations (see Appendix S1 for details on models' 
implementation). 
The calibrated models set at the French scale were then used to predict the binary 
predictions of occurrence of the species for the two distinct periods in the hydrographic 
network of the Garonne river basin. The spatial distribution of the species for each time 
period was calculated as the length of the hydrographic network occupied by the species 
(e.g., Fagan 2002) in the Garonne river basin (expressed in % of the total network length). 
However, because the ability to detect changes in the spatial distribution of species may be 
confounded by the uncertainty arising from methodological strategies (e.g., threshold 
effect, Nenzén and Araújo 2011), temporal changes in the occupied stream length were 
evaluated using a linear model that controlled for the threshold effect. A linear model was 
thus fitted to the spatial distribution of P. toxostoma in both periods where the threshold-
setting method and the period were used as explanatory variables. The change (i.e., 
extension or contraction) was then provided by the least-squares means intercepts of the 
contemporary period-group effect. Temporal trends analyses and spatial distribution 
models have been developed under the R environment software 2.13.0 (R Development 
Core Team 2011). 
 
IV.5 – Results 
Population genetics study 
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After applying the FDR controlling procedure, no null alleles were detected in our dataset, 
there were no significant deviations from HW for any loci or any population (Table S2, 
Table S3), and we failed to detect significant linkage disequilibrium between pairs of loci 
(Table S4). 
Overall, genetic diversity estimates were low (Figure IV - 2A, 2B, Table S3). Loci 
were weakly polymorphic at the basin scale (2-6 alleles per locus), with some loci being 
monomorphic at the river scale (na = 1; Table S2). Average He and Ho values across loci 
within rivers were moderately low (He = 0.320-0.450; Ho = 0.315-0.482), as well as mean 
number of alleles and allelic richness estimates (AR8 = 1.868-2.536 alleles per river; AR18 
= 2.147-3.037) (Figure IV - 2A, 2B, Table S3). It is noteworthy that the Save River (SAV) 
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Figure IV - 2: Maps representing (A) the allelic richness per population considering a minimum sample size of 8 (color 
scale), (B) the expected heterozygosity per population (color scale) (C) the past effective population size (N1; left 
number in the bubbles, see also Table S6), the current effective population size (N0; right number in the bubbles, see 
also Table S6), the time of the beginning of the bottlenecks (in years backward in time; numbers in brackets, see also 
Table S6) and the magnitude of bottlenecks (i.e., Log10(N0/N1): color scale, see also Table S6), and (D) the value of the 
Mann-Kendall's S statistic (color scale) and the significance of Mann-Kendall trend tests for each time series: Asterisks 
(*) denote significant (i.e., P < 0.05) temporal trends. For all panels, the three-letter code in each bubble corresponds to 
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Population structure 
The ten runs of the Bayesian clustering analysis were convergent. The ΔK and ΔFst tests 
revealed three distinct clusters K = 3 (Figure IV - 3A-3B). Most of the populations were 
hardly differentiable and were characterized by the occurrence of a main cluster, whose 
frequency range was from 62% (CEL) to 98% (VIA). Only SAV and HER were 
discriminated from the rest of the Garonne river basin, each site corresponding to a distinct 
cluster (Figure IV - 3C). Overall, genetic differentiation values between rivers were weak 
to moderate and ranged between 0.003-0.244 and 0.003-0.281 for Fst and Dest respectively 
(Table IV - 2). All but five pairwise Fst values were significant (Table IV - 2). The stronger 
differentiations were found between SAV/VIA (Fst = 0.244; Dest = 0.097) and SAV/BAR 
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Figure IV - 3: Analysis of the population structure of P. toxostoma in the Garonne river basin. (A) and (B) represent 
the results from ΔK and ΔFst tests respectively. (C) is a barplot representing the results of the Bayesian clustering 
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Table IV - 2: Population pairwise Fst (upper half-matrix) and pairwise Dest 
(lower half-matrix) values calculated between all rivers (denoted by their three-
level code). 
 
Code AVE BAR CEL ELL HER LOU SAL SAV VIA 
AVE − 0.117 0.067 0.070 0.042 0.013
 ns
 0.014 0.109 0.005
 ns
 
BAR 0.056 − 0.102 0.052 0.054 0.025 0.026 0.130 0.017 
CEL 0.018 0.031 − 0.023 0.023 0.003
 ns





















































0.015 0.010 0.097 − 
For pairwise Fst, significant values at level 0.05 after FDR correction are in bold. 




Demographic history inference and current Ne estimation 
According to the BOTTLENECK software, and after corrections for multiple tests, there 
was no significant evidence for demographic changes in the Garonne river basin (Table 
S5). On the contrary, the MSVAR analyses revealed significant signals of bottleneck in all 
rivers (Figure IV - 2C, Table S6). The magnitude of these bottlenecks, as indicated by the 
median values of the log10(N0/N1) ratio, ranged between -0.705 (ELL) and -1.345 (HER) 
(Figure IV - 2C, Table S6). Overall, N0 estimates (i.e., the current Ne of populations) were 
similar across rivers, with medians ranging from 7 (HER) to 63 individuals (SAL). 
Concerning ancestral population sizes (N1), median values ranged from 5286 (LOU) to 
9155 individuals (HER) (Figure IV - 2C, Table S6). These bottlenecks were estimated to 
have occurred between 192 (HER) and 727 years ago (SAL). The MSVAR method has 
often been considered as more powerful than the BOTTLENECK method (Williamson-
Natesan 2005; Girod et al. 2011), which may explain the discrepancy observed between 
these two methods. 
The analysis performed at the Garonne river scale confirmed the low estimates of 
current Ne found at the river scale. Indeed, at this scale, MSVAR provided an estimate of 
147 individuals (5%-95% quartiles: 35.6-534.4) in the whole drainage, whereas LDNe 
provided a global estimate of 74.6 individuals (95%CI: 54.4-104.6). 
 




Genetic and demographic analyses for conservation 
Temporal trends in abundance 
Five out of the twelve populations (i.e., HER, VEN, AUR, CEL, VER) showed a 
significant negative trend (P < 0.05; S < 0), one population (COU) showed a significant 
positive trend (P < 0.01; S = 23) whereas the remaining six populations (VOL, LOU, ARI, 
GAR, ARR, BAR) showed no significant trend in abundance (Figure IV - 2D, Table S7). 
Overall, the mixed model meta-analysis revealed a significant (P < 0.001) negative trend 
indicating a global decrease in the abundance of P. toxostoma populations in the Garonne 
river basin. 
 
Modeling species distribution 
The stream length occupied by the species was estimated at 24.0% (±2.5 SE) of the total 
river basin stream length in 1980-1992 (Figure IV - 4A) and 20.9% (±2.6 SE) in 2003-2009 
(Figure IV - 4B). This represented an overall decrease of 3.2% (P < 0.01) with respect to 
the whole river basin, and of 13.1% of P. toxostoma's 1980-1992 distribution (Figure IV - 
4C, Figure IV - 5). The habitat suitability for the species decreased in the middle part of the 
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Figure IV - 4: Spatial distributions of P. toxostoma modeled for (A) 1980-1992 and (B) 2003-2009 
periods, and differences between these two distributions (C). The agreement between presence-absence 
predictions (i.e., habitat suitability) was measured by summing the 90 predictions (threshold × 
iteration) for each reach of the Garonne river basin for each period, with color scale varying from green 
(no predicted presence) to red (90 predicted presences). The differences in the spatial distribution of 
the species were expressed with a color scale varying from blue (90 presences predicted only for 1980-
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Figure IV - 5: Boxplots of the length of the occupied network by P. toxostoma in the Garonne river 
basin modeled for the periods 1980-1992 and 2003-2009. The length of the occupied network was 
the residuals of a linear regression linking the length of occupied network in both periods with the 
threshold setting-method effect. 
 
IV.6 – Discussion 
What did we learn from genetic data? 
Using a full-likelihood Bayesian approach (as implemented in MSVAR, Storz and 
Beaumont, 2002), we showed that all P. toxostoma populations have experienced 
significant decreases in effective population size (Ne), with reductions of more than 99% of 
their pre-bottleneck long-term Ne. We further showed that: (i) in all populations, 
bottlenecks started 192-727 years ago, and are hence relatively recent (i.e., within the last 
millennium), and (ii) all populations show extremely low current Ne. Attempting to identify 
the causes of such bottlenecks would be highly speculative without further data and 
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anthropogenic causes are also likely (i.e., the first mill weirs date back from the XIIth 
century, Blanchet et al. 2010). It is noteworthy that the bottlenecks highlighted here are 
"species-specific" rather than "basin-specific", given that for four other sympatric cyprinid 
fish species (i.e., Squalius cephalus, Leuciscus burdigalensis, Gobio gobio and Phoxinus 
phoxinus), Paz-Vinas I. et al. (in press) demonstrated that bottlenecks were older (~2000-
6000 years BP) and of different magnitudes than those detected for P. toxostoma. We can 
hence reasonably conclude that the bottlenecks inferred here occurred during the last 
millennium and affected specifically P. toxostoma populations. 
Descriptive analyses revealed low levels of genetic diversity for all populations. 
Indeed, all diversity indices were up to ~3.3 times lower than those calculated for 
populations of other cyprinid fish species co-occurring with P. toxostoma in the Garonne 
river basin (Blanchet et al. 2010). They were all also remarkably lower than those 
calculated for P. toxostoma populations from the Rhône river basin (see Dubut et al. 2010). 
As an example, some microsatellite markers were monomorphic in certain populations, 
whereas these same markers were highly polymorphic in populations from the Rhône river 
basin (Dubut et al. 2010). Similarly, Costedoat et al. (2005) demonstrated that the diversity 
measured at mitochondrial genes for P. toxostoma was also significantly lower in the 
Garonne river basin than in the Rhône river basin, a result that may be a consequence of the 
recent colonization of the Garonne river basin from the Rhône river basin (i.e., ~57,000 
years BP, Costedoat et al. 2005). Although the relatively poor genetic diversity found in the 
Garonne river basin probably has an important phylogeographical basis (Costedoat et al. 
2005), it may reflect the more recent (200-700 years BP) and severe bottlenecks that we 
detected. 
Finally, our PGS also highlighted that P. toxostoma populations in the Garonne 
river basin were relatively homogeneous from a genetic standpoint. Indeed, most 
populations formed a single cluster with relatively low genetic differentiation within this 
cluster. This result suggests that these populations constitute a single panmictic unit at the 
basin level. There were however two noticeable exceptions to this general pattern; the Hers 
and Save Rivers were genetically differentiated from all other populations. These two 
populations also demonstrated the lowest contemporary Ne values, the lowest genetic 
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that these populations may be discriminated from others (i) because gene flow between 
these populations and others are weak, and/or (ii) because genetic drift and inbreeding were 
particularly high in these populations, causing divergence from other populations in the 
Garonne river basin. 
To summarize, PGS provided a precise description of the current genetic state of P. 
toxostoma populations from the Garonne river basin. Overall, these results clearly indicate 
that long-term management should integrate the fact that the evolutionary potential of the 
species in this geographic area may be weak. 
 
What did we learn from demographic data? 
Using time series abundance data at twelve locations, we found an overall demographic 
decrease of P. toxostoma populations that occurred in the last three decades. Evidence of a 
demographic decrease was further supported by comparing the P. toxostoma occurrence at 
the basin scale between two periods (1980-1992 and 2003-2009). This analysis revealed a 
significant decrease in the distribution range of P. toxostoma, representing 13.1% of the 
1980-1992’s distribution. These results confirm that over the range of the species, there is a 
decreasing trend in abundance (Crivelli 2006; Poulet et al. 2011). This decrease contrasts 
with the increase in occurrence, abundance and density of several sympatric species at the 
French scale such as Barbus barbus or Gobio gobio (Daufresne and Boët 2007; Poulet et al. 
2011). Despite this range-wide trend, we showed that not all local populations were 
subjected to a significant demographic decrease, since some of them display no particular 
trends, and one population even showed a significant demographic increase. There was no 
clear spatial pattern regarding these site-specific trends (see Figure IV - 2D). However, 
such site-specific analysis provides a basis for further analyses exploring the regional 
and/or local causes of demographic trends in the Garonne river basin. Indeed, a comparison 
implying healthy vs. non-healthy (from a demographic point of view) populations may 
highlight the leading environmental factors affecting the demography of this species. 
To summarize, DMPs provided insights into the demographic dynamics and 
changes in the spatial distribution of P. toxostoma in the Garonne river basin, which 
indicates that this species is ecologically weakened in this area, and thus restoration plans 
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Synthesis, implications and conclusions: The conservation gain of combining 
genetic and demographic data 
Synthesis 
The history of P. toxostoma in the Garonne river basin is relatively recent and began 
~57,000 years ago, when it colonized the Garonne from the Rhône river basin (Costedoat et 
al. 2005). Our results suggest that populations exhibited relatively large long-term Ne 
(~5,000-8,000 individuals per population) until severe and recent (~800 to 200 years ago) 
demographic collapses entailed Ne of less than a few hundred (sometimes less than a 
dozen) individuals. This means that very small numbers of effective breeders are currently 
sustaining populations in the Garonne river basin. This history led to genetically 
impoverished P. toxostoma populations in the Garonne river basin. Although most 
populations are genetically homogeneous, these demographic collapses also led to local 
differentiation in the Garonne river basin. In a more recent timeframe (i.e., the last two 
decades), we showed that this species experienced a global decrease in census size (Nc) 
over the entire Garonne river basin, although that some populations remained 
demographically stable or even increased locally. This recent decrease in Nc was 
accompanied by a significant reduction of its spatial distribution over the Garonne river 
basin. Because both Ne and Nc are reduced in these populations, P. toxostoma in the 
Garonne river basin is confronted with a combination of ecological and evolutionary 
extinction risks, which reinforces its status of vulnerable species in the IUCN red list, and 
supports the implementation of conservation plans. 
 
Implications 
Our results illustrate how combining genetic and demographic approaches is useful to 
target and to prioritize conservation and management plans for endangered populations. A 
main weakness of our study resides in the few number of sampling points common to both 
temporal trend and genetic analyses. However, this fact may well be the standard for most 
studies focusing on rare and threatened species. We therefore provide recommendations 
considering two cases. In the first case, both demographic and genetic are available at the 
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identifying priority populations as those (i) having the lowest genetic diversity and Ne, and 
(ii) being subjected to a significant and recent decrease in Nc. For instance, we identified 
the Hers River as a priority population since both genetic and demographic indices are 
weak. In this case, we propose conservation strategies involving a program of stocking 
from broodstock stemming from healthy populations, combined with the restoration of 
habitat and connectivity with other rivers. Healthy populations are those with stable Nc and 
higher Ne (such as the Petite Barguelonne and Louge rivers). In the second case, only one 
of the two metrics is available at the sampling site level. In this case, prioritizing 
conservation plans is less straightforward. For instance, some populations (e.g., the 
Vendinelle River) were subjected to a sharp decrease in Nc in recent years, however no data 
are yet available regarding genetic diversity and Ne dynamics. In this case, managers can 
conduct a genetic monitoring of these populations to help clarify the populations' status. On 
the other hand, some populations (e.g., the Save River) have low Ne and low genetic 
diversity, but lack temporal data regarding Nc. In this case, it is impossible to get the 
temporal trend of the populations. Thus, invoking the precautionary principle, we propose 
considering these populations as conservation priority. 
 
IV.7 – Conclusion 
To conclude, we showed how combining analyses based on point genetic studies and 
demographic monitoring programs (i.e., a “demo-genetic approach”) reveal complementary 
information underlying different processes operating at different timescales. Demo-genetic 
approaches allow (i) identification of “at risk” populations, (ii) prioritizing conservation 
and management actions and (iii) proposing plans that account for the evolutionary history 
and potential of populations. We hence argue that demo-genetic approaches should be the 
norm in conservation practices. Indeed, these surveys would allow not only prioritizing and 
initiation of conservation plans (this study), but would also allow the evaluation of 
dispersal and connectivity through the use of genetic-based inference methods (Broquet and 
Petit 2009), as well as evaluation of the effectiveness of conservation plans (Schwartz et al. 
2007; Osborne et al. 2012). We hope that this study will motivate conservation ecologists 
to invest in genetic monitoring, and conversely, conservation geneticists to initiate long-
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IV.9 – Matériel supplémentaire du Chapitre IV. 
Appendix S1: Current spatial distribution and recent distribution changes 
 
The occurrence of P. toxostoma was recorded at each site from 1 to 19 times during 
the 1980-1992 period and from 1 to 14 times during the 2003-2009 period, resulting in 
4533 and 7548 sampling occasion records, respectively (see Figure S1). 
Independent models were then implemented to model the occurrence of the species 
in each time period based on a single sampling occasion records (i.e., presence or absence) 
randomly chosen for each site. We used a ensemble modeling approach allowing to account 
for variability associated to methodological choices and data quality (e.g., Puschendorf et 
al. 2009; Grenouillet et al. 2011). 
Specifically, to account for the variability related to the modeling method, we 
followed the procedure applied in Marmion et al. (2009) by averaging the probabilities of 
occurrence predicted by eight single-species distribution models: Generalized Linear 
Models (GLM), Generalized Additive Models (GAM), Multivariate Adaptive Regression 
Splines (MARS), Mixture Discriminant Analyses (MDA), Classification And Regression 
Trees (CART), Random Forest (RF), Generalized Boosted Trees (GBT) and Artificial 
Neural Networks (ANN). 
Models were calibrated on 70% of the sampling occasion records, while the 
remaining 30% were used for evaluation and threshold selection. Three common threshold-
setting methods were then applied to find the thresholds that offer the best trade-off to 
convert occurrence probabilities into binary data (i.e., presence or absence, Liu et al., 
2005). Specifically, we used threshold values maximizing the sum of sensitivity and 
specificity, sensitivity equaling specificity and maximizing Kappa.  Finally, we 
accounted for the variability due to the quality of the calibration dataset by repeating 30 
times with 30 different sampling occasion datasets the different steps of the modeling 
process. 
Therefore, we ultimately obtained 90 final modeled species distributions for each 
period resulting from 30 iterations, and 3 thresholds that we used to estimate the extent of 
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Figure S1: Map of the Garonne river basin (South-Western France) 
representing (i) sites where P. toxostoma was unsuccessfully sampled for 
genetic analyses (white circles) and (ii) sites where P. toxostoma was 







Figure S2: Maps representing sites where the occurrence of P. toxostoma was recorded (A) from 1 
to 19 times during the 1980-1992 period and (B) from 1 to 14 times during the 2003-2009 period. 
 












BL1-30 FJ468353 Dubut et al. (2009a) 6-FAM 1 100 nM 
Rser10 AJ312850 Dawson et al. (2003) 6-FAM 1 100 nM 
LleC-090 FJ601722 Dubut et al. (2009b) 6-FAM 1 100 nM 
LceC1 AY962241 Larno et al. (2005) HEX 1 100 nM 
BL1-61 FJ468351 Dubut et al. (2009a) HEX 1 75 nM 
Ca1 AF277573 Dimsoski et al. (2000) ATTO550 1 300 nM 
N7K4 AJ566138
 
Mesquita et al. (2003) ATTO550 1 100 nM 
CtoA-256 GU254032
 
Dubut et al. (2010) 6-FAM 2 150 nM 
BL1-2b FJ468347 Dubut et al. (2009a) 6-FAM 2 100 nM 
Rru4 AB112740
 
Barinova et al. (2004) 6-FAM 2 100 nM 
Lsou34 EF209012
 
Muenzel et al. (2007) HEX 2 75 nM 
LleA-029 FJ601714
 
Dubut et al. (2009b) HEX 2 100 nM 
CtoF-172 GU254034
 
Dubut et al. (2010) ATTO550 2 100 nM 
Lsou05 EF209002 Muenzel et al. (2007) ATTO550 2 100 nM 
BL1-T2 FJ468348 Dubut et al. (2009a) ATTO550 2 100 nM 
Barinova A, Yadrenkina E, Nakajima M, Taniguchi N (2004) Identification and 
characterization of microsatellite DNA markers developed in ide Leuciscus idus and 
Siberian roach Rutilus rutilus. Molecular Ecology Notes 4, 86-88. 
Dawson DA, Burland TM, Douglas A, Le Comber SC, Bradshaw M (2003) Isolation of 
microsatellite loci in the freshwater fish, the bitterling Rhodeus sericeus (Teleostei: 





Dimsoski P, Toth GP, Bagley MJ (2000) Microsatellite characterization in central 
stoneroller Campostoma anomalum (Pisces: Cyprinidae). Molecular Ecology 9, 2187-
2189. 
Dubut V, Martin JF, Costedoat C, Chappaz R, Gilles A (2009a) Isolation and 
characterization of polymorphic microsatellite loci in the freshwater fishes Telestes 
souffia and Telestes muticellus (Teleostei: Cyprinidae). Molecular Ecology Resources 
9, 1001-1005. 
Dubut V, Martin JF, Gilles A, Van Houdt J, Chappaz R, Costedoat C (2009b) Isolation and 
characterization of polymorphic microsatellite loci for the dace complex: Leuciscus 
leuciscus (Teleostei: Cyprinidae). Molecular Ecology Resources 9, 1179-1183. 
Dubut V, Sinama M, Martin JF et al. (2010) Cross-species amplification of 41 
microsatellites in European cyprinids: A tool for evolutionary, population genetics 
and hybridization studies. BMC Research Notes 3, 135. 
Larno V, Launey S, Devaux A, Laroche J (2005) Isolation and characterization of 
microsatellite loci from chub Leuciscus cephalus (Pisces: Cyprinidae). Molecular 
ecology notes 5, 752-754. 
Mesquita N, Cunha C, Hänfling B et al. (2003) Isolation and characterization of 
polymorphic microsatellite loci in the endangered Portuguese freshwater Squalius 
aradensis (Cyprinidae). Molecular ecology notes 3, 572-574. 
Muenzel FM, Sanetra M, Salzburger W, Meyer A (2007) Microsatellites from the vairone 
Leuciscus souffia (Pisces: Cyprinidae) and their application to closely related species. 
Molecular ecology notes 7, 1048-1050. 
Table S2: Observed number of alleles (na), expected (He) and observed (Ho) heterozygosities 
and departures from Hardy-Weinberg equilibrium (Fis) for all loci and populations of P. 
toxostoma. No significant departures from Hardy-Weinberg equilibrium were found after 
applying Benjamini and Hochberg (1995) false discovery rate corrections. N indicates the 
sample size. 
 
 Code AVE BAR CEL ELL HER LOU SAL SAV VIA 
Locus N 9 9 40 25 29 8 25 18 67 
BL1-30 na 3 3 3 4 3 4 3 2 3 
 He 0.370 0.426 0.266 0.316 0.451 0.328 0.150 0.486 0.293 
 Ho 0.444 0.333 0.275 0.360 0.552 0.375 0.120 0.500 0.254 
 Fis -0.143 0.273 -0.021 -0.119 -0.206 -0.077 0.217 0 0.141 
BL1-61 na 3 2 3 3 3 4 4 4 3 
 He 0.364 0.278 0.464 0.442 0.216 0.328 0.314 0.542 0.343 
 Ho 0.444 0.333 0.500 0.480 0.241 0.375 0.280 0.667 0.254 
 Fis -0.164 -0.143 -0.066 -0.065 -0.101 -0.077 0.130 -0.204 0.268 
LleC-090 na 6 6 4 6 3 4 5 4 6 
 He 0.716 0.531 0.502 0.571 0.267 0.539 0.610 0.497 0.685 
 Ho 0.778 0.667 0.500 0.560 0.310 0.625 0.640 0.389 0.657 
 Fis -0.028 -0.200 0.017 0.040 -0.146 -0.094 -0.030 0.244 0.049 
LceC1 na 2 2 2 2 3 2 2 2 2 
 He 0.346 0.346 0.469 0.480 0.492 0.375 0.493 0.494 0.468 
 Ho 0.444 0.222 0.600 0.400 0.586 0.500 0.560 0.444 0.328 
 Fis -0.231 0.407 -0.268 0.186 -0.175 -0.273 -0.116 0.128 0.305 





 He 0.599 0.790 0.748 0.781 0.662 0.633 0.723 0.370 0.773 
 Ho 0.667 0.778 0.750 0.600 0.690 0.625 0.600 0.222 0.761 
 Fis -0.055 0.074 0.010 0.251 -0.025 0.079 0.190 0.424 0.023 
Rser10 na 2 2 2 2 2 2 2 2 2 
 He 0.475 0.346 0.455 0.295 0.498 0.469 0.480 0.494 0.322 
 Ho 0.556 0.444 0.600 0.280 0.586 0.250 0.480 0.556 0.373 
 Fis -0.111 -0.231 -0.307 0.072 -0.161 0.517 0.020 -0.097 -0.152 
N7K4 na 5 5 6 6 4 4 6 3 5 
 He 0.667 0.654 0.740 0.757 0.526 0.734 0.798 0.286 0.712 
 Ho 0.556 0.889 0.700 0.800 0.586 0.750 0.840 0.222 0.746 
 Fis 0.223 -0.306 0.066 -0.037 -0.097 0.046 -0.033 0.249 -0.041 
Rru4 na 3 2 3 5 2 3 4 3 4 
 He 0.290 0.346 0.496 0.546 0.384 0.625 0.253 0.249 0.510 
 Ho 0.111 0 0.525 0.680 0.241 0.625 0.280 0.167 0.463 
 Fis 0.652 1 -0.045 -0.225 0.386 0.067 -0.087 0.354 0.100 
Lsou34 na 1 2 2 2 2 2 1 1 1 
 He 0 0.494 0.049 0.180 0.034 0.117 0 0 0 
 Ho 0 0.444 0.050 0.200 0.035 0.125 0 0 0 
 Fis NA 0.158 -0.013 -0.091 NA NA NA NA NA 
Lsou05 na 4 4 4 5 2 3 4 2 4 
 He 0.624 0.593 0.434 0.663 0.400 0.477 0.545 0.153 0.569 
 Ho 0.889 0.778 0.500 0.600 0.414 0.500 0.560 0.167 0.582 
 Fis -0.376 -0.258 -0.139 0.116 -0.018 0.018 -0.008 -0.063 -0.016 
LleA-029 na 4 4 6 5 6 6 6 2 5 
 He 0.568 0.642 0.591 0.568 0.710 0.734 0.663 0.475 0.399 
 Ho 0.667 0.778 0.550 0.600 0.759 0.875 0.600 0.667 0.388 
 Fis -0.116 -0.155 0.081 -0.036 -0.051 -0.126 0.116 -0.378 0.036 
CtoF-172 na 1 1 2 1 1 1 1 1 1 
 He 0.568 0.642 0.591 0.568 0.710 0.734 0.663 0.475 0.399 
 Ho 0.667 0.778 0.550 0.600 0.759 0.875 0.600 0.667 0.388 
 Fis NA NA NA NA NA NA NA NA NA 
CtoA-256 na 2 2 2 2 2 2 2 2 2 
 He 0.475 0.401 0.500 0.471 0.462 0.469 0.497 0.198 0.486 
 Ho 0.333 0.556 0.550 0.600 0.379 0.250 0.360 0.222 0.409 
 Fis 0.351 -0.333 -0.088 -0.254 0.196 0.517 0.294 -0.097 0.166 
BL1-T2 na 3 4 3 4 2 2 2 3 3 
 He 0.426 0.624 0.528 0.566 0.366 0.490 0.385 0.554 0.395 
 Ho 0.556 0.667 0.525 0.600 0.276 0.286 0.280 0.500 0.388 
 Fis -0.250 -0.011 0.019 -0.041 0.263 0.478 0.291 0.126 0.025 
BL1-2b na 1 2 1 2 1 2 2 1 2 
 He 0 0.278 0 0.039 0 0.117 0.077 0 0.138 
 Ho 0 0.333 0 0.040 0 0.125 0.080 0 0.149 






Table S3: Mean observed (Ho) and expected (He) heterozygosities, mean number of alleles over 
loci (NA), allelic richness (AR8 for a minimum sample size of 8 individuals; AR18 for a minimum 
sample size of 18 individuals) and departures from Hardy-Weinberg equilibrium (Fis) for each P. 
toxostoma population. Numbers inside brackets represent the standard deviation for Ho and He. N 




 = non-significant departure from Hardy-Weinberg proportions. 
 
Table S4: P-values for the linkage disequilibrium test for each pair of loci and population. The 
adjusted significance threshold value for 5% nominal level is α = 0.000048. 
 
Locus1 Locus2 AVE BAR CEL ELL HER LOU SAL SAV VIA All 
BL1-30 BL1-61 0.842 0.024 0.922 0.715 0.719 0.287 1.000 0.571 0.369 0.599 
















































































































































































Code N Ho He NA AR8 AR18 Fis 
AVE 9 0.395 (0.239) 0.418 (0.253) 2.933 2.375 − -0.030 ns 
BAR 9 0.450 (0.198) 0.476 (0.210) 3.133 2.536 − -0.012 ns 
CEL 40 0.418 (0.234) 0.423 (0.237) 3.267 2.289 2.712 -0.049 ns 
ELL
 
25 0.445 (0.237) 0.454 (0.242) 3.667 2.466 3.037 0.002 ns 
HER
 
29 0.364 (0.223) 0.371 (0.226) 2.667 2.028 2.306 -0.017 ns 
LOU
 
8 0.429 (0.222) 0.458 (0.237) 3.067 2.501 − 0.087 ns 
SAL
 
25 0.399 (0.259) 0.407 (0.264) 3.267 2.294 2.798 0.072 ns 
SAV
 
18 0.320 (0.208) 0.329 (0.214) 2.333 1.868 2.141 0.044 ns 









































































































































































































































































































































































































































































































































































































































































































































































































































Table S5: Results for the Wilcoxon’s sign rank test computed by BOTTLENECK for each river 
and for the TPM and SMM microsatellite mutation models. Significant He excesses are evidences of 
recent population decreases. Significant He deficiencies can be interpreted as recent signals of 
demographic expansion. 
ns 
means that there is not a significant deviation from mutation/drift 
equilibrium (P > 0.05); * indicates a significant deviation from mutation/drift equilibrium (P ≤ 
0.05). No significant He deviation has been found after the application of false discovery rate 
procedure (Benjamini and Hochberg, 1995). 
 


























































































Table S6: Median, 5% and 95% quartile values calculated for N0 (the current effective population size), N1 (the past 
effective population size), Ta (the time of the beginning of the demographic change, in years backwards from the present) 
and Log10(N0/N1) (the magnitude of the demographic change) for each river, through the posterior distributions obtained 
with MSVAR 1.3. Negative values of the ratio Log10(N0/N1) indicates that the population has experienced a bottleneck. 
 

























2828 -1.005 -2.739 -0.444 




3107 -0.999 -2.605 -0.500 
CEL 20 0.38 168.39 5948 1734.11 19830.60 279 8 2375 -1.005 -2.479 -0.551 




5176 -0.705 -2.148 -0.342 






1792 -1.345 -3.182 -0.748 






4603 -0.810 -2.419 -0.332 












-0.710 -1.968 -0.391 








3156 -1.135 -2.869 -0.628 












Table S7: Values for the Mann-Kendall's S statistic, variance in S (Var(S)), mean densities and P 
values obtained for the twelve time series with the modified Mann-Kendall trend test. Time series 
are identified by the three-letter code of their corresponding rivers. Negative S values denote 















River S Var(S) Mean density P 
HER -25 125.0 5.9 0.025* 
VOL -14 65.3 13.1 0.083 
LOU -18 268.7 1.8 0.272 
ARI 10 65.3 1.8 0.216 
VEN -82 697.0 10.3 <0.01* 
GAR -12 125.0 0.9 0.283 
AUR -37 268.7 3.8 0.023* 
ARR -29 268.7 1.2 0.076 
CEL -29 165.0 4.0 0.023* 
VER -49 589.3 2.3 0.043* 
BAR -2 589.3 3.8 0.93 







À travers les travaux présentés dans cette thèse, mes collaborateurs et moi-même 
espérons contribuer au développement de la compréhension de la distribution de la 
diversité génétique dans les réseaux dendritiques. Tout d’abord, nos recherches ont 
confirmé, à l’aide de méthodes méta-analytiques, l’existence d’un patron spatial général de 
diversité génétique dans les réseaux dendritiques, qui s’applique à de nombreux taxons et 
dans de nombreux paysages. Nous avons aussi pu identifier et caractériser les processus qui 
peuvent expliquer le patron observé, en utilisant des outils de simulation, de classification 
et des méthodes d’inférence génétique. Ensuite, nous avons identifié comment la 
distribution de la diversité génétique au sein d’un bassin versant peut influencer la 
détermination d’aires de conservation prioritaires. Finalement, nous avons vu comment des 
processus particuliers générant un patron observé peuvent aussi affecter la robustesse de 
différentes méthodes statistiques génétiques utilisées en biologie de la conservation. Cette 
conclusion générale a pour but de synthétiser les principaux résultats obtenus et présentés 
dans les quatre chapitres de cette thèse, ainsi que les perspectives qu’offrent nos recherches. 
 
Les patrons de diversité génétique dans les réseaux dendritiques 
 
Comme nous l’avons vu dans l’introduction, K. Ritland (1989) a été le premier à 
poser l’hypothèse de l’existence d’un patron de diversité génétique général dans les réseaux 
hydrographiques ; patron selon lequel la diversité génétique devrait augmenter au fur et à 
mesure que l’on progresse de l’amont vers l’aval (patron que nous avons appelé IGDD pour 
« Increase in Genetic Diversity Downstrem » dans le chapitre I). Cette observation, qui a 
été vérifiée un grand nombre de fois chez plusieurs organismes (Hanfling & Weetman 
2006; Kikuchi et al. 2009; Alp et al. 2012), a néanmoins été infirmée pour un grand 
nombre de populations, notamment chez des espèces de plantes aquatiques (Ritland 1989; 
Tero et al. 2003; Honnay et al. 2010). Ritland lui-même, dans l’article scientifique où il 
expose son hypothèse, n’arrive pas à identifier ce patron chez une espèce de mimule40 
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(Mimulus caespitosus) (Ritland 1989). Toutes ces observations contradictoires ont fait 
naître le doute sur le bien fondé de la généralisation de ce patron. 
 
Au travers de deux méta-analyses, nous avons pu lever le doute sur l’existence de ce 
patron général. Dans une première méta-analyse (cf. chapitre III et son matériel 
supplémentaire), nous avons tout d’abord montré que ce patron41 existait bien chez les 
populations de poissons à l’échelle des rivières isolées (Paz-Vinas et al. 2013). Ce patron42 
a par la suite été confirmé et généralisé à l’échelle du réseau dendritique grâce à une 
deuxième méta-analyse, beaucoup plus étendue -comprenant 79 populations- et couvrant 
une gamme d’organismes plus large (allant des plantes aquatiques aux poissons ainsi 
qu’aux invertébrés; cf. chapitre I et son matériel supplémentaire). Grâce à ces résultats, 
nous pouvons affirmer que l’augmentation de la diversité génétique vers l’aval (IGDD) est 
bel et bien un patron général de diversité génétique à l’échelle du réseau hydrographique 
entier, et qu’il s’applique à de nombreux taxons (cf. chapitre I). 
L’existence de ce patron complète une autre observation globale qui a été faite au 
sein des réseaux dendritiques : celle selon laquelle la diversité taxonomique augmente selon 
le gradient amont-aval dans ces écosystèmes (Campbell Grant et al. 2007; Altermatt 2013). 
Ces deux constatations suggèrent que dans les réseaux dendritiques, les patrons de 
biodiversité mesurés à plusieurs niveaux de diversité (ici, aux niveaux génétique et 
spécifique) peuvent être congruents et, de ce fait, covarier dans le même sens. Cette 
hypothèse est renforcée par les travaux d’autres chercheurs ayant observé empiriquement 
cette congruence entre patrons génétiques et patrons taxonomiques, par exemple chez 
certaines espèces de chironomidés
43
 (Finn & Poff 2011). Les résultats de l’article publié par 
Carrara et ses collaborateurs (2012) et les résultats présentés dans l’annexe I vont aussi en 
ce sens. Ils montrent que la connectivité dendritique per se
44
 affecte les patrons de diversité 
α et β de la même façon au niveau taxonomique (Carrara et al. 2012) et au niveau génétique 
(cf. annexe I) : les diversités α sont inférieures dans les communautés/populations situées à 
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 Patron matérialisé sous la forme d’un coefficient positif de corrélation de Pearson entre la richesse allélique 
et la distance à la source. 
42
 Cette fois-ci, patron matérialisé sous la forme d’un coefficient négatif de corrélation de Pearson entre la 
richesse allélique et la distance à l’embouchure. 
43
 Chironomidés : famille de diptères dont la larve, appelée couramment ver de vase, est filtreuse et 
suspensivore. 
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l’amont par rapport à celles situées aux confluences, et les diversités β sont supérieures à 
l’amont par rapport aux confluences (Carrara et al. 2012; cf. annexe 1). Ceci aboutit donc à 
des patrons spatiaux de diversité taxonomique et génétique similaires et congruents. 
L’existence d’une congruence spatiale généralisée entre les patrons de diversité 
génétique et les patrons de diversité taxonomique dans les réseaux dendritiques 
impliquerait donc que la connectivité dendritique, ainsi que les processus qui agissent dans 
les réseaux dendritiques comme par exemple la dispersion biaisée vers l’aval, affectent de 
la même façon la distribution de la biodiversité à plusieurs niveaux d’organisation, allant de 
la communauté jusqu’au niveau intra-spécifique. Toutefois, il est encore un peu précipité 
d’affirmer que cette congruence soit une règle générale. 
En effet, bien que le patron d’accumulation de la diversité génétique vers l’aval soit 
communément observé, nous avons trouvé de nombreuses exceptions à cette règle générale, 
avec notamment des patrons qui suivent une distribution de type « courbe en cloche »
45
, 
mais aussi des patrons selon lesquels la diversité génétique augmente lorsqu’on se déplace 
vers l’amont (c'est-à-dire, l’inverse du patron IGDD). Par exemple, l’étude de Maria Alp et 
ses collaborateurs (2012), montre comment dans un même réseau hydrographique on peut 
trouver une espèce caractérisée par un fort patron d’IGDD (Gammarus fossarum) et une 
autre qui montre un patron de type « courbe en cloche » (Baetis rhodani). Ces observations 
s’opposent donc à l’existence d’une congruence généralisée entre les patrons de diversité 
taxonomique et génétique dans ce réseau, car même si nous ignorons si un patron de 
diversité taxonomique particulier existe dans ce réseau, nous savons qu’il y aura au moins 
une espèce pour laquelle le patron génétique ne sera pas en accord avec le patron 
taxonomique. Il est important de souligner que notre méta-analyse n’a pas décelé de patron 
d’IGDD significatif au sein de certains groupes comme les plantes aquatiques, observation 
qui s’ajoute à celle d’autres auteurs (Ritland 1989; Tero et al. 2003; Honnay et al. 2010). 
Ceci suggère que ce groupe doit mettre en œuvre des mécanismes qui permettent de 
contrecarrer les effets de processus pouvant générer des IGDD (voir ci-après). D’une façon 
plus générale, notre méta-analyse montre que ce sont plutôt les espèces capables de 
disperser d’une façon autre qu’en utilisant exclusivement l’eau (notamment les plantes 
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 « courbe en cloche » : dans ce cas, patron pour lequel la diversité génétique est supérieure dans les 







 et les invertébrés ayant une phase non-aquatique) qui ne montrent pas un 
patron global d’IGDD significatif. Cela souligne la forte influence de la dispersion par les 
airs et/ou par la terre dans la détermination de la distribution de la diversité génétique dans 
les réseaux hydrographiques (Chaput-Bardy et al. 2008, 2009; Campbell Grant et al. 2010). 
 
Dans un futur proche, il est fort probable que nous voyons paraître des études ayant 
pour objectif d’explorer à la fois les patrons de diversité spécifique sur un grand nombre de 
communautés, et les patrons de diversité génétique des espèces qui composent ces 
communautés (Pauls et al. in prep; cf. annexe 3). Outre les études empiriques, d’autres 
approches pourraient bientôt nous éclairer sur les conditions nécessaires à l’établissement 
de patrons congruents à ces deux niveaux de diversité : des approches par modélisation 
mais aussi des approches expérimentales, s’intéressant à la fois à l’évolution de la diversité 
taxonomique des communautés et à la diversité génétique d’espèces dans des méta-
communautés dendritiques virtuelles (modélisées) ou expérimentales (comme dans Carrara 
et al. 2012 ou Seymour & Altermatt 2014). 
Globalement, l’identification de patrons généraux de diversité comme l’IGDD 
permet de mieux appréhender la distribution de la biodiversité au sein d’un écosystème 
particulier (ici, les réseaux hydrographiques dendritiques), mais aussi de mieux comprendre 
les processus qui génèrent et maintiennent les patrons observés. Tout ceci favorise alors 
l’élaboration de stratégies efficaces de conservation des espèces et de leur potentiel 
évolutif. 
 
Les processus qui déterminent la diversité génétique dans les réseaux dendritiques 
 
Tout au long de cette thèse, nous nous sommes intéressés aux effets de quatre 
grands types de caractéristiques et processus inhérents aux réseaux dendritiques sur la 
distribution de la diversité génétique, à savoir la connectivité de type dendritique (cf. 
chapitre I; annexe 1), l’asymétrie de flux de gènes biaisée vers l’aval (cf. chapitres I et III), 
le différentiel de tailles efficaces des populations le long d’un gradient amont-aval et les 
processus de colonisation dirigés vers l’amont (cf. chapitre I). 
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Ainsi, nous avons montré que le simple fait que la connectivité d’un réseau soit de 
type dendritique aboutit à un patron de diversité particulier, selon lequel les richesses 
alléliques sont supérieures dans les populations situées au centre du réseau, comparées à 
celles situées à l’amont ou à l’aval (cf. chapitre I). Cela est dû au fait qu’il y a une 
augmentation locale de la richesse allélique au niveau des populations situées aux 
confluences, car celles-ci reçoivent des allèles qui se sont différenciés dans les populations 
des affluents (cf. annexe 1). Ces confluences se situant principalement vers le milieu du 
bassin, cela aboutit à une relation de type courbe en cloche entre la richesse allélique et la 
distance à l’embouchure (en d’autres termes, une distribution gaussienne). Ce type de 
patron a été identifié pour six populations sur soixante-dix-neuf par la méta-analyse du 
chapitre I, ainsi que pour la population de loche franche (Barbatula barbatula) du bassin de 
la Garonne étudiée dans le chapitre II. Ceci montre que ce patron existe bel et bien dans les 
réseaux hydrographiques et est relativement fréquent. Cependant, les observations de ce 
patron dans la Nature ne sont pas forcément le fruit du seul effet de la connectivité 
dendritique, car d’autres processus peuvent induire cette distribution, notamment la 
présence de tailles efficaces des populations plus grandes au niveau de la partie 
intermédiaire du réseau comparées aux zones amont ou aval (Watanabe et al. 2008; cf. 
chapitre I). 
 
Bien que cet effet de la connectivité dendritique soit innée aux réseaux dendritiques, 
nos simulations montrent qu’il suffit de la présence d’un processus comme l’asymétrie de 
flux de gènes biaisée vers l’aval, le différentiel de tailles efficaces des populations le long 
du gradient amont-aval ou comme la colonisation dirigée vers l’amont pour « casser » le 
patron de diversité génétique généré par la connectivité dendritique per se. En effet, ces 
processus peuvent générer tous les trois des patrons d’IGDD identiques, et ceci en agissant 
de façon indépendante ou combinée (cf. chapitre I). Ce constat est un exemple clair de la 
façon selon laquelle une même observation biologique (ici, la présence du patron d’IGDD) 
peut être le résultat de différents processus, phénomènes ou histoires démographiques. 
Cette notion, bien que souvent oubliée, s’applique aussi lors de l’interprétation des résultats 





utilisées dans les chapitres III et IV pour détecter des changements de tailles efficaces de 
populations. 
Un autre résultat important de nos simulations mérite d’être souligné. En effet, bien 
que ces processus (et leurs interactions couplées) peuvent générer le même patron de 
diversité génétique pour une statistique descriptive de la diversité génétique donnée (c’est-
à-dire, la richesse allélique dans le cas des patrons d’IGDD), ils peuvent aussi générer des 
patrons de diversité différents pour d’autres statistiques descriptives. Cette propriété 
différentielle ouvre la voie à l’utilisation de méthodes de catégorisation et d’inférence 
statistique qui permettront de distinguer le (ou les) processus étant les plus probablement 
responsables d’un patron de diversité génétique observé dans une population donnée. 
 
Dans ce contexte, nous avons identifié grâce à des arbres de classification (Breitman 
et al. 1984) un certain nombre de statistiques descriptives ayant un fort pouvoir 
discriminant lorsque des patrons d’IGDD sont observés. Nous avons ensuite montré qu’il 
est possible de distinguer de façon efficace les processus responsables de ces patrons 
d’IGDD observés dans des réseaux dendritiques, en utilisant ces statistiques discriminantes 
comme élément comparatif dans le cadre de procédures de choix de modèles de type ABC 
(Beaumont et al. 2002). 
Ainsi, certains processus génèrent des patrons particuliers dans les réseaux 
dendritiques, et ceci peut avoir des conséquences analytiques importantes lors de 
l’utilisation de certaines approches ou méthodes statistiques basées sur l’analyse de 
données génétiques. Il est donc important de les identifier et de les prendre en compte pour 
comprendre le fonctionnement des écosystèmes et ainsi pouvoir les protéger de façon 
optimale. 
 
Patrons et processus dans les réseaux dendritiques : implications pour la biologie de la 
conservation 
 
Les écosystèmes d’eau douce font partie des écosystèmes les plus menacés dans le 
monde par les changements globaux (Sala 2000). La définition d’aires pour la conservation 





ces milieux. Or, l’identification de ces zones est compliquée, compte tenu des rôles très 
structurants de la topologie, de la connectivité de type dendritique ou bien de la force du 
courant de l’eau, qui influencent la distribution de la diversité au sein des réseaux 
hydrographiques (Campbell Grant et al. 2007; Rodriguez-Iturbe et al. 2009; Peterson et al. 
2013; Altermatt 2013). La description précise de la distribution et des patrons de 
biodiversité dans des écosystèmes si structurés est donc capitale lorsque l’on veut 
développer des mesures de conservation. 
 
Lors de nos recherches, nous avons analysé une large base de données 
microsatellites multi-spécifiques couvrant l’ensemble du bassin de la Garonne (cf. chapitre 
II). Ces analyses nous ont permis de confirmer un certain nombre d’observations qui 
avaient été faites au préalable avec des modèles théoriques (cf. chapitre I). Tout d’abord, le 
patron général de diversité génétique identifié dans le chapitre I (l’IGDD) n’est observable 
que pour deux espèces de poissons sur quatre, ce qui montre que les distributions de la 
richesse allélique de ces espèces dans le bassin de la Garonne ne sont pas congruentes. De 
même, les patrons observés pour d’autres statistiques descriptives de la diversité génétique 
comme la richesse en allèles privés diffèrent selon les espèces. Ces résultats suggèrent que 
les processus derrière ces patrons ne sont pas les mêmes, ou en tout cas n’affectent pas de la 
même façon les quatre espèces. 
Nous avons aussi montré comment les différences observées entre les distributions 
spatiales de la diversité génétique de ces quatre espèces peuvent poser des difficultés quand 
il s’agit de définir des zones de conservation prioritaires ayant pour but de protéger le 
potentiel évolutif de ces espèces. Un des exemples rapporté dans le chapitre II et qui illustre 
bien ce point, est celui de la distribution de la richesse en allèles privés de quatre espèces de 
poissons au sein du bassin de la Garonne. En effet, les points chauds de richesse en allèles 
privées de chacune des quatre espèces se situent dans des zones du bassin versant 
complètement différentes les unes des autres. De ce fait, la définition de mesures de 
protection visant à protéger le potentiel évolutif de ces espèces en se focalisant sur les 
zones les plus riches en allèles privées reviendrait à protéger quasiment en entier le bassin 





Globalement, les résultats reportés dans ce chapitre nous permettent de souligner 
plusieurs points importants. Tout d’abord, ils montrent que la définition d’aires de 
protection visant à préserver le potentiel évolutif des espèces nécessite d’abord une 
description précise de la distribution de la diversité génétique de ces espèces à l’échelle de 
l’écosystème entier, et ceci en utilisant plusieurs statistiques descriptives. De plus, cette 
étude complète un certain nombre d’autres travaux qui soulignent le grand intérêt de mener 
des études multi-spécifiques dans le contexte de la biologie de la conservation (Lambeck 
1997; Blanchet et al. 2010), car bien qu’un certain nombre d’espèces montre un même 
patron général de diversité, ces distributions ont tendance à être espèce-spécifiques, car 
elles sont liées aux différences de traits d’histoire de vie des espèces et/ou aux processus 
qui les affectent. Ceci nous emmène à un troisième point : il faut éviter d’extrapoler la 
distribution de la diversité génétique observée chez une espèce à d’autres espèces, sous 
prétexte qu’un patron général de diversité existe dans un écosystème donné. Ceci pouvant 
aboutir à la protection d’aires non optimisées à la maximisation de la diversité génétique de 
l’ensemble des espèces. 
 
Les patrons particuliers de diversité génétique, ainsi que les processus qui les 
génèrent, peuvent avoir d’autres conséquences dans le domaine de la biologie de la 
conservation. C’est ce que nous démontrons dans le chapitre III, où nous identifions 
comment des processus tels que l’asymétrie de flux de gènes, de par ces effets sur la 
distribution de la diversité génétique, peuvent induire des biais dans des méthodes 
d’inférence génétique qui sont couramment utilisées en génétique de la conservation. 
En effet, l’asymétrie de flux de gènes peut biaiser l’inférence des changements 
démographiques passés des populations de réseaux hydrographiques. Nous avons réalisé 
cette observation en utilisant deux méthodes (celle implémentée dans le programme 
Bottleneck; Cornuet & Luikart 1996; Piry 1999; et celle implémentée dans msvar 1.3; 
Beaumont 1999; Storz & Beaumont 2002) qui ont généré, sous certaines conditions, de 
faux signaux d’expansion démographique. Pour l’une de ces méthodes (msvar), nous avons 
même mis en évidence une corrélation entre la magnitude de l’expansion démographique 
détectée et la distance à la source, patron colinéaire à l’IGDD, et qui résulte probablement 





gènes biaisée vers l’aval; Kawecki & Holt 2002; Morrissey & de Kerckhove 2009). Bien 
que ces deux méthodes puissent être biaisées par l’asymétrie de flux de gènes, l’analyse de 
nos données empiriques indique que la méthode msvar est capable de surpasser ce biais 
lorsque de forts goulots d’étranglement ont vraiment eu lieu. 
Nos travaux complètent ainsi un certain nombre d’études qui ont montré l’effet de 
plusieurs facteurs sur l’efficacité des méthodes d’inférence de changements 
démographiques : comme, par exemple, les effets des patrons d’isolement par la distance 
(Leblois et al. 2006), de la structure des populations (Chikhi et al. 2010), des réductions 
drastiques de flux de gènes (Broquet et al. 2010) ou des déviations par rapport au modèle 
de mutation considéré (Girod et al. 2011). Plus largement, nos recherches s’inscrivent dans 
une volonté grandissante de tester la robustesse des méthodes d’inférence statistique face 
aux déviations observées par rapport aux conditions de départ de ces méthodes, ainsi que 
face aux choix des schémas d’échantillonnage utilisés (Peery et al. 2012; Hoban et al. 
2013; Luximon et al. 2014). 
 
Finalement, à travers l’exemple d’une espèce de poisson menacé du bassin de la 
Garonne (le toxostome, Parachondrostoma toxostoma; cf. chapitre IV), nous avons illustré 
comment ces méthodes d’inférence de changement démographiques (notamment msvar) 
peuvent être utilisées en biologie de la conservation. Ainsi, en combinant les résultats 
obtenus avec msvar, avec des analyses génétiques descriptives et des analyses 
démographiques, nous avons pu déterminer que cette espèce a subi une forte diminution de 
la taille efficace de ses populations dans le bassin de la Garonne au cours des derniers 
siècles. Nous avons aussi montré que le toxostome a subi une décroissance globale de son 
aire de distribution et de ses effectifs dans les dernières décennies. Ces deux observations 
sont probablement à l’origine des faibles diversités génétiques observées chez cette espèce 
dans le bassin de la Garonne. Ces travaux s’ajoutent à d’autres travaux récents qui 
soulignent l’intérêt de combiner des approches pluri-disciplinaires, notamment génétiques 
et démographiques, afin de traiter des problématiques de conservation (May et al. 2011; 
Osborne et al. 2012; Palkovacs et al. 2014). Nous pouvons nous attendre dans les 
prochaines années à voir un nombre grandissant d’études combinant différentes méthodes 






L’utilité des outils de simulation de données génétiques et des méthodes 
d’inférence statistique 
 
Les outils de simulation de données génétiques sont de plus en plus populaires en 
génétique des populations, car ils permettent d’étudier des systèmes complexes comme des 
individus, des populations ou des espèces (Hoban et al. 2012). Ces outils de simulation de 
données génétiques sont généralement utilisés dans trois cas : dans le but de faire des 
prédictions, dans un contexte d’inférence statistique et/ou pour tester la robustesse de 
méthodes statistiques d’analyses génétiques (Hoban et al. 2012). 
 
Cette thèse est principalement basée sur la simulation de données génétiques, et 
permet de montrer la large gamme de questions qui peuvent être traitées grâce à ces outils. 
Pour mener à bien les travaux présentés dans cette thèse, nous avons utilisé les simulations 
de données génétiques dans le cadre des deux dernières problématiques énoncées ci-dessus, 
à savoir pour faire des inférences statistiques et pour tester la robustesse de certaines 
méthodes. Ainsi, nous avons couplé nos simulations à des procédures de type ABC 
(Beaumont et al. 2002), dans un contexte d’inférence statistique. Ceci nous a permis de 
confronter divers modèles évolutifs pouvant potentiellement expliquer une situation 
biologique (cf. chapitre I, annexe 2), et nous a aussi permis d’inférer des valeurs de 
paramètres démographiques et évolutifs d’intérêt à partir de modèles spécifiques (cf. 
chapitre III, annexe 2). Ensuite, nous avons utilisé les simulations de données génétiques 
dans le but de générer des sets de données dont l’analyse permet de tester la robustesse, 
face à certaines conditions, de trois méthodes statistiques de détection des changements de 
taille de populations couramment employées en génétique des populations (cf. chapitre III). 
 
Nous proposons dans cette thèse une quatrième application potentielle aux 
simulations de données génétiques : l’étude de patrons de diversité génétique et des 
processus qui les génèrent (cf. chapitres I, III et annexe 2). Ce type de simulations 
descriptives s’inspire du cadre conceptuel couramment utilisé en modélisation écologique 





Grimm et al. 2005). Ce type de modélisation se focalise sur la recherche de patrons 
observés dans les systèmes réels (dans notre cas, les écosystèmes dendritiques) en 
modélisant des processus qui peuvent, potentiellement, générer ces patrons. Ainsi, les 
modèles ne vont inclure que les paramètres relatifs aux processus considérés, et ne vont 
donc se focaliser que sur les effets de ces processus. Ce type de méthodologie permet de 
savoir quels processus génèrent ou pas le patron observé dans la réalité, tout en identifiant 
sous quelles conditions (par exemple, sous quelle gamme de paramètres) le patron 
recherché est observé. En appliquant ce cadre conceptuel dans le chapitre I et l’annexe 2, 
nous montrons à quel point utiliser ce type de simulations peut être utile en génétique des 
populations, notamment pour l’étude des patrons de diversité génétique spécifiques à 
certains écosystèmes et pour la compréhension des processus qui les déterminent. 
 
Les résultats que nous avons obtenus ont permis d’identifier des patrons spatiaux de 
diversité génétique communs à plusieurs taxons dans les réseaux dendritiques. Le rôle 
relatif des différents processus pouvant générer ces patrons a aussi été mis en évidence. 
Ainsi, ces nouveaux éléments de compréhension de la distribution de la diversité génétique 
peuvent désormais être mis à profit pour améliorer les méthodes d’analyse visant à 
optimiser la conservation du potentiel évolutif des organismes vivant dans les réseaux 
dendritiques. 
 
En espérant que ces travaux trouvent un écho dans les années à venir, 
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Dendritic connectivity and genetic diversity 
Carrara and co-authors (1) recently demonstrated that connectivity in dendritic 
networks shapes species diversity at the community level. Dispersal along dendritic 
corridors increased species differentiation among local communities (β-diversity) and 
variance in local species richness (α-diversity) (1). In addition, α-diversity was lower in 
“headwater communities” than in “confluence communities”, whereas the opposite pattern 
was observed for β-diversity (1). Here, we present complementary results from simulations 
demonstrating that connectivity also shapes spatial patterns of neutral genetic diversity at 
the population level. 
Simcoal 2 (2) was used to simulate genetic data in two contrasting landscapes: a 
river network landscape (RN-landscape) with 33 local populations (LPs) and a 2D lattice 
landscape (2D-landscape) with 36 LPs (Figure 1A-B). Each LP was characterized by an 
effective population size (Ne) and a symmetrical pairwise migration rate (MR) with its 
immediate neighbor(s). We tested the effects of Ne and MR on genetic diversity by running 
a total of 75000 simulations for three Ne values (10, 100 and 1000 per LP) and for MR 
values ranging from 0.01 to 0.5 (proportion of migrants per generation). Two genetic 
diversity indices were subsequently calculated: the allelic richness for each LP (AR, a 
genetic equivalent to α-diversity) and the pairwise genetic differentiation between LPs (Fst, 
a genetic equivalent to β-diversity). 
Connectivity strongly controlled genetic diversity at the population level, mirroring 
findings observed at the community level (1). Overall, AR was lower in RN- than in 2D-
landscapes, whereas variance in AR was 40-80% higher in the RN landscapes depending 
on Ne-MR combinations (Figure 1C). This latter result was because, within RN-landscapes, 
AR was lower in “headwater populations” (HP) than in “confluence populations” (CP) 
(Figure 1D). Differences between HP and CP were greater for Ne = 10 and decreased as 
MR increased. Fst were higher in RN- than in 2D-landscapes, but with a magnitude that 
varied upon Ne-MR combinations (Figure 1C). Additionally, Fst were higher in HP than 
CP (Figure 1D), with greater differences for intermediate MR (Figure 1D). 
The congruency between genetic and species diversity patterns in dendritic 
networks is striking, implying that connectivity similarly shapes biodiversity patterns from 
community (1) to population levels (this study). Unravelling patterns and processes of 
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theoretical and conservation implications (3,4). For instance, it may assist in the design of 
more effective reserves (4). Local characteristics such as habitat size or heterogeneity have 
been advocated as major factors underlying co-variation between genetic and species 
diversity (3). Here, we argue that landscape structure per se may also generate spatial co-
variation in biodiversity metrics. Future empirical studies should be developed to test this 
hypothesis. Understanding the overall functioning of dendritic networks is a pre-requisite 
for sustaining biodiversity in these habitats. Our work is anchored in theoretical researches 
aimed at better understanding how spatial structures shape unexpected biodiversity patterns 
(5), and we hope it will contribute to the development of a general theory on ecological and 
evolutionary patterns and processes in dendritic habitats. 
 
 
Figure 1: (A) River network landscape (RN-landscape) and (B) the 2D lattice landscape (2D-landscape) used 
to simulate genetic data. Each landscape was composed of local populations (dots) that exchange migrants 
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differentiated “headwater populations” (HP, black dots) and “confluence populations” (CP, grey dots). (C) 
Differences (expressed as percentages) between RN- and 2D landscapes for the variance in allelic richness 
(varAR, red symbols) and for the genetic differentiation between populations (Fst, blue symbols). Positive 
values indicate that the RN-landscape exhibits greater differences than the 2D-landscape. (D) Differences 
(expressed as percentages) between confluence (CP) and headwater populations (HP) for the allelic richness 
(AR, red symbols) and for the genetic differentiation between populations (Fst, blue symbols). Positive values 
indicate that CP have greater differences than HP, and vice versa. Results are displayed for three values of 
effective population size (Ne = 10, 100 and 1000) and increasing values of migration rate (0.01 to 0.5 with 
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Spatio-temporal dynamics of a pathogen 
ABSTRACT 
Emerging pathogens constitute a severe threat for human health (Morens et al., 
2004) and biodiversity (Daszak et al., 2000). Determining the status (native or non-native) 
of emerging pathogens, and tracing back their spatio-temporal dynamics is challenging, 
although crucial for controlling their spread and mitigating their impacts (Rachowicz et al., 
2005). Here, we illustrate the usefulness of approximate Bayesian computation (i.e. ABC, 
(Beaumont et al., 2002) for depicting the status and the dynamics of emerging pathogens 
when historical records are scarce. We focused on Tracheliastes polycolpus, an emerging 
pathogen in Western Europe that severely affects several freshwater fish species. By 
focusing at the French national scale, we combined classical population genetics tools and 
ABC to (i) determine the status of T. polycolpus in France, (ii) retrace the spatio-temporal 
dynamics of T. polycolpus, and (iii) estimate key demographic and evolutionary parameters 
relative to the dynamic of T. polycolpus. We found that T. polycolpus is non-native in 
France. Populations most likely emerged from about twenty individuals that were 
introduced in 1923 in centre France from a unique, yet unknown, source population. From 
this initial population, three waves of dissemination occurred in 1936, 1937 and 1938 into 
peripheral watersheds. We further demonstrated that populations remained at low densities, 
and hence undetectable, during thirty years before a major demographic expansion 
occurred. These findings corroborate and expend the few historical records available for 
this emerging pathogen. We conclude that the ABC approach would be complementary to 
the skills and techniques currently employed by epidemiologists. 
Keywords: pathogen, spatio-temporal dynamic, approximate Bayesian computation, 
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INTRODUCTION 
The recognition of emerging pathogens (i.e. newly identified or evolved pathogens 
increasing rapidly in incidence and/or expanding their geographical, host or vector ranges) 
as an important threat to human health (Jones et al., 2008; Morens et al., 2004) and 
biodiversity (Daszak et al., 2000) has generated a lot of interest during the last decades. So 
far, an important effort has been made to identify the natural and anthropogenic drivers 
facilitating the emergence of pathogens (Jones et al., 2013; Kilpatrick, 2011; Morse, 1995). 
Accumulating evidence suggests that the impacts of humans on climate (Altizer et al., 
2013; Epstein, 2001), landscapes and biodiversity (Daszak et al., 2001; Keesing et al., 
2010) play a large role in the emergence of pathogens. 
Of particular concern is the intensification of the global human transportation 
network that provides new opportunities for pathogens to disperse worldwide, establish and 
eventually propagate (i.e. “spill-over”) into remote ecosystems (Gozlan et al., 2005; 
Lebarbenchon et al., 2008). Alternatively, introduced free-living organisms that have 
benefited from human transportation may act as competent hosts for endemic (i.e. native) 
pathogens (Poulin et al., 2011). Consequently, these introduced hosts may promote 
pathogen transmission back to local hosts and thus extend the distribution area of the 
pathogen (i.e. “spill-back”; Poulin et al., 2011). 
Determining whether emerging pathogens are native or non-native is crucial to 
unraveling ecological and evolutionary factors underlying their emergence and spread 
(Rachowicz et al., 2005). Moreover, it could allow reconstruction of their spatio-temporal 
dynamics, which, in turn, would provide new information on which to base management 
plans so as to limit their propagation and mitigate their impacts. Traditionally, spatio-
temporal dynamics of pathogens have been elucidated using statistical models requiring 
high quality occurrence data in both space and time (Ostfeld et al., 2005; Pullan et al., 
2012), or through long-term time-series analyses (Grenfell et al., 2001). These models are 
also useful for predicting the future propagation of pathogens, and for evaluating their 
potential impacts (Ostfeld et al., 2005; Pullan et al., 2012). Unfortunately, such high quality 
occurrence datasets are quite rare, especially for emerging pathogens (Magurran et al., 
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Molecular genetic approaches represent a valuable complementary approach to the 
analysis of spatio-temporal data for many reasons. First, the increasing availability of 
genetic resources allows a precise identification of new pathogen strains or species (e.g. 
Rose et al., 2004). Second, population genetics methods have proven useful for elucidating 
the spatio-temporal dynamics of pathogens and for deciphering the evolutionary factors 
facilitating their emergence (Archie et al., 2009; Lymbery & Thompson, 2012). In 
particular, the recent combination of spatial and temporal data with cutting-edge 
phylogenetic (Pybus et al., 2012) and graph approaches (Jombart et al., 2011) has boosted 
our ability to determine the spatio-temporal dynamics of emerging pathogens. These 
methods, based on DNA sequences, generally require a high level of genetic resolution (i.e. 
many genetic variants), and are hence particularly useful for pathogens characterized by 
high evolutionary rates (e.g. RNA viruses; Lam et al., 2012; Lefeuvre et al., 2010), and/or 
to reconstruct the dynamics of pathogens over long evolutionary timescales (e.g. Vercken 
et al., 2010). Alternatively, methods based on the approximate Bayesian computation 
framework (i.e. ABC; Beaumont et al., 2002) have been successfully applied, although 
seldom used, to epidemiology (review in Lopes & Beaumont, 2010). Briefly, ABC methods 
are based on the comparison of many simulated genetic datasets generated under one (or 
many) complex demographic/evolutionary scenarios with observed empirical data. This 
comparison is not based on raw genetic data, but rather on easy-to-estimate summary 
statistics of the genetic diversity (e.g. allelic richness, heterozygosities or genetic 
differentiation). These methods allow the (i) determination of which scenario among a set 
of likely evolutionary scenarios best explains observed data (“model-choice” procedure), 
and (ii) inference of key demographic and evolutionary parameters for a given scenario 
such as effective population sizes and/or migration rate (Beaumont et al., 2002; see also 
Bertorelle et al., 2010; Csillery et al., 2010). 
To date, epidemiologists have mainly used ABC approaches to estimate parameters 
related to pathogen transmission (e.g. net transmission rate, doubling time, reproductive 
value; Pybus et al., 2003; Tanaka et al., 2006). However, these methods have been 
generally neglected when retracing the spatio-temporal dynamics of pathogens (but see 
Mardulyn et al., 2013). This is surprising since ABC has proved particularly efficient in the 
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that the emergence of new pathogens is, in essence, a case of invasion by pathogens into 
recipient habitats and/or host species (Hatcher et al., 2012), we can reasonably claim that 
epidemiologists must benefit from such analytical developments. 
In this study, we aim to illustrate the relevance and accuracy of ABC approaches for 
unraveling the spatio-temporal dynamics of emerging wildlife pathogens. To do so, we 
used data on a wildlife macro-parasite (Tracheliastes polycolpus, von Norman 1832) that 
has been recently detected in Western Europe. Tracheliastes polycolpus is a crustacean 
pathogenic ectoparasite infecting several freshwater fish species and seriously reducing 
host fitness (Blanchet et al., 2009a; Lootvoet et al., 2013; Figure 1). The status (native or 
non-native) of T. polycolpus and its spatio-temporal dynamics in Western Europe remain 
unknown. By focusing on French watersheds, we first determined the genetic structure of 
populations using a Bayesian clustering approach. We then designed nine competing 
evolutionary scenarios that may explain such a structure. The most likely scenario was 
established using an ABC model-choice procedure so as to determine whether the recent 
emergence of T. polycolpus in France resulted from a range expansion of native 
populations or from the spread of introduced non-native populations. We finally used ABC 
inference methods based on the most likely scenario to (i) reconstruct the dynamics of T. 
polycolpus over space and time, and (ii) estimate key parameters that characterize the 
emergence and propagation of T. polycolpus. Based on this case study, we finish by 
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Figure 1: Pictures showing (a) a T. polycolpus parasitic adult female, (b) the inflamed caudal fin of an 
infected host individual (Leuciscus leuciscus) in response to the attachment of T. polycolpus; (c) a 
heavily parasited host individual with the pelvic and anal fins partially or totally destructed and more 
than 20 T. polycolpus attached on the caudal fin. In (c), dotted areas are a rough representation of the 
fin area destroyed by T. polycolpus. 
 
MATERIAL AND METHODS 
Biological model 
Tracheliastes polycolpus is a freshwater ectoparasite copepod (Crustacea) infecting 
cyprinid fish species. Tracheliastes polycolpus displays a direct life cycle (i.e. development 
involving a single individual host). Only females are parasitic; they attach to the fins of the 
individual host and feed on the mucus and epithelial cells, hence causing severe infections, 
which lowers host fitness (Blanchet et al., 2009a; Blanchet et al., 2009b; Loot et al., 2004; 
Figure 1). Parasitic females of T. polycolpus reproduce with free-living males and develop 
eggs after approximately 3 months (Piasecki, 1989). Once matured, the eggs hatch and free-
living larvae are released into the water column. 
Tracheliastes polycolpus is distributed across most Eurasia, including Northern and 
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Masoumian, 2012) and Northern Asia (Popiolek et al., 2011). In Western Europe, T. 
polycolpus was first recorded in the United Kingdom in the 1920’s (Aubrook & Fryer, 
1965) and in France in the 1960’s (Tuffery, 1967). Tracheliastes polycolpus is mainly 
associated with species from the Leuciscus complex including Leuciscus idus, Leuciscus 
burdigalensis and Leuciscus leuciscus (Fryer, 1982). Leuciscus idus is a non-native species 
in French and English watersheds and has been proposed as the main vector of T. 
polycolpus in Western Europe, where the latter is hence suspected to be a non-native 
species (i.e. “the non-native pathogen hypothesis”; Fryer, 1982). In French watersheds L. 
idus is relatively uncommon (Keith et al., 2011) whereas T. polycolpus is distributed in 
most watersheds (Figure S1), where it generally infects L. leuciscus and L. burdigalensis 
and, to a lesser extent, other Cyprinid species (Phoxinus phoxinus, Rutilus rutilus, 
Parachondrostoma toxostoma, Gobio gobio, Barbus barbus and Squalius cephalus) 
(Lootvoet et al., 2013). This discrepancy between L. idus and T. polycolpus distributions in 
French watersheds suggests an alternative hypothesis whereby T. polycolpus is actually a 
native species that has recently expanded its geographic range (and/or abundance) 
following environmental (biotic and/or abiotic) changes (i.e. “the native pathogen 
hypothesis”). 
 
Sampling design and microsatellite genotyping 
Among the 130 sites that were investigated in French watersheds between 2009 and 2011, 
T. polycolpus was detected in 74 sites (Figure S1). A total of 663 parasites were collected 
from these 74 sites, which were distributed across 53 rivers (Figure S1). Our sampling 
hence covers the whole known current geographic distribution of T. polycolpus in French 
watersheds (Figure S1). All parasites were collected exclusively from L. leuciscus and L. 
burdigalensis. Fish were captured by electric-fishing following standard protocols by 
French Environmental Agencies (i.e. “Office National de l’Eau et des Milieux Aquatiques” 
ONEMA and “Fédérations Départementales pour la Pêche et la Protection des Milieux 
Aquatiques” FDAAPPMA). Parasites were collected from their host individual using 
forceps and directly stored in 70% ethanol for subsequent genetic analyses. All host 
individuals were returned to their original sampling sites. Individual DNA was extracted 
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Martinez, 1997). Individual multilocus genotypes for each parasite were obtained for 16 
polymorphic microsatellite loci using primers specifically designed for T. polycolpus using 
high-throughput sequencing methods (Loot & Blanchet, unpublished data). Microsatellite 
loci were amplified using classic polymerase chain reactions (protocol is provided upon 
request). Amplified fragments were separated on an ABI PRISM
TM
 3730 automated 
capillary sequencer (Applied Biosystems, Foster City, California). Allelic sizes were 
ultimately scored using GENEMAPPER
TM
 v.4.0. (Applied Biosystems). 
 
Population structure and genetic diversity 
We used a Bayesian clustering approach to determine the genetic structure of T. polycolpus 
populations by identifying genetically independent groups (i.e. clusters, K) over the French 
watersheds. This was achieved using STRUCTURE v.2.3.4 (Pritchard et al., 2000), which 
uses a Markov chain Monte Carlo (MCMC) algorithm to assign each individual into a 
number of genetic clusters (K) so as to maximize Hardy-Weinberg equilibrium and 
minimize linkage disequilibrium within each cluster. We performed five independent runs 
for K values ranging from K = 1 to K = 21. Each run consisted of a burn-in period of 25.10
4
 
iterations followed by 10
6
 iterations. We assumed correlation of allele frequencies and an 
admixture model (Hubisz et al., 2009). The most probable number of genetic clusters (K) 
was determined based on the second order rate of change in likelihood (ΔK) according to 
Evanno et al. (2005) using the R package CorrSieve (Campana et al., 2011). For the most 
likely number of genetic clusters identified (i.e. K = 4; see Results), we achieved ten 
additional independent runs using the same settings as previously to refine the cluster 
assignation probabilities (Q) for each individual. The individual Qs were averaged over the 
ten computed independent runs using the greedy algorithm implemented in the CLUMPP 
software (Jakobsson & Rosenberg, 2007). We used the individual averaged Qs over the ten 
runs to generate summary barplots with DISTRUCT v.1.1 (Rosenberg, 2004). 
Several indices of genetic diversity were estimated for each cluster: unbiased 
expected heterozygosity (He) was estimated using GENETIX (Belkhir et al., 1996). Allelic 
richness (Ar) and private allele (Ap) frequencies were estimated with a rarefaction procedure 
implemented in ADZE (Szpiech et al. 2008) based on the minimal sampling size (n = 94; 
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estimated between each pair of populations using GENEPOP software (Raymond & 
Rousset, 1995). Finally, we estimated the effective population size of each genetic cluster 
using the linkage disequilibrium method (Hill, 1981) implemented in the NeEstimator v.1.3 
software (Peel et al., 2004). 
 
Spatio-temporal dynamics of T. polycolpus in French watersheds 
To determine whether the emergence of T. polycolpus in France results from a recent range 
expansion of native populations (i.e. “the native pathogen hypothesis”) or from the spread 
of recently introduced populations (i.e. “the non-native pathogen hypothesis”), we designed 
nine competing evolutionary scenarios that could potentially explain the current structure of 
genetic diversity observed for T. polycolpus in France. We then determined the 
evolutionary scenario that best explains observed data by applying ABC model-choice 
procedures (Beaumont et al., 2002). Finally, we applied ABC inference procedures based 
on the most probable evolutionary scenario to estimate key demographic and evolutionary 
parameters characterizing the emergence of T. polycolpus in France. We detail each of 
these steps below. 
 
Definition of scenarios 
Scenarios were built on the genetic structure identified from the Bayesian clustering 
approach, that is, by considering four current genetic clusters: central, northern, pyrenean 
and southern clusters (see Results and Figure 2A-B). Regarding the “native pathogen 
hypothesis”, four competing scenarios (scenarios 1 to 4) were designed, whereas five 
scenarios (scenarios 5 to 9) were designed for the “non-native pathogen hypothesis”. All 
scenarios are depicted graphically in Figure S2, and associated parameters (together with 
their prior values) are described in Table 1. We will first describe parameters that are 
common to all scenarios, and will then fully describe (in a forward-in-time manner, i.e. 
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Figure 2: Genetic clustering of T. polycolpus populations in France. A. Spatial structure of the four 
T. polycolpus clusters determined via the Bayesian Clustering approach. B. Summary barplot 
indicating the averaged probability for each individual (vertical line) to belong to each of the four 
clusters identified. Blue, red, green and yellow dots are sampling sites characterized by individuals 
belonging to the central, northern, pyrenean and southern genetic clusters respectively. In A. the color 
intensity indicates the average probability of individuals from a given site to belong to the genetic 
clusters. Light to dark colors indicate low to high average probabilities. Delimited regions (black lines) 
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Table 1: Prior parameter values explored in simulations of genetic datasets under all scenarios tested under ABC. 
 
Parameter Description Prior values Scenarios Unit 
NCentral Current effective size of the central cluster 10- 300 All scenarios 2n individual 
NSouthern Current effective size of the southern cluster  25 - 150 All scenarios 2n individual 
NPyrenean Current effective size of the pyrenean cluster 25 - 150 All scenarios 2n individual 
NNorthern Current effective size of the northern cluster  10 - 40 All scenarios 2n individual 
Tdetect Time since the last expansion of the different genetic clusters  16- 300 All but scenario 1 Generation 
TSouthern Split time of the peripheral southern cluster  161 - 350 Scenarios 5 - 9 Generation 
TPyrenean Split time of the peripheral pyrenean cluster  161 - 350 Scenarios 5 - 9 Generation 
TNorthern Split time of the peripheral northern cluster  161 - 350 Scenarios 5 - 9 Generation 
TCentral Time at which the initial invasive population established from the founder individuals first expanded 250 - 400 Scenarios 8- 9 Generation 
LSouthern Latency time between the introduction of N’’southern individuals and first expansion 1 - 50 Scenarios 5 - 7 Generation 
LPyrenean Latency time between the introduction of N’’pyrenean individuals and first expansion 1 - 50 Scenarios 5 - 7 Generation 
LNorthern Latency time between the introduction of N’’Northern individuals and first expansion 1 - 50 Scenarios 5 - 7 Generation 
Lcentral Latency time between the introduction of N’’central individuals and first expansion 1 - 50 Scenarios 5 - 9 Generation 
T’Central Time since the introduction of founder individuals at the origin of the central cluster  (Tcentral + Lcentral) Scenarios 5 - 9 Generation 
N'Southern Size of the ancestral southern cluster relative to Nsouthern before Tdetect 0.1 - 0.4 All but scenario 1 Relative ratio 
N'Pyrenean Size of the the ancestral pyrenean cluster relative to Npyrenean before Tdetect 0.1 - 0.4 All but scenario 1 Relative ratio 
N'Northern Size of the ancestral northern cluster relative to Nnorthern before Tdetect 0.1 - 0.4 All but scenario 1 Relative ratio 
N'Central Size of the ancestral central cluster relative to Ncentral before Tdetect 0.1 - 0.4 Scenarios 1 - 4 Relative ratio 
N''Northern Number of founder individuals of the Northern cluster from an unknown source population 0.2 - 0.4 Scenarios 5 - 9 Relative ratio 
N''Central Number of founder individuals of the Central cluster from an unknown source population 0.2 - 0.4 Scenarios 5 - 9 Relative ratio 
N''Pyrenean Number of founder individuals of the Pyrenean cluster from an unknown source population 0.2 - 0.4 Scenarios 5 - 9 Relative ratio 
N''Southern Number of founder individuals of the Southern cluster from an unknown source population 0.2 - 0.4 Scenarios 5 - 9 Relative ratio 
MCentral-Southern  Migration between the central and the southern cluster 0.001 - 0.04 All scenarios Rate 
MCentral-Pyrenean  Migration between the central and the pyrenean cluster 0.001 - 0.04 All scenarios Rate 
MCentral-Northern  Migration between the central and the northern cluster 0.001 - 0.04 All scenarios Rate 
MNorthern-Southern  Migration between the northern and the southern clusters 0.001 - 0.04 All scenarios Rate 
MNorthern-Pyrenean  Migration between the northern and the pyrenean clusters 0.001 - 0.04 All scenarios Rate 
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For all scenarios, we defined four parameters describing the current effective 
population size of each cluster, namely Nnorthern, Ncentral, Npyrenean and Nsouthern. Values for 
these parameters were bounded by priors that encompass the 95% CI estimated for 
effective population sizes from observed data with NeEstimator. Since the central cluster 
clearly exhibited a higher effective population size than peripheral clusters (see Results and 
Table 2), we constrained Nnorthern, Npyrenean and Nsouthern to be smaller than Ncentral for each 
scenario. 
 
Table 2: Genetic diversity and effective size estimates within each of the four genetic clusters identified 
in the STRUCTURE analysis. 
 
Cluster Name Nind Ar  SE(Ar) Ap SE(Ap) He SE(He) Ne Ne [95% CI] 
northern 96 3.73 0.36 0.06 0.03 0.52 0.15 16.1 [14.7 - 17.6] 
central 321 5.03 0.45 0.40 0.11 0.57 0.18 181.3 [162.5 - 203.5] 
pyrenean 132 4.40 0.42 0.23 0.08 0.56 0.14 49 [44.0 - 54.8] 
southern 114 4.40 0.39 0.15 0.05 0.54 0.21 59.4 [52.1 -68.2] 
 
Furthermore, for all scenarios, we geographically constrained migration between clusters 
by assuming that migration rates between non-adjacent clusters must be smaller than 
between adjacent clusters. We refined scenarios according to the few a priori historical 
records available. In particular, the date of first detection of the parasite in Western Europe 
(Fryer, 1982; Tuffery, 1967) was used to calibrate and to bound a parameter called Tdetect 
(Table 1). This parameter corresponds to the time (from present) at which clusters 
experienced a demographic expansion, reaching detectable effective population sizes (i.e. 
their current population effective sizes Nnorthern, Ncentral, Npyrenean, Nsouthern). We further 
assumed that, at Tdetect, clusters started exchanging migrants at a rate MX-Y (where X and Y 
indicate the pair of clusters involved in the exchange of migrants, Table 1). Hereafter, we 
will consider that all scenarios (i.e. native and non-native) except scenario 1 follow the 
same rule from Tdetect to present. We now describe the four scenarios (scenarios 1 to 4) 
related to the “native pathogen hypothesis”: 
Scenario 1. This scenario corresponds to a situation for which T. polycolpus is not an 
emerging parasite, but rather a wildlife parasite that has long been overlooked and detected 
only recently in France (i.e. in the 1960’s). We assumed that the northern, central, pyrenean 
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years ago) at constant effective population sizes Nnorthern, Ncentral, Npyrenean and Nsouthern 
respectively (Scenario 1 in Figure S2; Table 1 for details on parameters). Clusters 
exchanged migrants across generations at rates defined by MX-Y (Table 1). 
Scenario 2. In this scenario, the four clusters were originally present, but at low (i.e. 
undetectable) effective population sizes (N’northern, N’central, N’pyrenean, N’southern) until Tdetect, 
at which time the effective populations achieve a detectable size and migration between 
clusters begins (Scenario 2 in Figure S2; Table 1). 
Scenario 3. Here, we considered a unique original cluster (i.e. the central cluster, where T. 
polycolpus was first described in France; Tuffery, 1967) of low effective population size 
N’central (Scenario 3 in Figure S2). At times Tnorthern, Tpyrenean and Tsouthern, individuals from 
the central cluster spread and founded synchronously the northern, pyrenean and southern 
clusters respectively. Clusters remained at low effective population sizes (N’northern, N’central, 
N’pyrenean, N’southern) without exchanging migrants until Tdetect. 
Scenario 4. This scenario is similar to scenario 3, but assumes an asynchronous 
colonization of the northern, pyrenean and southern clusters by individuals from the central 
cluster (Scenario 4 in Figure S2). 
We now describe the five scenarios (scenarios 5 to 9) related to the “non-native 
pathogen hypothesis”. In these scenarios, we assumed a latency time of LX generations 
(where X indicates the name of the cluster) that follows each introduction event from an 
original unknown source (that we assume to be of large effective population size, i.e. Ne = 
20 000). During LX, the size of the initial founding population remains equal to the number 
of founder introduced individuals N’’X. After LX, populations experienced a first 
demographic expansion from N’’X to N’X. Latency time between introduction and first 
expansion (also called time lag) is expected in introduced populations in particular when 
the introduced individuals are not well adapted to the invaded environment or because of 
purely demographic processes (Facon et al., 2006). 
Scenario 5. Here we considered that each cluster originated from independent unknown 
source populations (Scenario 5 in Figure S2). At Tnorthern, Tcentral, Tpyrenean and Tsouthern, 
N’’northern, N’’central, N’’pyrenean, N’’southern individuals originating from independent source 
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clusters expanded and remained at N’northern, N’central, N’pyrenean and N’southern without 
exchanging migrants until Tdetect. 
Scenario 6. Here we considered that all clusters originated from a single unknown source 
population (Scenario 6 in Figure S2). Founder individuals were introduced synchronously 
and founded the different clusters (i.e. Tnorthern = Tcentral = Tpyrenean = Tsouthern). At Lnorthern, 
Lcentral, Lpyrenean, Lsouthern, clusters expanded and remained at N’northern, N’central, N’pyrenean and 
N’southern without exchanging migrants until Tdetect. 
Scenario 7. This scenario is similar to scenario 6, but assumes an asynchronous 
colonization of the clusters from a single, unknown, source population at Tnorthern, Tcentral, 
Tpyrenean and Tsouthern times (Scenario 7 in Figure S2). 
Scenario 8. This scenario assumes a first introduction event from a single unknown source 
into a single locality occurred at T’central and was composed of N’’central individuals (scenario 
8 in Figure S2). After Lcentral generations, this pool of founder individuals experienced a 
first demographic expansion and reached N’central individuals. At the times Tnorthern, Tpyrenean 
and Tsouthern, individuals from the central cluster spread and founded synchronously the 
northern, pyrenean and southern clusters respectively. Clusters remained at low densities 
(N’northern, N’central, N’pyrenean, N’southern) without exchanging migrants until Tdetect. 
Scenario 9. This scenario is similar to the scenario 8, but assumes an asynchronous 
colonization of the northern, pyrenean and southern clusters from individuals of the central 
cluster rather than asynchronous colonizations (scenario 9 in Figure S2). 
 
Simulation procedure 
We simulated genetic datasets given each scenario by following four major steps: (i) 
sampling of a vector of parameter values (φx) for a given scenario from prior parameter 
distributions (defined in Table 1), (ii) simulation of a genetic dataset given φx, (iii) 
calculation of a vector of statistics sx that summarizes the simulated dataset, and (iv) repeat 
steps (i) to (iii) a large number of times. 
We implemented this procedure in a computational pipeline that combines multiple 
population genetics and statistical programs (the computational pipeline is detailed in 
Appendix S1). The program ABCsampler (Wegmann et al., 2010) enabled management of 
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2004) was used to simulate 2.10
5
 microsatellite datasets under each scenario. Sixteen 
independent microsatellite loci per individual were generated per simulation, assuming a 
strict Stepwise Mutation Model (SMM; Ohta & Kimura, 1973) and a neutral mutation rate 
of 5x10
-4
 over loci (Estoup & Angers, 1998). We sampled a number of diploid individuals 
per cluster per simulated dataset identical to the number of individuals in the empirical 
genetic dataset. We used ADZE (Szpiech et al., 2008) for estimating from each simulated 
dataset’s allelic richness (Ar), and arlsumstat (Excoffier & Lischer, 2010) for estimating 
global Fis and Fst; among-clusters pairwise Fst and Garza-Williamson’s index (GW; Garza 
& Williamson, 2001). 
 
Model choice 
We applied ABC model-choice procedures to determine the scenario that best explains 
observed data (Beaumont et al., 2002). The posterior support for each scenario given the 
observed data was compared based on the summary statistics mentioned above (i.e. Ar, 
global Fis and Fst, pairwise Fst and GW) using the neural network approach implemented in 
the R package ‘abc’ (Csilléry et al., 2012) with a tolerance rate of 0.0001%. This method 
was chosen because it reduces the large number of summary statistics into a smaller 
number of dimensions (Blum & Francois, 2010). Additionally, we conducted a Bayesian 
model comparison by computing Bayes factors (BFs) between each pair of competing 
scenarios. 
 
Estimation of demographic parameters 
Based on the best-supported scenario, we reconstructed the spatio-temporal dynamics of T. 
polycolpus and estimated key parameters with an ABC inference algorithm. To improve the 
accuracy of the estimation of parameter values, we computed 2.10
5
 supplementary 
simulations under the best-supported scenario, leading to a total of 4.10
5
 simulated datasets. 
We then performed ABC considering the summary statistics mentioned above. We retained 
1% of the simulations whose summary statistics were the closest to those calculated for the 
empirical data and used the neural network method to correct for imperfect matching 
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Population structure and genetic diversity 
Results from the Bayesian clustering approach revealed that T. polycolpus populations were 
structured into four main genetic clusters (K = 4; Figure S3). A major cluster covered a 
large central area (hereafter “central” cluster), whereas the three other clusters were 
peripheral and more restricted geographically: a cluster was found in Northern France 
(hereafter “northern” cluster), another in South-Western France (hereafter “southern” 
cluster), and the third cluster covered the whole Pyrenean Mountains (hereafter “pyrenean” 
cluster) (Figure 2A). Genetic clusters covered at least two adjacent watersheds, except the 
northern cluster, which was restricted to a single watershed (Figure 2A). Individuals within 
watersheds were generally assigned with high probability (i.e. high Q value; Figure 2B) to 
a single genetic cluster. Fst estimates between pairs of clusters were all significant (p-values 
< 0.01) and ranged from 0.04 (between the central and the pyrenean clusters) to 0.12 
(between the northern and the pyrenean clusters). Non-adjacent clusters were more 
genetically differentiated than adjacent clusters (t-test, t = -4.3, df = 3.9, p-value = 0.01; 
Figure 2A). The central cluster displayed the highest genetic diversity compared to 
peripheral clusters, although this was much more evident when considering allelic richness 
rather than heterozygosity (Table 2). Similarly, the central cluster contained more private 
alleles (Ap = 0.40) than the other clusters (Table 2). Estimations of the effective size of each 
cluster based on the observed data indicate that the central cluster clearly exhibited the 
higher effective size (Ne = 181) compared to the pyrenean (Ne = 49), the southern (Ne = 
59) and the northern cluster (Ne = 16), the latter being by far the smallest cluster (see Table 
2). 
 
Spatio-temporal dynamics of T. polycolpus in French watersheds 
Best-supported scenario 
Among the nine scenarios tested using ABC, scenario 9 was the best supported (Figure3A; 
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factors obtained between scenario 9 and all others scenarios, compared to Bayes factors 
computed between all other pairs of scenarios (Table S1). Under this scenario, T. 
polycolpus is a non-native parasite in French watersheds, with introduced individuals 
originating from a single, unknown, source population. The introduction took place within 
the central part of France, and was then followed by three subsequent asynchronous 
colonization events into the peripheral regions. Interestingly, the second most supported 
scenario (i.e. scenario 8 in Figure S2; Posterior probability = 0.25) only differs from 
scenario 9 in that the colonization events from the central region into the peripheral regions 
occur synchronously. The seven other scenarios, in particular the scenarios corresponding 
to the “native pathogen hypothesis”, were comparatively poorly supported (i.e. posterior 
probabilities < 0.02). 
 
Estimation of demographic parameters 
The inference of key parameter values from the best-supported scenario with ABC revealed 
that 21 founding individuals (i.e. N’’central) were first introduced in France at T’central = 351 
generations ago (2.5 - 97.5 % percentile: 268.2 – 396.5), that is about 88 years ago 
considering a generation time for T. polycolpus of four generations per year (see Material 
and Methods). After a latency time (Lcentral) of three generations (2.5 - 97.5 % percentile: 0 
– 33.1), this set of founder individuals established an initial population of 86 individuals 
(N’central). Three subsequent colonization events occurred from this initial population to 
peripheral watersheds consecutively, 73, 74 and 75 years ago (i.e. Tnorthern = 295, Tsouthern = 
301 and Tpyrenean = 303 generations) for the northern, southern and pyrenean clusters 
respectively (Figure 3A). These colonization events involved 8 (N’northern), 16 (N’pyrenean) 
and 25 (N’southern) individuals for the establishment of the northern, pyrenean and southern 
clusters respectively. The four clusters were maintained at low effective sizes until 1968 
(Tdetect = 173.1 generations), when they attained their current effective sizes (Ncentral = 273, 
Nnorthern = 37, Npyrenean = 80 and Nsouthern = 78 individuals; Figure 3A). Current migration 
rates between clusters varied significantly, from 0.006 (between the northern and 
southern/pyrenean clusters) to 0.011 (between the central cluster and each of the three 
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Figure 3: Spatio-temporal dynamics of T. polycolpus in France, based on the best-supported scenario 
among the nine scenarios tested using ABC. A. Schematic representation of the best supported scenario (i.e. 
Scenario 9). The numbers in parentheses are the effective population size of populations or the number of 
founding individuals at the introduction time. The chronological axis on the left is determined assuming four 
generations of T. polycolpus per year. B. Illustration of the most likely scenario of introduction and 
propagation of T. polycolpus in French watersheds. 
 
DISCUSSION 
We show here that ABC modeling is a powerful and accurate framework for unraveling the 
spatio-temporal dynamics of poorly documented emerging wildlife pathogens. More 
particularly, using this modeling framework, we confirmed the non-native status of T. 
polycolpus in France, and we provided novel and precise information regarding key 
parameters associated with the dynamics of T. polycolpus in French watersheds. We 
hereafter discuss the spatio-temporal dynamics of this parasite at the national scale with 
regard to available facts. We then provide an overview of the advantages of applying ABC 
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Tracheliastes polycolpus in French watersheds: a successful introduction and a rapid 
propagation 
Our results strongly suggest that T. polycolpus is a non-native parasite that has been 
introduced recently in French watersheds, which confirms previous presumptions (Fryer, 
1982). We demonstrate that current populations of T. polycolpus in French watersheds most 
likely result from the introduction of a few individuals (c.a. 21) originating from a single 
source population. Our results further suggest that T. polycolpus was introduced in France 
around the 1920’s; i.e. approximately 40 years before it was first detected in this country 
(Tuffery, 1967). This latter finding corroborates the idea that there may be an important 
temporal gap between the first event of introduction and the first detection of an organism 
(Watari et al., 2011), notably in the case of small organisms (Litchman, 2010). Although 
the identity and the locality of the source population remains unknown, we can reasonably 
hypothesize that T. polycolpus has been co-introduced with L. idus within the Loire River 
watershed (which is part of the geographical coverage of the T. polycolpus central genetic 
cluster, see Figure S1) where the parasite was originally identified (Tuffery, 1967). Indeed, 
L. idus has been recurrently introduced in France as an ornamental fish since the 1900’s 
(Keith et al., 2011), and current populations of L. idus are mainly reported in the Loire 
River watershed; (Keith et al., 2011; Figure S1). The founder individuals of T. polycolpus 
established an initial population that rapidly grew in size and propagated spatially to remote 
areas until covering a large geographic area in central and western-French watersheds. We 
identified subsequent independent colonization events occurring in the late 1930’s from this 
initial population into both northern and southern watersheds of France (Figure 3B). Our 
analysis reveals that these subsequent colonization events, although independent, occur 
over a short timescale (i.e. within 3 years) and relatively quickly (~15 years) after the first 
introduction event. Current migration was also detected between neighboring populations 
and to a lesser extent between distant populations. 
The apparent fast expansion of T. polycolpus raises important questions regarding 
the factors that allow this parasite to propagate so rapidly. The direct life cycle of T. 
polycolpus and its low specificity (i.e. the propensity to use a large host spectrum) 
constitutes a real asset for its spread within host populations. Indeed, T. polycolpus has 
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section; Lootvoet et al., 2013) that display highly different dispersal capacities, allowing T. 
polycolpus to propagate rapidly within watersheds and also to persist below a common host 
density threshold (Grenfell & Harwood, 1997). Moreover, some alternative host species 
used by T. polycolpus are affiliated to human activities such as aquaculture or angling (e.g. 
Gobio gobio, Rutilus rutilus and Phoxinus phoxinus), and are hence prone to be stocked 
from one watershed to another (Lewin et al., 2006). This may allow T. polycolpus to 
disperse among watersheds (e.g. G. gobio, Dubut et al. unpublished data) and may explain 
the non-negligible among-watershed migration rates we inferred in this study.  
 
What can ABC tell us about the emergence of pathogens – and what are its limits? 
The use of ABC modeling has proven valuable to determine the status, and retrace the 
spatio-temporal dynamics, of the poorly documented emerging parasite T. polycolpus at the 
national scale. Such methods could be relevant for other wildlife pathogens for several 
reasons. First, like many other wildlife pathogens, few spatial and temporal occurrence data 
were available for T. polycolpus. While our sampling effort permitted accumulation of high 
quality occurrence data in the spatial dimension at the national scale, no temporal 
information was available (apart from the unique observation of T. polycolpus by Tuffery 
in the 1960’s in the Loire River; Tuffery, 1967). The lack of temporal data definitely 
hampered the use of recently developed analytical frameworks to retrace the spatio-
temporal dynamic of this parasite (e.g. (Jombart et al., 2011; Pullan et al., 2012; Pybus et 
al., 2012). In contrast, the ABC framework, through the use of prior information and the 
exploration of large sets of virtual scenarios, is better suited to such a low data availability 
(Csillery et al., 2010). Second, emerging pathogens are by definition organisms 
experiencing recent and rapid demographic expansion events. Emerging pathogen 
populations are hence expected to exhibit low genetic diversity, except in the case of 
pathogens displaying high evolutionary rates (e.g. RNA viruses). Such a lack of genetic 
resolution may limit the reconstruction of deep and well-resolved phylogenies. In our 
specific case, we were able to reconstruct a basic phylogenetic tree based on the 
polymorphic microsatellite loci used in this study (Figure S4). Interestingly, the resulting 
phylogenetic dendrogram supports results from our ABC analysis. It indicates that the older 
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peripheral populations are derived from this ancestral population. As expected however, 
nodes of this phylogenetic dendrogram were weakly supported by bootstrap procedures 
(Figure S4) hence making inferences from this basic phylogeny uncertain and chancy. 
Finally, unless source populations are sampled, phylogeographic analyses cannot provide 
indications on whether an emerging pathogen is native or non-native, which in many cases 
is key information. 
It is worth pointing out that the ABC framework cannot be applied to all case 
studies. In particular, the weakness of ABC methods arises when too much a priori 
information is available on the system, or when too many parameters have to be explored 
and inferred. Indeed, a key step of ABC is the setting of evolutionary scenarios, and the 
higher the number of potential scenarios is, the more difficult the isolation of a single likely 
scenario will be. If too much information is provided to the system, restricting the number 
of potential evolutionary scenarios (and of model parameters) will become a difficult task. 
In that case, a posteriori methods such as phylogenetic approaches should be preferred to 
the ABC. This limitation is particularly true for emerging pathogens undergoing complex 
seasonal dynamics, unless relevant historical samples are available. Finally, although ABC 
has proven powerful, estimating key demographic parameters and accurately dating some 
populational events since the emergence of T. polycolpus, it is noteworthy that some key 
information is still lacking (e.g. the exact introduction location of T. polycolpus in France 
and the exact populations that were involved in the first inter-river basins transfer), and will 
remain unavailable until more thorough analyses can be performed. To sum up, the choice 
of an analytical framework will depend on the prior information available as well as on the 
resolution of the spatio-temporal genetic datasets, which in turns depend on many intrinsic 
factors of the biological models under consideration.  
 
CONCLUSION 
A major current challenge is to understand the anthropogenic, ecological and evolutionary 
factors that favor the emergence of pathogens (Morens et al., 2004). A key step in 
breaching this challenge is to develop and propose analytical frameworks that help clarify 
the spatio-temporal dynamics of pathogens over short-time scales, especially during 
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such framework, since it allowed us to precisely infer key parameters related to the 
emergence of a harmful, although neglected, wildlife parasite. In our specific case, 
determining that T. polycolpus is actually a non-native parasite, as well as identifying the 
speed and pattern of propagation in French watersheds constitute a robust foundation for 
future research focusing on the potential evolution of T. polycolpus virulence on naïve host 
populations or the rise of local adaptation patterns in novel host-pathogen interactions 
(Dunn, 2009). 
More generally, we believe that T. polycolpus is far from being an isolated case 
study since historical records and scientific knowledge of most wildlife pathogens is 
limited until emergence and public health or veterinarian issues become apparent 
(Magurran et al., 2010; but see Staubach et al., 2011). For instance, the fungus Geomyces 
destructans causing the white-nose disease (WND) that has decimated millions of bats 
during the last decades in North America was identified only recently (Lorch et al., 2011). 
Both the origin and the spatio-temporal dynamic of G. destructans remain to be 
determined. As demonstrated in the present study, approximate Bayesian computation is a 
promising framework for deciphering the status and illuminating the spatio-temporal 
dynamics of wildlife pathogens that have been overlooked until their emergence. 
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Matériel supplémentaire de l’Annexe 2. 
 
Figure S1: Sampling map of T. polycolpus (circles). Grey circles are sites where T. polycolpus were 
sampled. White dots are sites where T. polycolpus is absent. Blue diamonds are sites where L. idus 
is present (following Keith et al., 2011). The thin and thick blue lines are the Loire and the Nohain 
River (where T. polycolpus was identified for the first time in 1964 by Tuffery (1967) respectively. 
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Figure S2: Schematic representation of each scenario tested by the ABC approach. Scenarios are 
detailed in the main text (Material and method section). 
 


























Figure S3: Magnitude of ΔK as a function of the number 
of K clusters (mean over five replicats) according to 






Figure S4: Phylogeographic dendrogram computed from the 663 individual multilocus genotypes 
obtained in this study. We used sampling sites as units. The dendrogram was computed with the 
neighbour-joining algorithm (Saitou & Nei, 1987) using Nei’s DA distances (Nei et al., 1983). 
Bootstrap values (computed from 1,000 replicates) for nodes are shown only when > 50%. Sites 
represented in blue, yellow, red and green correspond to sites belonging to the central, southern, 
northern and pyrenean clusters determined by Bayesian clustering approach implemented in 
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Table S1: Bayes factors computed between each pair of scenarios (the definition of 
each scenario is detailed in the main text; see also Figure S2). 
 
  sc1 sc2 sc3 sc4 sc5 sc6 sc7 sc8 sc9 
sc1 - 0.16 2.54 0.29 2.05 6.89 5.83 0.03 0.01 
sc2 6.36 - 16.14 1.82 13.04 43.79 37.09 0.17 0.06 
sc3 0.39 0.06 - 0.11 0.81 2.71 2.3 0.01 0 
sc4 3.5 0.55 8.87 - 7.17 24.08 20.39 0.09 0.03 
sc5 0.49 0.08 1.24 0.14 - 3.36 2.85 0.01 0 
sc6 0.15 0.02 0.37 0.04 0.3 - 0.85 0 0 
sc7 0.17 0.03 0.44 0.05 0.35 1.18 - 0 0 
sc8 37.47 5.89 95.09 10.72 76.8 257.98 218.52 - 0.35 
sc9 106.14 16.69 269.37 30.35 217.56 730.76 619 2.83 - 
 
Appendix S1: The computational pipeline used for implementing the simulation procedure. 
 
To implement the simulation procedure used in this study, we set a computational 
pipeline that integrates several population genetics and statistical programs (see Figure A1 
below for a flowcharted description of the pipeline). The core of the pipeline was the 
program ABCsampler from the ABCtoolbox package (Wegmann et al., 2010). This 
program, combined to bash scripts, allowed (i) automatically managing dialogs between the 
different programs composing the pipeline, (ii) sampling parameter values (φx) from prior 
distributions (defined in Table 2 in the main text), and (iii) feeding the simulation program 
with φx (Figure A1). We used the coalescent-based, backwards-in-time genetic data 
simulator SIMCOAL v2.1.2 (Laval & Excoffier, 2004) to simulate 2.10
5
 microsatellite 
datasets (Dx) for each of the nine scenarios described in the main text (i.e., scenario 1-9), 
given φx. We integrated in the pipeline the conversion program PGDSpider v2.0 (Lischer & 
Excoffier, 2011) to convert each Dx generated by SIMCOAL v2.1.2 in arlequin format 
(Excoffier & Lischer, 2010) to other formats specific to the softwares used for calculating 
summary statistics (Figure A1). The software arlsumstat (Excoffier & Lischer, 2010) was 





heterozygosities (He), the Garza-Williamson's index (GW), global Fst, and Fis values, as 
well as among-clusters pairwise Fst values between demes. In parallel, PGDSpider v2.0 
converted the Dx in arlequin format to the structure format (Pritchard et al., 2000), which 
corresponds to the input format of the software ADZE v1.0 (Szpiech et al., 2008). This last 
was used to estimate Ar at the deme level for each Dx. Finally, we used the R statistical 
software v.2.13 (R Development core Team 2011) to extract, concatenate and store all the 
summary statistics in a single file. 
 
 
Figure A1: Figure representing the computational pipeline used for simulating and analyzing the 
simulated genetic datasets. 
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Annexe 3: Integrating molecular tools into freshwater ecology: 
developments and opportunities. 
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Developments in freshwater molecular ecology 
Summary 
 
1. The use of molecular genetics techniques in freshwater research has grown steadily in 
the last 30 years. Most early work used variation in allozymes or neutral DNA loci to study 
evolutionary questions related to population structure, systematics, and taxonomy. More 
recent work has begun to address a broader range of ecological and evolutionary questions. 
This has been facilitated largely by the increasing application of next-generation 
sequencing (NGS) and related techniques. 
2. Freshwater organisms exhibit a number of distinct adaptations compared to their 
terrestrial counterparts. Understanding the genetic basis and ecological importance of these 
adaptations is thus likely to inform the field of ecology more broadly. Due to the 
spatiotemporal variation and physical properties of aquatic habitats freshwater organisms 
are particularly strong models to study responses to environmental change on ecological 
and evolutionary time scales. Additionally, the long tradition of ecosystem research and 
biomonitoring in fresh waters has generated a lot of ecological background data, as well as 
detailed species-trait data. These data put freshwater ecologists in a unique position to put 
the results from emerging molecular studies of whole communities, and interacting species 
into ecological and evolutionary context. 
3. We identify eight research topics in freshwater ecology where fruitful opportunities exist 
for the integration of molecular and ecological approaches. While many of these topics 
cannot be linked solely with applied or basic research, some apply more strongly to basic 
research (gene expression, ecological genomics, comparative population structure, 
community ecology, simulation), others directly to both basic and applied questions (the 
integration of experimental and molecular approaches, barcoding and metabarcoding), 
whereas the remaining two topics have a distinctly applied focus (conservation genetics, 
invasive species). For each topic we discuss exemplary studies that show the potential of 
integrating such studies. 
4. Our aim is to facilitate greater interaction between molecular and ecological researchers, 
because some of the newer methods overcome technical constraints that previously limited 
scientists from addressing certain questions. In trying to identify specific ecological and 
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with other approaches, such as observation, laboratory and field experiments. The 
technological advances in molecular ecology, and in particular next generation sequencing, 
will make genetic data more readily available to specialist and non-specialist researchers 
alike, but analysis of increasingly large data sets will remain very complex. 
By identifying common grounds for integrating novel molecular approaches on freshwater 
ecological research and the insights that arise from such integration, we believe that this 
work constitutes a step towards filling the gap that often exists between ecologists and 




The application of molecular techniques to quantify genetic variation at the level of DNA 
sequences has revolutionized many fields of biology, including systematics, physiology, 
biochemistry, evolutionary biology and ecology. In a recent review, Andrew et al. (2013) 
highlighted the potential of recent molecular developments to stimulate integrative 
ecological and evolutionary research. Next-generation sequencing (NGS, see the glossary 
in Table 1) is probably the most promising of the recent techniques, providing large 
numbers of sequences at low unit cost, enabling the analysis of large data sets and samples 
with degraded DNA (e.g. old and ancient specimens; Knapp & Hofreiter, 2010), and 
providing screening for large numbers of new genetic markers (e.g. microsatellites; Perry & 
Rowe, 2011). The steps required to generate and analyse these data have increased in speed 
and decreased in cost, leading to the suggestion that molecular ecology is moving from 
being “data-limited” to becoming “data-rich” (Carstens et al., 2012). Many large-scale 
initiatives are generating comparable molecular data across taxa and ecosystems such as 
“DNA barcodes” (e.g. International Barcode of Life: www.ibol.org), whole genomes (e.g. 
Insect and other Arthropod Genome Sequencing Initiative: 
arthropodgenomes.org/wiki/i5K), and transcriptomes (e.g. 1K Insect Transcriptome 
Evolution: www.1kite.org), and these initiatives cover a wide range of non-model 
organisms (Table 1). This growth of data increasingly provides the means to ask interesting 
and novel questions about freshwater organisms. An important outcome of the new 
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(Andrew et al., 2013). This allows researchers to focus more on ecological questions and 
less on designing studies based on technical limitations. Freshwater scientists have thus far 
mainly used molecular tools to address questions about population structure and 
evolutionary history, for taxonomic and systematics studies, and more recently for 
biomonitoring using “DNA barcodes” (e.g. Holzenthal et al., 2010; Gattolliat & Monaghan, 
2010). Nearly all of these studies have used neutral markers in surveys of genetic variation 
in populations or species (e.g. Hughes et al., 2009), with little direct integration into 
ecological experiments. As we describe below, the field of molecular ecology increasingly 
incorporates functional and non-neutral genetic markers in order to study genetic effects 
and adaptations. This development increasingly allows researchers to focus on a broader 
range of questions (Andrew et al., 2013). 
In their review, Andrew et al. (2013) largely focused on terrestrial species and 
ecosystems, with very few freshwater examples. A Web of Science (Thomson Reuters, 
2013) search using the keywords Topic=molecul* OR geneti* AND Topic=freshwater OR 
fresh water OR fresh-water resulted in 10032 records on February 12, 2014, with the total 
and relative number of published articles increasing continuously from 1980 to 2013 (Fig. 
1). This shows that the use of molecular data in freshwater research is steadily increasing. 
To further exploit the benefits of applying molecular tools, it is important to identify some 
of the emerging concepts and novel approaches in molecular ecology that will be of 
particular use to freshwater ecologists. At the same time, it is important to identify those 
areas in which freshwater research may contribute to the broader field of molecular ecology 
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Figure 1: Publications by year addressing genetics or applying molecular tools in 
fresh waters. Shown are absolute article record counts (bars = molecul* OR geneti* 
AND freshwater OR fresh water OR fresh-water) and the proportion of freshwater 
papers with molecular as a key word (open circles and line). 
 
Several characteristics of freshwater species and ecosystems make them interesting 
for ecological research that integrates molecular tools. Fresh waters cover only 1% of the 
Earth’s surface but are home to 6% of all insect species, the most evolutionarily successful 
and diverse group of animal life, and yet little is known about the processes that led to this 
remarkable diversification (Dijkstra et al., 2014). The ecology of many freshwater groups is 
relatively well studied, providing a good basis for hypothesis-driven research on the 
underlying mechanisms that generate and maintain freshwater diversity (Dijkstra et al., 
2014). The physical environment of fresh waters requires adaptations to breathing under 
water and to an energy base often composed substantially of allochthonous carbon inputs, 
because light for primary production is limited in deep or murky water and because of the 
extensive land-water interface in smaller freshwater bodies and river systems compared 
with the oceans. These specific conditions undoubtedly lead to specialized physiological 
and ecological processes that we can best reveal by studying freshwater systems on their 
own or in comparison with terrestrial systems. By integrating new molecular tools in 
different areas of research in freshwater science we can now: (i) characterize spatial 
patterns of freshwater biodiversity with greater spatial resolution in a broader range of taxa, 
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responses to environmental changes of freshwater organisms, (iii) assess the current and 
predict the future status of freshwater diversity for many more non-model species, and also 
at functional and neutral levels of intraspecific genetic diversity, and (iv) improve 
conservation strategies. We believe that some of the recent developments provide an 
opportunity for boosting our understanding of evolutionary and ecological processes in 
freshwater systems, particularly from studies that integrate experimental and molecular 
approaches. 
A main objective of this paper is to highlight the potential of molecular tools in 
supporting the study of some key topics in freshwater ecology. We identify eight concepts 
that span questions and applications in both basic and applied research. Several concepts 
apply simultaneously to basic and applied questions (the integration of experimental and 
molecular approaches, barcoding and metabarcoding); some are more applicable to basic 
research (gene expression, ecological genomics, comparative population structure, linking 
population genetics and community ecology, simulation); others have a distinctly applied 
focus (conservation genetics, invasive species; Fig. 2). Ours is not an exhaustive review 
and does not cover some other emerging or important topics in freshwater molecular 
ecology, such as microbial diversity (Pernthalter, 2013) or ecological diversification in fish 
(Santos & Salzburger, 2012). For the eight topics identified, we briefly summarize work 
that has been done and outline further developments related to molecular techniques which, 
in our opinion, may considerably enrich freshwater science. The authors’ experience and 
foci means that many of the examples are taken from stream ecology, but most of the 
concepts are applicable to any type of aquatic ecosystem. We present examples of both 
basic and applied research in an effort to address freshwater ecologists who have not 
worked with molecular tools. Our initial aims are to shed light on how some recent 
advances can be applied to freshwater ecological questions, and to stimulate discussions 
and interactions with molecular ecologists. The ultimate aims would be to devise strategies 
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Figure 2: Integrating molecular approaches in freshwater ecology. Shown is the position of the 
topics discussed in the article along the basic/applied research axis and at different levels of 
biological organization (from genes to communities). Overlap among ovals indicates interaction; 
arrows indicate methodological links between different topics. 
 
Eight topics for integrating molecular tools and ecology 
 
1. Gene-environment interactions 
One of the ways that organisms respond to short-term changes in their environment is by 
changing the level of expression of a given gene or genes in the cell (Lopez-Maury, 
Marguerat & Bähler, 2009). Changes in gene expression are determined from differences in 
the number of messenger RNA (mRNA) molecules for a given gene that are found in the 
tissue. Understanding how and when these changes occur is an important component of 
developmental biology and may improve our understanding of how environmental changes 
affect natural populations (Kultz, 2005; Travers et al., 2007; Hoffmann & Willi, 2008). 
When combined with an appropriate experimental setup (see topic 2), studies of gene 
expression can help distinguish those responses to environmental change that are an 
adaptation from those responses that are phenotypically plastic (see Haap & Köhler, 2009; 
Scoville & Pfrender, 2010; Latta et al., 2012). This latter point is particularly important 
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organisms. Most of our knowledge of freshwater invertebrates (e.g. Schmidt-Kloiber & 
Hering, 2012) is based on correlations of species occurrence and not on direct measures of 
tolerance or preference (Pauls et al., 2013). 
To date, most analyses of gene expression were based on changes in expression of 
one or more candidate genes that are believed to play a role in responses to environmental 
change. Changes in expression could reflect instantaneous response, acclimation over hours 
to months, or adaptation over generations (Schulte, 2004) (Table 1). Increased expression 
of genes involved in the synthesis of heat shock proteins (HSPs) is typically used as an 
indicator of environmental stress. HSPs are often more highly expressed (“up-regulated”) 
in aquatic organisms during times of environmental stress such as temperature extremes 
and exposure to toxins. A series of studies of thermal tolerance in alpine Chironomidae 
examined expression of the HSP70 gene in larvae under natural conditions (Lencioni, 
Boschini & Rebecchi, 2009) and under controlled stressed conditions (Bernabò et al., 2011; 
Lencioni et al., 2013). Using both short-term heat shocks and longer-term high-temperature 
exposures, the studies found pronounced interspecific and inter-seasonal variation in 
HSP70 expression and, in one of the species, a positive correlation with survival rate under 
short-term heat shock. These results shed light on the regulation of physiological responses 
to stress and provide new insights into possible responses of freshwater insects to global 
warming. 
The wider availability of genomics data is increasing the scope of expression 
studies, first by increasing the number of candidate loci and second by enabling scans of 
the entire transcriptome. Recent work on Daphnia pulex highlights both aspects of these 
advances. Daphnia pulex displays different phenotypes in varying environments, including 
morphological defense structures in the presence of predation threat (Krueger & Dodson, 
1981; Petrusek et al., 2009). Genetically identical clones can differ substantially in their 
response to environmental conditions and the mechanisms underlying this plasticity have 
puzzled ecologists and evolutionary biologists for decades (e.g. Via et al., 1995). 
Miyakawa et al. (2010) screened whole genomes available on public databases to identify 
31 candidate loci for a study of genes expressed during D. pulex development. By taking 
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different biosynthetic pathways that were more highly expressed during D. pulex 
development in the presence of predator cues. 
An even broader advance than increasing the number of candidate loci is the 
sequencing of all expressed genes using NGS, or sequencing of the transcriptome. 
Researchers can screen thousands of genes for increased (or decreased) expression under 
certain conditions and potentially identify new genes that are important. Signatures of 
adaptation and changes in expression from different regions of the genome were further 
investigated by sequencing the transcriptome of D. pulex (Colbourne et al., 2011). A large 
proportion of the genes that were differently expressed when Daphnia were exposed to 
different stressors were found in genomic regions for which there was no previous 
knowledge of gene identity and function (Colbourne et al., 2011; Latta et al., 2012). A 
major proportion of this “eco responsive genome” would therefore have gone unnoticed 
when relying on known candidate loci alone, even when studying multiple candidate loci. 
Another central finding was the great number of Daphnia-specific gene families that have 
emerged recently via recent gene duplication (Colbourne et al., 2011). These duplicated 
genes presumably play a central functional role by enabling a stronger and quicker 
production of gene products and may, in part explain the ecological and evolutionary 
success of Daphnia. 
The above studies and advances come under the general umbrella of ecological 
genomics. This field broadly seeks to link organismal short-term responses and long-term 
adaptation to environmental cues with genomic patterns (e.g. gene structure) and processes 
(e.g. transcriptional activity) by extending studies from model organisms to natural 
populations (Ungerer, Johnson & Herman, 2008). Ecological genomics can be broadly 
defined as the study of (1) interactions of many genes with the environment, (2) structural 
changes in the genome in the context of adaptation processes, or (3) genome wide-scans for 
ecologically-relevant genes without prior knowledge. Most of our current understanding of 
genome-environment interaction stems from laboratory model organisms (e.g. Danio spp., 
Drosophila spp., Caenorhabditis elegans). Many studies of these species give a poor 
representation of natural systems because of inbreeding depression in laboratory 
populations and experimental conditions that do not always reflect natural habitats (e.g. 
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(Gardner et al., 2011) is that organisms for genomic research can now be selected for their 
interesting ecology or evolutionary history and not only due to their suitability for 
laboratory studies. Recent whole-genome sequences for freshwater research include that of 
Daphnia pulex (Colbourne et al., 2011) and the three-spined stickleback Gasterosteus 
aculeatus (Jones et al., 2012). With such tools, freshwater ecologists will be able to identify 
the combinations and interactions of genes are involved in responses to environmental 
conditions, as well as those genes that enabled adaptation to the special habitat conditions 
in fresh waters, like osmotic regulation in fish and benthic invertebrates or changes in 
thermal acclimation for insects with aquatic larvae and terrestrial adults. Quantitative 
relationships between changes in an environmental parameter and gene expression can then 
focus on qPCR of selected candidate loci from the set of responsive genes (e.g., Murdoch et 
al., 2014). 
The increasing amount of genomic data available leads to new challenges, perhaps 
most importantly in the computational demands in analysis of large data sets (e.g. Carstens 
et al., 2012; Lemmon & Lemmon, 2012) and the assignment of biological function to 
sequence data, i.e. functional gene annotation (see Table 1). Most genes are assigned a 
function based on its similarity to another gene whose function is already described 
(usually in Drosophila melanogaster or Mus musculus); however, without validating the 
function of those genes experimentally, we may be inferring the wrong function. This is 
particularly true for the large amount of non-coding regulatory genome regions (e.g. Jones 
et al., 2012). Experimental approaches that bridge the gap between observed genomic 
patterns and functional verification are therefore of central importance (see topic 2). 
 
2. Integration of experimental and genetic approaches 
Molecular techniques can deliver valuable ecological and evolutionary information; 
however, most studies are inherently descriptive and understanding causalities is not 
always straightforward. This is likely to be a consequence of many molecular ecology 
studies in freshwater systems being based on surveying genetic data in space, and 
sometimes in time. For example, a large body of literature has resulted from DNA 
barcoding (see topic 7), phylogeographic (topic 3), and population genetic studies (topics 4, 
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diversity in space and time, but generally do not fully exploit the potential of molecular 
data to reveal underlying processes. One reason for this is that a large number of 
environmental and demographic factors affect the distribution of genetic diversity. 
Laboratory or field experiments can help researchers focus on a manageable set of 
parameters by which to explain observed patterns. 
For example, in a series of multi-generation experiments on the non-biting midge 
Chironomus riparius, genetic (microsatellite) diversity was analysed as a response variable 
to multiple environmental stressors (temperature and toxins). In one experiment, regional 
populations from Portugal to Germany were reared under different temperature conditions, 
revealing that growth rates were linked not only to thermal conditions but also to the 
genetic diversity of the populations (Nemec et al., 2013). Other experiments showed that 
neutral genetic diversity was reduced over generations under exposure to certain toxins 
(e.g., Nowak et al., 2009; Vogt et al., 2010) and that genetic diversity was most strongly 
when populations were exposed to a combination of low toxin concentrations and thermal 
stress than either stressor individually (Müller et al., 2012). In another experiment inbred 
and genetically diverse populations were assayed under different thermal conditions and 
showed that thermal stress led to reduced fitness in the females (reduced number of eggs 
per egg mass) of the inbred, but not in the genetically diverse populations (Nowak, 
unpublished data). Although this latter experiment did not directly assess the functional 
diversity related to fitness parameters, it linked a reduction in genetic diversity to negative 
fitness effects under stress conditions. 
Another example highlighting the importance and benefit of marrying molecular 
and experimental studies is the evolutionary ecology of invasion of the salt water copepod 
Eurytemora affinis into fresh water. Here the identification of distinct mitochondrial 
lineages (one invasive and one not) in the St. Lawrence River Seaway (Winkler, Doson & 
Lee, 2008) gave rise to a series of experiments aimed at shedding light on the mechanisms 
that allow some populations/lineages to invade freshwaters, but not others. An experiment 
showed that high food concentration may have allowed a saline ancestor to colonize fresh 
waters, upon which this invading lineage subsequently evolved an increased tolerance of 
low salinity, even where food was scarce (Lee et al., 2013). Common garden experiments 
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uptake and differential ATPase activity (Lee et al., 2011). In cases like this, the 
combination of molecular analyses with experimental approaches can substantially improve 
the scientific quality of a study by allowing firmer conclusions about the causes of the 
patterns found. 
 
3. Comparative population structure 
Studies of population genetics and phylogeography examine the spatial (and sometimes 
temporal) distribution of genetic variants (e.g. alleles or genotypes). These genes are 
neutral (i.e. not under selection) and their spatial patterns are used to address topics such as 
gene flow, evolutionary history and biogeography (e.g. Braaker & Heckel, 2009; Brändle et 
al., 2007; Smith, McVeagh & Collier, 2006; Kubow et al., 2010) or species’ dispersal (e.g. 
Engelhardt, Haase & Pauls, 2011; Hughes et al., 2011; Yaegashi et al., in press). While 
most studies have focused on one or a few species and one or a few genes, an emerging 
concept is the shift away from the study of single species to the study of many species 
simultaneously in a comparative framework to extract general patterns (Andrew et al., 
2013). This shift will be driven largely by NGS and greater data availability and 
applicability to non-model organisms, as well as analytical developments (see topic 5). 
Carefully selecting the taxa for a comparative population structure assessment can 
reveal the relative importance of particular species traits on species and population history 
(e.g. Heilveil & Berlocher, 2006; Hodges, Rowell & Keogh, 2007). For example, 
comparing species with differing ecological traits but similar present-day distributions can 
reveal the importance of these traits on the historical and present patterns of gene flow 
among populations (e.g. Lehrian, Pauls & Haase, 2009; Čiamporová-Zaťovičová & 
Čiampor, 2011; Alp et al., 2013). Alternatively, assessing the population genetic structure 
of co-distributed taxa with phylogeographic methods can reveal general biogeographic 
patterns for regional biotas. Hughes et al. (2011), for example, showed that three species of 
aquatic insects experienced a common population divergence event at the same time in the 
Canondale ranges of Australia, and that this event may have been triggered by Pleistocene 
climate dynamics. In contrast, Theissinger et al. (2011; 2013) showed that two European 
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experienced very different Pleistocene histories and that the post-glacial colonization of the 
Scandinavian populations originated in very different refugial areas. 
While there is a lot of potential in comparative population genetic and 
phylogeographic approaches, most studies to date reveal that patterns are generally species-
specific (Stewart et al., 2010), at least at the scale of comparisons that are usually used (< 
10 species). Generating much larger data sets for greater numbers of species will be 
important if we wish to reveal general or repeated patterns. Several studies have achieved 
this for aquatic insects (Isambert et al., 2011; Bergsten et al., 2012; Baselga et al., 2013), 
but most studies are based on a single locus (e.g., mitochondrial DNA) and are thereby 
limited in the conclusions that can be made (but see Monaghan et al., 2009). Multi-locus 
studies allow estimating evolutionary patterns of species, rather than single genes (e.g. 
Nichols et al., 2001), are less affected by clonal inheritance, and still allow assessing 
haplotype ratios to infer gene flow population genetic structure (Schultheis et al., 2014). 
They can thus provide more reliable insights about the processes underlying present-day 
population genetic structure (e.g. Elbrecht et al., 2014). With the current technological 
capabilities for identifying variable nuclear loci (e.g. Schultheis et al., 2014), and the 
development in multi-locus analyses (see topic 5) future work on comparative population 
structure should be based on multiple loci when possible. 
 
4. Linking population genetics and community ecology 
Freshwater ecology has a long history of describing spatial patterns of biodiversity of 
species or higher taxa (Allan & Castillo, 2010) and molecular tools have provided a great 
deal of information on genetic diversity (e.g. Bálint et al., 2011, 2012; Gustafson et al., 
2007) and population structure of freshwater species (e.g. Bunn & Hughes, 1997; 
Monaghan et al., 2002; Wilcock, Nichols & Hildrew, 2003). The study of genetic and 
species diversity in freshwaters has often been carried out separately, despite several 
conceptual and methodological similarities (Etienne & Olff, 2004; Hu, He & Hubbell, 
2006). Many of the research questions are analogous, quantifying spatial patterns of 
diversity in order to assess the effects of isolation, history and human impact. Recognition 
of these conceptual parallels has led to a variety of hypotheses that typically predict a 
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processes (Vellend, 2005; Finn & Poff, 2011; Papadoupoulo et al., 2011; Schultheis et al., 
2012, Murria et al., 2013). 
Stream habitats are spatially organized in a hierarchical, dendritic structure. They 
are subject to unidirectional gradients like slope and water flow, but otherwise very 
stochastic physical dynamics. Longitudinal patterns of genetic and community diversity 
might respond in a parallel manner (see Finn & Poff, 2011), and some recent studies have 
begun to bridge the gap between approaches at community and population-genetic levels to 
test this hypothesis. Sei et al. (2009) and Bonada et al. (2009) measured taxonomic 
diversity of a series of communities concurrently with genetic diversity of one or two 
common species from those communities. Sei et al. (2009) reported that geographical 
distance between habitats was related to genetic distances between fish (Gambusia nobilis) 
and amphipod (Gammarus spp.) populations, as well as to similarity of the 
macroinvertebrate communities. They concluded that spatial isolation was the determining 
factor at both genetic and species levels. Bonada et al. (2009) assessed community diversity 
patterns of Trichoptera and population-genetic patterns of a common species (Chimarra 
marginata) in the western Mediterranean basin. They found that community and 
population-genetic patterns (of C. marginata) were only related in smaller streams, and 
concluded that headwater communities were more likely to retain the historic population-
community relationship, with larger streams having become more homogenized across the 
western Mediterranean. It is becoming feasible not only to compare community 
assessments with genetic structure of single or few species, but also to assess the genetic 
structure of entire communities. For example, Murria et al. (2013) also found 
homogenization in mid-river reaches and greater distinction among headwater stretches by 
assessing the population genetic structure of the Hydropsyche assemblage in the eastern 
Iberian Peninsula. 
Although the fundamental units are analogous (taxa in communities and 
assemblages, alleles in populations), different approaches to quantifying their diversity 
make comparisons difficult. Genetic differences among populations are most often reported 
as a fixation index (FST) which quantifies the proportion of total genetic variation that 
results from differences among populations. In contrast, taxonomic differences among 
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Sørensen indices) that do not incorporate the contribution of within-site variation (Finn et 
al., 2011). Two recent studies applied fixation indices to both species and genetic turnover 
for a more direct comparison. Finn & Poff (2011) revealed significant sub-structure (FST) at 
both levels in high-alpine headwater streams, suggesting that physical isolation acts at both 
biological levels across a relatively small spatial extent. Evanno et al. (2009) showed that 
FST for freshwater gastropod assemblages and for populations of one common species both 
increased (i.e. were reduced in similarity) following a drought disturbance in a large French 
floodplain. The authors concluded that drought affected the structure of communities and 
populations similarly, through a combination of neutral and selective processes. Finn et al. 
(2011) compared diversity patterns at both community and population-genetic levels 
between “headwaters” (stream orders one-two) and “mid-order” reaches (orders three-four) 
within ecoregions. They found that headwaters were more highly structured (more different 
from one another) than mid-order streams at this spatial scale, both in terms of community 
and population-genetic diversity. Additionally, dissimilarity indices gave a stronger signal 
of these patterns than fixation, which led the authors to conclude that the traditional 
community-level dissimilarity analyses might be more appropriate than FST when strictly 
studying differentiation among sites with genetic diversity data. 
It is becoming evident that the fields of population genetics and community ecology 
for assessing the spatial distribution of biodiversity should probably not continue as 
independent lines of inquiry. The merging of these traditionally isolated fields has only just 
begun to shed light on the extent to which species and genetic diversity are influenced by 
similar processes in time and space (Bonada et al., 2009; Sei et al., 2009; Finn et al., 2011; 
Baselga et al., 2013). Now is a good time to pursue this. Previous population genetic 
studies were often limited to examining few molecular loci. With NGS technologies it is 
now possible to assess the diversity and distribution of 100s or 1000s of independent 
genetic loci. This represents a paradigm shift from the study of many individuals at a few 
loci to examining a few individuals for many loci (Andrew et al., 2013). As freshwaters 
face increasing pressure (e.g. Strayer & Dudgeon, 2010) it is critical that ecologists develop 
effective ways for understanding and predicting how habitat and environmental change will 
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5. Statistical simulation for assessing population structure 
Many processes in evolution and ecology are too complex to assess with manageable 
experiments or surveys. In such cases simulation-based modelling, i.e. the generation of 
simulated data sets, can offer an alternative approach of study. In population genetics, 
simulation-based modelling refers to the generation of simulated genetic datasets (i.e. 
genotypic data) under pre-defined evolutionary and/or demographic models, mainly for 
predictive or inferential purposes (Hoban, Bertorelle & Gaggiotti, 2012). Simulation-based 
modelling is increasingly important in population genetics and molecular ecology because 
it helps us isolate the role of individual processes in otherwise complex patterns of 
evolution (Balkenhol, Waits & Dezzani, 2009; Balkenhol & Landguth, 2011; Hoban, 
Bertorelle & Gaggiotti, 2012). In freshwater ecology, for example, simulation-based 
modelling can help us to understand and predict spatial genetic diversity patterns in 
complex ecosystems such as dendritic stream networks or isolated lakes. They are 
particularly valuable in a phylogeographic context (e.g. Depraz et al., 2008; 
Neuenschwander et al., 2008), but can also be used to assess current and historical extent of 
dispersal and explain landscape genetic patterns. 
For a given model, several simulated genetic datasets can easily be generated, by 
feeding the model with different parameter values for each simulation. To handle the 
analysis of such large numbers of simulations efficiently, powerful statistical tools such as 
approximate Bayesian computations (ABC; Beaumont, Zhang & Balding, 2002; see Table 
1) have been developed. ABC statistical procedures offer an efficient and reliable 
framework to freshwater ecologists for estimating several demographic parameters under 
complex models and thus inferring demographic histories of populations. Model 
probabilities, their parameter values as well as other model outcomes can then be compared 
and assessed, e.g. using model selection procedures (Johnson & Omland, 2004; Robinson 
et al., 2013). 
The most popular class of genetic data simulators are population-based programs 
that use the coalescent theory (Kingman, 1982; see Table 1) and user-specified models to 
generate genetic data (reviewed in Hoban et al., 2012). These programs allow the 
generation of different types of genetic data (e.g. SNP, DNA sequences and/or 
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integrated into the ABC framework via user-friendly software programs for statistical 
inference purposes (e.g. Cornuet et al., 2008; Lopes, Balding & Beaumont, 2009; 
Wegmann et al., 2010). In a recent example, Robinson et al., (2013) applied population-
based coalescent simulations in an ABC framework to assess the demographic history in a 
range-restricted and endangered fish species. Specifically, they tested the effect of an old 
dam on the genetic diversity of fish populations. Their analysis favoured a constant 
population size model, demonstrating that the construction of Great Falls Dam on the 
Caney Fork in Tennessee (USA) was not responsible for the reduced genetic diversity in 
the populations sampled, and suggesting that in some cases conservation efforts should 
prioritize the maintenance of habitat quality over improving connectivity. 
Many population-based coalescent simulators, although very flexible, do not 
consider the spatial complexity of the landscape in which the studied organism lives, and 
thus may be unsuited for answering specific questions about freshwater organisms, 
particularly in stream systems. To overcome this drawback, Neuenschwander (2006) 
developed a spatially-explicit program (AQUASPLATCHE) that simulates the genetic 
diversity of populations across semi-linear networks such as river systems. By using this 
program, Neuenschwander et al. (2008) successfully estimated several demographic 
parameters relative to the colonization process of the Swiss Rhine basin by the European 
bullhead Cottus gobio (e.g. migration rates, local effective sizes and the timing of range 
expansion). 
Individual-based forward simulators (see Table 1) constitute an important 
alternative to backward, population-based coalescent simulators, and can be very useful for 
freshwater ecologists, especially for predictive purposes. To give an example, Chaput-
Bardy et al., (2009) used individual-based simulations to examine the effect of river 
network characteristics (e.g. branching patterns) and dispersal modalities on the genetic 
differentiation of populations living in dendritic habitats in a virtual landscape. Their results 
can be used to develop and test hypotheses concerning dispersal in river systems using 
empirical data. Landguth et al., (2012) have developed CDFISH, a forward simulator that 
generates genotypes for individuals living in complex stream systems, allowing the 
modelling of gene flow on such ecosystems. As more realistic evolutionary models become 
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ecologists will gain access to a better set of tools to test different hypotheses on dispersal 
and connectivity in stream systems (Csillery et al., 2010; Hoban et al., 2012). This 
development bears the potential to greatly enhance population genetics (topic 3, 6), 
phylogeographic and also applied conservation genetics research (topic 8) in freshwater 
systems. 
 
6. Population genetics of invasive and managed species 
Translocations of species and their introduction to new environments are ongoing and their 
impacts present a major topic in biological conservation. Over the last two centuries, many 
species have been transferred beyond their native ranges. There is an increasing body of 
molecular ecological research that deals with the genetic aspects of introducing alien fish 
species and non-native populations (Blanchet, 2012). Using molecular approaches, 
freshwater ecologists can identify the area of origin of an invading species or stock and 
reconstruct their invasion routes (Thibault, Bernatchez & Dodson, 2009; Estoup & 
Guillemaud, 2010); estimate effective populations sizes (see Table 1) and levels of genetic 
differentiation of invading and native species (Valiente et al., 2010); assess ecological and 
evolutionary impacts of invaders and hybridization on the native populations (e.g. 
Costedoat et al., 2007; Nolte et al., 2005; Perrier et al., 2013); detect the presence of an 
invading species early through environmental DNA-based analysis (see Table 1) of water 
samples (Ficetola et al., 2008; Jerde et al., 2011). Molecular tools are thus allowing 
invasion biologists to understand more fully the mechanisms behind the invasion and 
establishment of neobiota, as well as how invasive species affect the genetics and evolution 
of the native biota. 
Assessing the impact of hybridization between farmed fish stocks and wild fish 
populations is an important endeavour in this field of research (e.g. Perrier et al., 2013). 
Using a microarray approach with 3557 genes, Roberge et al. (2006) showed that five to 
seven generations in an altered selection regime (farmed vs. wild) were sufficient to 
generate inheritable changes in gene-expression patterns, and also a reduction of genetic 
variability in Atlantic salmon populations. Mixing of farmed and wild populations could 
thus affect the genetic make-up of wild fish (Hindar et al., 2006) and have detrimental 
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populations were evaluated by Glover et al. (2012): despite high levels of mixing between 
farmed and wild populations, the historical population structure persists, but the 
populations have become genetically more homogenous over 40 years. The authors also 
find that impacts vary among populations, perhaps in relation to the original population 
density. 
Although the human-mediated mixing of various populations of fish species has 
been extensive for many decades, its impacts on intraspecific genetic structure had been 
overlooked for a long time (Kohout et al., 2012). Considering the substantial importance of 
supplemental stocking and supportive breeding for fisheries and the potential impacts on 
freshwater ecosystems, this topic should be studied more intensively. For commercially 
important fishes in particular, such as salmonids, carefully worked-out concepts for 
conserving particular species or local strains are necessary. 
 
7. Community ecology using DNA-metabarcoding 
Molecular methods are increasingly used to identify species in large and complex 
communities, and are rapidly becoming established norms in the study of freshwater 
biodiversity, habitat assessment and biomonitoring. These methods are replacing the 
routine morphological identification of 100s or 1000s of specimens, which is time-
intensive, potentially error-prone (e.g. Haase et al., 2006, 2010), and often provides 
identification only to genus or family (e.g., for larval benthic invertebrates). An exciting 
development in freshwater research is the use of these methods in more quantitative ways 
that can be applied to ecological questions beyond those of community composition. 
DNA barcoding can reduce costs, improve taxonomic resolution, and reduce human 
error in identification, but the benefits and caveats of DNA barcoding remain actively 
debated among taxonomists and applied stream ecologists (Pfrender et al., 2010; Baird & 
Sweeney, 2011; Sweeney et al., 2011; Pilgrim et al., 2011; DeWalt, 2011). Government 
agencies are actively pursuing the use of DNA barcoding to assess the health of streams 
and rivers (Hajibabaei et al., 2011; Stein et al., 2013) and important methodological 
research topics include sampling, preservation, data generation and bioinformatics pipelines 
(Pfrender et al., 2010). Despite several large-scale efforts, databases of vouchered, 
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fauna is well described, and DNA barcoding initiatives have been in place for over a 
decade. For example, the North American mayfly barcode database was recently tripled to 
account for ~350 mayfly species, i.e. about 50% of the known fauna in this group (Webb et 
al., 2012). Importantly, this includes most of the common species and these could therefore 
already be identified through biomonitoring using DNA barcodes (Webb et al., 2012). 
While growing databases that include more voucher species and their DNA 
barcodes would seemingly lead to more accurate matches, there may be an important effect 
of spatial scale on the accuracy of DNA barcoding. Bergsten et al. (2012) used DNA 
barcodes to identify species of water beetles (Dytiscidae) from localities spread over a wide 
geographical scale. DNA barcoding was accurate at discerning species within communities 
and at small geographical scales (10s km); however, accuracy decreased at larger scales, 
and the hypothesis was that larger sampling areas were more likely to contain the closest 
relative of any given species (as opposed to local communities, which did not). This means 
that sampling large areas can make the distinction between species less clear. It suggests 
that DNA barcoding may provide consistent identifications when a local community is 
being analysed, but may not be applicable to large-scale studies. 
Another breakthrough has been the use of environmental DNA (eDNA, see Table 1) 
methods to assess the DNA from organisms present in the aquatic environment either as 
dissolved DNA or in cellular debris. This eDNA has been used to detect freshwater 
mammals, insects, amphibians and fish from freshwater samples (Ficetola et al., 2008; 
Thomsen et al., 2012). It is necessary to ensure that the procedures developed and applied 
provide a good balance between cost-savings and taxonomic and ecological accuracy. This 
will only be achieved by an active collaboration between taxonomists, molecular biologists 
and applied stream ecologists (Holzenthal et al., 2010; DeWalt, 2011). 
DNA barcoding and eDNA increasingly use NGS methodologies to obtain more 
data, and to take advantage of the fact that NGS methods can often deal better with shorter 
DNA fragments typical of environmental or degraded DNA (Knapp & Hofreiter, 2010), 
than traditional Sanger-sequencing approaches. While more work is needed before the 
methods become established standards for detecting the presence and identity of species in 
a given water body or site, an exciting development is their use on addressing more 




Developments in freshwater molecular ecology 
(massively parallel sequencing, where many sequences can be obtained from a single PCR 
product, similarly to bacterial cloning) to provide quantitative data based on a relationship 
between organismal biomass and the number of sequences (e.g. Hajibabaei et al., 2012). 
Such quantitative assessments using DNA barcodes from environmental samples are 
difficult, because species are not necessarily amplified in proportion to their biomass or 
abundance; some may be overrepresented and some may be underrepresented or not 
amplified at all. This “PCR bias” can lead to qualitative and quantitative biases in the 
results. To avoid PCR, Zhou et al. (2013) combined a mitochondrial enrichment protocol 
(Tamura & Aotsuka 1988) with direct NGS sequencing to analyze a bulk sample of 
terrestrial arthropods. They were able to recover 97% of the taxa and found a reasonably 
high correlation between biomass and sequence counts per taxon. These studies suggest 
that quantitative assessments in environmental barcoding are on the rise. Gamboa et al. 
(2012) used a metabarcoding approach with cloning in order to identify the gut contents of 
an aquatic Hemipteran (Naucoris sp.) for an assessment of the role of this species in a West 
African aquatic food web. 
 
8. Conservation genetics 
Recent advances in population genetics theory, new developments in technological and 
analytical tools related to genetics, as well as dramatic reductions of their costs, are leading 
to new concepts and approaches in freshwater species conservation, freshwater restoration 
and management (Frankham, 2010; Geist, 2010, 2011). A main contribution of these 
developments addresses the scope and detail of molecular data that can be gathered and 
applied in freshwater systems. 
One outcome of all recent technological advances has been the striking reduction of 
both the time and the cost required for the development and characterization of classical 
markers used in conservation genetics such as microsatellites (e.g. Dubut et al., 2010; 
Malausa et al., 2011; O’Bryhim et al., 2013). As a result, it is now affordable to perform 
traditional conservation genetics analyses on many species or on communities/assemblages 
rather than on a single species (see topic 5). Since many threats to biodiversity, such as 
habitat fragmentation or climate change, do not affect different species in the same way, 
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becoming more frequent and important for defining correct management policies (Davies, 
Margules & Lawrence, 2000; Blanchet et al., 2010; Gomez-Uchida et al., 2013). In a recent 
example, Blanchet et al., (2010) used a multi-species comparative approach to reveal 
species-specific effects of anthropogenic river fragmentation by dams and weirs on the 
genetic structure of four freshwater fish species, and subsequently proposed priority 
management measures that target the most affected species.  
Beyond increasing the amount of data, new developments also allow exploitation of 
different sources of sampling material relevant to species conservation. For example, 
sequencing of low quality DNA has opened up new possibilities for integrating museum-
preserved specimens in conservation research. Bálint et al., (2012) compared mitochondrial 
sequences of extant populations of a once common mayfly with sequences from museum 
specimens from the former range, aiming to understand current patterns of genetic diversity 
of this species, now restricted to about 2% of its original area. The study identified the 
overlaps between historic and current genetic diversity of the species, and helped prioritize 
conservation activities. 
Analytical developments have also resulted in valuable new tools that make genetic 
analyses more amenable for freshwater restoration. For example, methods in landscape 
genetics have greatly improved the capacity for understanding how landscape elements 
affect the spatial genetic diversity of populations (Gaggiotti, 2010; Manel & Holderegger, 
2013). However, they are mostly used in terrestrial systems and are waiting to be adopted 
by more freshwater ecologists. For instance, novel Bayesian methods facilitate assessments 
of the relative effects of multiple geographical and environmental factors (e.g. connectivity, 
water temperature, altitude) on the genetic structure and/or recent migration of populations 
(Foll & Gaggiotti, 2006; Faubet & Gaggiotti 2008). Such tools are very valuable for 
determining potential threats to freshwater organisms at the river basin scale, and may 
enhance informed decision-making (e.g. Leclerc et al., 2008; Cook et al., 2011; Olsen et 
al., 2011). 
Newly developed Bayesian and likelihood-based analyses (see topic 6), have also 
benefitted demographic studies and offer new opportunities for conservation science, 
allowing for example detection of declining populations. For instance, the likelihood-based 
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effectively to detect, date and quantify the magnitude of demographic changes (e.g. 
bottlenecks) based on neutral genetic data (Chikhi et al., 2010; Girod et al., 2011; Paz-
Vinas et al., 2013a). Paz-Vinas et al. (2013b) used this method to reveal recent human-
related bottlenecks on several populations of the critically endangered freshwater fish 
Parachondrostoma toxostoma, and thus detect the high risk of extinction of these 
populations. Such inference methods should be used carefully, since they are generally 
based on simple demographic models (e.g. Wright-Fisher model) and deviations of real 
populations from these models may lead to misinterpretations or incorrect inferences (e.g. 
asymmetric gene flow in rivers; Paz-Vinas et al., 2013a). Moreover, important 
improvements were made concerning genetic-based estimation of census population size 
(Nc) and effective population size (Ne), allowing freshwater ecologists and wildlife 
managers to monitor threatened or invasive freshwater populations more efficiently 
(Luikart et al., 2010; Palstra & Fraser, 2012; Blanchet, 2012). The individual genetic 
tagging of teleost fish (allowing for facilitating Capture-Mark-Recapture approaches) has 
recently been validated and is a further development that that will strongly facilitate 
estimation of fish population sizes in freshwater habitats (Andreou et al., 2012). 
Freshwater conservation will also benefit from the increasing integration of genetic 
diversity data and spatial modelling of species distributions (e.g. Bálint et al., 2011; 
Taubmann et al., 2011; Paz-Vinas et al., 2013b). Assessing whether populations will 
remain geographically stable or estimating how they may migrate under changing 
environmental conditions (e.g. using species distribution modelling, SDM; Domisch et al., 
2013) should become important drivers for management decisions. Combining these data 
will permit the prioritization of populations and regions for conservation that have both a 
high probability of survival and ideally a higher evolutionary potential (Pauls et al., 2013; 
Pfenninger, Bálint & Pauls, 2012; Paz-Vinas et al., 2013b). 
It is important, however, to recall that current advances in conservation orientated 
research rely primarily on neutral genetic diversity. While this is valid and important for 
assessing populations’ size and demographics, future research on conservation should also 
focus on identifying and monitoring loci under selection. Tracking the fate of these loci 
under changing environmental conditions allows more direct assessments of species 
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Freshwater organisms have many special adaptations that fit them for the special 
environmental conditions of freshwater habitats. The integration of molecular tools into 
freshwater ecology allows scientists to identify, monitor, understand and ultimately protect 
freshwater biodiversity. But it also allows us to focus on the specific conditions and the 
adaptations explaining the persistence of freshwater organisms. This will generally widen 
our understanding of evolutionary and ecological processes in ways that would remain 
unknown, if molecular ecology focuses on terrestrial or marine systems. For example, the 
study of environment-phenotype-genotype interactions at the level of genomes and 
transcriptomes will enable us to discern the patterns shaping adaptations in freshwater 
species to environmental change, compared to terrestrial and marine organisms, as well as 
the different adaptations that allowed terrestrial and marine ancestors to invade fresh 
waters. A general shift toward comparative multi-species multi-locus approaches will 
provide us with a much better basis for assessing population genetic structure and 
community assembly in fresh waters and for comparing them to terrestrial or marine 
systems. The use of NGS technology in freshwater trophic ecology is only just beginning, 
but has the potential to further strengthen an already very strong field in stream ecology, 
and shed much light on the specific energy flow of freshwater systems. 
In trying to identify specific ecological and evolutionary processes in fresh waters, 
we think it is crucial to integrate molecular tools with other approaches, such as 
observation, laboratory and field experiments. The technological advances in molecular 
ecology, and in particular next generation sequencing, will make genetic data more readily 
available to specialist and non-specialist researchers alike, but analyses of increasingly 
large data sets will remain very complex. Thus, fusion of different perspectives appears to 
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ABC algorithms are simulation-based procedures that compare summary statistics (e.g. 
heterozygosity, allelic richness) calculated from a large number of simulated gene genealogies 
generated under a given model with those observed in empirical data for inferential purposes (see 
Csillery et al., 2010) 
Candidate loci Areas of the genome with known or inferred function and often hypothesized to be causal 
contributors to genetic variation in a quantitative trait (Hamilton, 2009) 
Census population size 
(NC): 
The number of individuals in a population; the head count size of a population (Hamilton, 2009) 
Coalescent A retrospective model of population genetics, where a group of lineages in the present is connected 
back through time to a single ancestor (MRCA= most recent common ancestor); the connection of 
lineages in the past is a coalescent event (Hamilton, 2009) 
DNA barcoding A technique for identifying species using a short DNA sequence from a standardized locus (e.g. 
COI in animals; Hebert et al., 2003). 
Effective population size 
(Ne) 
The number of breeding individuals in an idealized population that would show the same amount of 
dispersion of allele frequencies under random genetic drift or the same amount of inbreeding as the 
population under consideration (Wright,1938). Ne is usually lower than NC and is driven by 
successfully breeding individuals of a population. 
Environmental DNA A complex mixture of genomic DNA from different organisms that is extracted directly from 
environmental samples, e.g. water, and not from selected target organisms (Taberlet et al., 2012). 
Genome Annotation The process during which biological information on gene structure and function are added to 
specific genomic regions. This is done by comparing the similarity of the gene found to known 
genes with a known function or e.g. by relying on gene expression data under specific 
environmental conditions. 
Genomics In this paper we use “genomics” to refer to all genetic approaches that explicitly investigate the 
structure and function of the whole genome, not just individual loci. 
Individual-based forward 
simulators 
Algorithms that generate genetic data for simulated individuals in progressively forward-in-time 
generations. The genetic state at a generation T+1 is determined by: (i) the state at the generation T 
(i.e. the current generation) and (ii) by a succession of transition matrices that characterize the life 
cycle of individuals (e.g. birth, reproduction, migration, death; see Hoban, Bertorelle & Gaggiotti, 
2012). Better suited for predictive analyses. 
Next generation sequencing 
(NGS) 
High-throughput sequencing technologies that parallelize the sequencing process by spatially 
separating clonally amplified DNA templates or single DNA molecules; generally produce millions 
of sequences concurrently. 
Non-model organism Model organisms were chosen because they have simple life histories and are easy to rear in the 
laboratory. Model organisms have served as pioneers for genomics and most genomic resources 
were first developed for model organisms. Here we refer to species that live in wild, natural 




Algorithms that generate genetic data for populations backwards in time. Gene lineages are traced 
back in time to the most recent common ancestor. The coalescence of lineages is influenced by the 
characteristics of the model (e.g. historical events such as bottlenecks, migration rates). Better 
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